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SUMMARY: 
The accumulation kinetics of an important, highly effective, and persistent xeno-estrogen, 
17-ethinylestradiol (EE2), in the aquatic environment were investigated in indicator 
species representing the different trophic levels of an ecosystem: a primary producer 
(Desmodesmus suspicatus), a primary consumer of the water phase (Daphnia magna) 
and one of the sediment (Chironomus riparius), and a secondary consumer (Danio rerio). 
Algae highly concentrated 14C-EE2 (72 h Calgae/Cwater: 2200 L/kg ww) and transformed it 
into two more hydrophobic, but less estrogenic products: Br-EE2 and Br2-EE2, identified 
by GC-MS and high resolution LC-MS. Daphnids and chironomids showed lower bio-
concentration factors (BCFs of 50 and 580 L/kg ww). In extracts of both organisms, more 
hydrophilic conjugates of 14C-EE2 were detected by means of HPLC with radiodetector 
before and after enzymatic hydrolysis. This observed biotransformation process was in 
accordance with the fact that both invertebrates quickly eliminated incorporated 
radioactivity. Accumulation of radioactivity in daphnids was higher in the presence of 
algae, depending on the cell density and the consequent filtration and food processing 
rate. Daphnids additionally removed the test compound during moulting. The bioavailability 
of EE2 for chironomid larvae was strongly reduced in the presence of (standard OECD) 
sediment giving a biota sediment accumulation factor (BSAF) of 0.7. However, when a 
nutritionally valuable food source was available, dietary intake added to the overall 
accumulation (BSAF: 1.4). A BCF of 960 L/kg ww was calculated for male zebrafish. This 
value is higher than formerly reported in research concerning EE2 concentration in fish. 
Uptake of conjugated EE2 by male fish through a chironomid diet resulted in similar 
internal fish contents and blood vitellogenin levels as EE2 uptake via water, whereas fish 
exposed to contaminated daphnids showed little uptake. From these results, it could be 
proven for the first time that dietary applied EE2 glucuronide, synthesized by chironomids, 
can be reconverted to the parent compound in predator fish. EE2 sulphatide (produced in 
daphnids and chironomids) and EE2 glucoside (daphnids only) seemed recalcitrant to 
deconjugation in the fish. EE2-derived radioactivity was detected in all analyzed fish 
tissues including the brain and filet. This is the first study that shows passage of this 
estrogen by the blood-brain barrier and indicates risks of EE2 uptake for fish consuming 
human. EE2 (products) were principally and rapidly distributed to the alimentary system of 
male zebrafish independently of the uptake route. Biliary excretion was the main 
depuration route next to dermal release. The differences between the water and dietary 
treatment were quicker transfer of radioactivity to the liver and more gradual storage in the 
bile in case of EE2 exposure via water compared to after ingestion of metabolites via living 
prey. Dietary exposed animals eliminated faster after being transported to clear water. This 
could be explained by the fact that fish only produced the glucuronic acid conjugate of the 
test compound, i.e. the one product that is subjected to enterohepatic recirculation, 
slowing elimination down. Water exposed zebrafish were logically not confronted with the 
more recalcitrant invertebrate products (EE2 sulphatide & glucoside) that dietary exposed 
 
 
animals ingested. The results of the present study show that EE2 has the potential to be 
transferred via the food chain since it accumulates in biota from the basis of the web. 
Therefore, it is important to improve and extend monitoring programs including organisms 
of different trophic levels, sediments, and suspended material. Hence, sewage treatment 
plants should be improved to keep this substance from release in the environment. The 
result that algae highly take up the compound might thereby present a cheap and efficient 
alternative for water treatment in poor countries, which should be subject of further 
research. 
  
 
 
ZUSAMMENFASSUNG: 
Untersucht wurde die Anreicherungskinetik eines bedeutsamen, hoch wirksamen und 
persistenten  Östrogens, 17-Ethinylestradiol (EE2), in der aquatischen Umwelt anhand 
verschiedener Indikatororganismen, die die verschiedenen Ebenen der Nahrungskette 
repräsentieren: Desmodesmus suspicatus als Primärproduzent, Daphnia magna in der 
Wasserphase und Chironomus riparius im Sediment als Primarkonsumenten, und der 
Sekundärkonsument Danio rerio. Gezeigt wurde, dass Algen 14C-EE2 schnell aufnahmen 
(72 h CAlgen/CWasser: 2200 L/kg fg) und in zwei hydrophobere und weniger östrogenaktive 
Produkte umsetzten: Br-EE2 und Br2-EE2, identifiziert durch GC-MS und hoch auflösende 
LC-MS. Daphnien und Chironomiden zeigten ein geringeres Maß an Biokonzentration 
(Biokonzentrationsfaktor, BCF: 50 bzw. 580 L/kg fg). In beiden Organismen wurden 
hydrophilere Konjugate des 14C-EE2 mittels HPLC und Radiodetektor-Kopplung detektiert, 
vor und nach Spaltung mittels enzymatischer Hydrolyse. Die beobachtete Bio-
transformation stimmt somit mit der Tatsache überein, dass beide Invertebraten die 
aufgenommene Radioaktivität schnell wieder abgaben. Die Anreicherung der Radio-
aktivität in Daphnien war höher in der Gegenwart von Algen und war abhängig von der 
Zelldichte und der daraus resultierenden Filtrations- und Nahrungsaufnahme. Zusätzlich 
eliminierten die Daphnien die Testsubstanz während der Häutung. Die Bioverfügbarkeit 
des EE2 für Chironomidenlarven war stark reduziert in der Gegenwart von (Standard 
OECD) Sediment (Biota Sediment Akkumulationsfaktor, BSAF: 0.7). Stand jedoch eine 
hochwertige Nahrungsquelle zur Verfügung, zeigte sich eine höhere Anreicherung durch 
zusätzliche Aufnahme über die Nahrung (BSAF: 1.4). Ein BCF von 960 L/kg fg wurde für 
den männlichen Zebrafisch ermittelt. Dieser Wert ist höher als in der vorhandenen 
Literatur über die EE2-Anreicherung in Fischen. Die Aufnahme von konjugiertem EE2 
durch männliche Fische über Chironomiden führte im Vergleich zur Aufnahme von EE2 
über das Wasser zu ähnlich hoher Akkumulation und gleich hohen Blut-Vitellogenin 
Werten. Die Fütterung mit kontaminierten Daphnien führte jedoch zu keiner nennens-
werten Anreicherung in den Fischen. Die Ergebnisse zeigen erstmalig, dass durch die 
Chironomiden synthetisiertes EE2-Glukuronid nach der Nahrungsaufnahme in den 
Fischen wieder in EE2 umgewandelt wird. Das EE2-Sulfatid (erzeugt von Daphnien und 
Chironomiden) und das EE2-Glukosid (nur von Daphnien) erwiesen sich gegenüber der 
Dekonjugation resistent. Radioaktivität konnte in allen analysierten Fischgewebeproben 
detektiert werden, auch im Gehirn und Muskelfleisch. Der erste von beiden Befunden zeigt 
erstmalig dass das Östrogen die Blut-Hirn-Schranke passieren kann, und der zweite 
deutet auf Gefahren für Menschen, die Fisch konsumieren, hin. EE2 und dessen Bio-
transformationsprodukte verteilten sich größtenteils auf das Verdauungssystem des 
männlichen Fisches, unabhängig vom Aufnahmepfad. Die Entgiftung erfolgte haupt-
sächlich über Gallenexkretion und in geringerem Maße über die Haut des Fisches. Die 
einzigen Unterschiede zwischen der Aufnahme über das Wasser und der Nahrung zeigten 
sich in der schnelleren Verteilung der Radioaktivität in der Leber und einer langsameren, 
 
 
stetigeren Anreicherung in der Galle im Falle der EE2-Exposition über das Wasser im 
Vergleich zur Aufnahme von Metaboliten in der Beute. Die über die Nahrung exponierten 
Fische eliminierten die Substanzen schneller, als sie in unbelastetes Wasser überführt 
wurden. Dies kann damit erklärt werden, dass der Fisch selber nur das Glukuronsäure-
Konjugat der Testsubstanz produziert, welches das einzige Produkt ist, das entero-
hepatisch wieder in Umlauf gebracht wird. Fische, die lediglich über das Wasser mit EE2 
exponiert wurden, kamen natürlich in keinerlei Kontakt mit den Umwandlungsprodukten 
der Invertebraten (EE2-Sulphatid und -Glukosid). Die Ergebnisse der vorliegenden Studie 
zeigen, dass EE2 über die gesamte Nahrungskette von Primärproduzenten (Algen) bis zu 
sekundären Konsumenten (Fische) weiter gegeben wird. Es scheint notwendig, dass in 
künftigen EE2 Überwachungsprogrammen ("Monitoring") Organismen verschiedener 
trophischer Ebenen sowie Sediment und Schwebstoffe untersucht werden. Zudem 
betrachten wir es als wichtig, dass Kläranlagen so verbessert werden, dass östrogen 
hochwirksame Chemikalien auch nicht mehr in Spurenkonzentrationen freigesetzt werden. 
Der Befund, dass Algen EE2 effizient und in hohen Konzentrationen aufnehmen, stellt 
prinzipiell eine kostengünstige und effiziente Alternative zur Wasseraufbereitung in armen 
Ländern in Aussicht, die Gegenstand weiterer Forschung werden sollte. 
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1 General introduction 
1.1 Problem representation & objectives 
The present study deals with the fate of an important environmental xeno-estrogen, 17-
ethinylestradiol (EE2), in the aquatic environment and the associated effects on 
organisms. The widespread use of EE2 as the active agent of many contraceptive pills 
results in continuous release and distribution of this substance in natural waters (chapter 
1.2). Since the late nineties, EE2 was detected in surface water all over the world, mostly 
in the ng/L range (Table 1.1), but even at such low concentrations, it was shown to affect 
reproduction and development in wildlife by mimicking its natural analogue 17-estradiol 
(E2) (chapter 1.3). 
Due to its physical chemical properties, EE2 is highly resistant to degradation processes 
(chapter 1.2.1) and has the tendency to sorb to organic matter, to accumulate in sediments 
(chapter 1.2.2) and to concentrate in biota (chapter 1.2.3). This partitioning behaviour of 
EE2 might have a great influence on its bioavailability for organisms along the food chain. 
However, little research has been performed concerning the latter. There is a distinct lack 
of information on bioaccumulation of EE2 in general, but in particular for organisms at the 
basis of the food web. Accordingly, the possibility of EE2 transfer to higher trophic levels 
has not been investigated. Furthermore, data on the bioavailability of EE2 associated with 
solids are extremely scarce, although strong sorption of EE2 to suspended solids has 
been demonstrated and considerable concentrations have been widely detected in both 
riverine and marine sediments (chapter 1.2.2, Table 1.2). The role of sediments as a sink 
for EE2 indicates high exposure of benthic organisms, and therefore, potential risks to 
these organisms and the possibility of secondary poisoning of their predators should be 
investigated.  
Due to the shortage in knowledge on the environmental fate and behaviour of EE2, real 
exposure of target organisms and the overall risk associated with this substance are not 
adequately understood, although essential for the protection of ecosystems. The goal of 
the present research was to evaluate the distribution pattern of EE2 in the different 
compartments of aquatic systems that serve as a habitat for several organisms related to 
one another in a food chain. Indicator species representative for the different trophic levels 
were involved in this fate study. Green algae (Desmodesmus subspicatus) were used as 
primary producers. The water flea Daphnia magna and larvae of the midge Chironomus 
riparius were introduced as primary consumers of the water phase and the sediment, 
respectively. As a secondary consumer and target organism, zebrafish (Danio rerio) was 
selected. 
INTRODUCTION 
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Bioconcentration of EE2 in the different organisms was examined by exposing them via 
the water and determining uptake over time, possible transformation and subsequent 
elimination. Furthermore, possible toxic effects of the compound on the test species were 
investigated by means of acute and chronic tests. Afterwards, bioaccumulation and 
biomagnification were studied in a bottom-up approach. Starting at the basis of the food 
chain, it was hypothesized that algae highly accumulate EE2 from the water phase, 
although the few available experimental and predicted literature data contradict this 
assumption (chapter 1.2.3). The relevance of transfer of EE2, and possible products, from 
the algae to the secondary consumers was assessed. It was expected that this exposure 
route would be of great importance for the filter feeding crustacean Daphnia magna, and to 
verify this, both uptake via water and algae by daphnids were compared. As for the 
sediment-dwelling larvae of Chironomus riparius, exposure via the sediment was 
supposed to play a major role. The influence of the presence of sediment on the 
bioavailability of EE2 was examined by evaluating EE2 concentration in the larvae in a 
water-only system and uptake from a sediment-water system after both water and 
sediment spiking. Sediments of different composition regarding their alimentary quality 
were tested. In addition, the vertical distribution of the compound in the sediment and 
partitioning between the different sediment constituents (pore water, organic matter and 
inorganic material) were determined.  
At present, a lot of research has concentrated on the effects of EE2, and to a less extent 
on its distribution, after exposure of target organisms via the surrounding water or through 
injection, while the importance of uptake of EE2 via the food has often been neglected. 
Therefore, the distribution of EE2 in zebrafish tissues was investigated and balanced after 
both water and dietary exposure and a link was made to the effectiveness of these uptake 
routes to elicit induction of vitellogenin (VTG) in male fish. Thereby, both EE2 spiked 
daphnids and chironomid larvae were used as food sources in order to assess the 
importance of biomagnification in target organisms.  
 
 
In chapter 1.2 and 1.3, literature concerning the fate and effect of EE2 is summarized and 
gaps in the knowledge are addressed more closely. In chapter 0, the test setup of the 
different experiments and the methodology applied for chemical analyses and effect 
assessments are described in detail. Chapter 3 presents the results of bioconcentration, 
bioaccumulation, biomagnification, bioavailability, biotransformation, distribution, and effect 
experiments for the different test organisms. These results are interpreted and compared 
to adjacent research in chapter 4, and the implications for the aquatic environment are 
discussed. In chapter 0, the most important findings are recapitulated, general conclusions 
are drawn and future research recommendations are formulated. 
INTRODUCTION 
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1.2 Fate of EE2 in the aquatic environment 
EE2 is a synthetic estrogen used in combination with other steroid hormones in oral 
contraceptives, the contraceptive patch and the vaginal ring. Furthermore, it is used as a 
medicine in case of breast cancer, prostate cancer, hypogonadism, and menopause 
complaints. In agriculture, it is used to control ovulation and treat reproductive disorders in 
livestock (Ying et al., 2002). EE2 is released in the aquatic environment after incomplete 
removal in sewage treatment plants (STPs) and through runoff from agricultural land, used 
for breeding cattle, manured with livestock litter or digested sludge, or irrigated with STP 
effluent.  
The ability of wastewater treatment plants (WWTPs) to remove steroid estrogens and 
other endocrine disrupting compounds (EDCs) from influents is of major concern for the 
water quality of the effluent receiving river. Removal efficiencies of EE2 in conventional 
biological WWTPs are highly variable, ranging from 34 to 90% and resulting in effluent 
concentrations of <0.2 - 42 ng/L (Desbrow et al., 1998; Ternes et al., 1999b; Andersen et 
al., 2003; Cargouet et al., 2004; de Mes et al., 2005; Langston et al., 2005; Clouzot et al., 
2008). Prior to excretion in urine, estrogens are metabolized by human to biologically 
inactive, water soluble sulphate or glucuronide conjugates. In contrast, faeces mainly 
contain the parent compounds, as a large population of the bacterium Escherichia coli is 
present in the gut, which is able to deconjugate steroid metabolites due to its -
glucuronidase and sulphatase activity (Desbrow et al., 1998). EE2 conjugates could not be 
detected in WWTP effluents (Belfroid et al., 1999; Larsson et al., 1999), and thus, EE2 is 
only introduced to the environment in its active form after cleavage of these conjugates by 
microorganisms of the activated sludge (Ternes et al., 1999a).  
As was mentioned above, another source of EE2 in the aquatic environment might be 
runoff from agricultural land. This was recently demonstrated by Xu et al. (2009), who 
detected EE2 at concentrations of 17 to 55 ng/L in runoff from a potato field in southern 
California irrigated with treated wastewater, containing 48 ng EE2/L. This pathway of 
chemicals should not be neglected, as reuse of WWTP effluent is considered one of the 
key possibilities to reduce the demand of water supplies in arid regions. 
The reduction of EE2 concentrations downstream of the discharge will principally depend 
on dilution, degradation (chapter 1.2.1), bioaccumulation (chapter 1.2.3) and sorption to 
organic material and sediments (chapter 1.2.2).  
1.2.1 Occurrence and behaviour of EE2 in the water phase 
Measured environmental concentrations (MECs) of different monitoring studies are in the 
range of 0.2 to 35.6 ng EE2/L, with exception of the very high values reported by Kolpin et 
al. (2002) (Table 1.1). It should be mentioned that the frequency of measured 
concentrations at detectable levels is mostly low. For example, only 4 out of 16 (25%) 
surface water samples of the Netherlands (Belfroid et al., 1999) and only 16% of 139 US 
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stream samples (Kolpin et al., 2002) showed EE2 levels above the limit of detection 
(LOD). The median of the MECs lies below 2 ng/L in all studies (Table 1.1), and thus, very 
close to the LOD, independently of the analytical method. This implies that accurate 
determination of environmental EE2 concentrations is not satisfactory possible by 
nowadays methods for chemical analysis and that MECs are often unavailable for 
environmental risk assessment (ERA) of EE2.  
Table 1.1 Measured environmental concentrations (MECs) of 17-ethinylestradiol in 
water bodies of different countries  
Country MEC (ng/L) Water body Reference 
 median range   
The Netherlands <0.1* <0.1* – 4.3 4 rivers & 3 canals (Belfroid et al., 1999) 
  <0.1* & 2 sea canals (Belfroid et al., 1999) 
USA 0.13 <0.05* – 0.52 lake (Snyder et al., 1999) 
 <5.0* <5.0* – 831.0 139 stream sites (Kolpin et al., 2002) 
Germany 0.4 <0.1* – 5.1 4 rivers & 3 creeks (Kuch and Ballschmiter, 2001) 
France 1.5 1.1 – 2.9 7 rivers (Cargouet et al., 2004) 
Israel 1.6 0.9 – 3.3 lake & river (Barel-Cohen et al., 2006) 
 1.8 0.2 – >40.0 river stretch (Barel-Cohen et al., 2006) 
Italy 2.3 <0.8* – 34.0 coastal lagoon (Pojana et al., 2007) 
 0.04 <0.03**– 0.04 river (Baronti et al., 2000) 
Australia 0.22 <0.05**– 0.52 4 rivers & 1 creek (Ying et al., 2009) 
China / <0.1* – 35.6 3 rivers (Lei et al., 2009) 
*Limit of detection; **Limit of quantification; /: not extractable from the reference 
In ERA, a predicted no effect concentration (PNEC) is compared to either the MEC of a 
water body of concern or to the predicted environmental concentration (PEC) that can be 
calculated by different models. If the PEC or MEC is higher than or equal to the PNEC, an 
unacceptable risk for the environment is indicated. Exposure models have been proposed 
by the European Agency for the Evaluation of Medicinal Products (EMEA) and the 
Technical Guidance Document (TGD) on Risk Assessment for New Notified and Existing 
Chemical Substances and base on the use and properties (e.g. its biodegradability and 
sorption ability) of a chemical. Using these models, PECs of 0.13 (EMEA) and 0.77 ng 
EE2/L (TGD) were estimated for Germany (Liebig et al., 2006). These PECs are in good 
agreement with the MEC of 0.4 ng/L reported for Germany, but are not completely 
protective as concentrations up to 5.1 ng/L were measured (Table 1.1). Only recently, a 
PNEC of 0.35 ng EE2/L in surface waters was derived from a species sensitivity 
distribution, constructed using no observed effect concentrations (NOECs) of several 
published studies (Caldwell et al., 2008). Dividing the worst case PEC of Liebig et al. 
(2006), i.e. 0.77 ng/L, by this PNEC, a risk quotient of 2.2 is obtained. Moreover, all 
monitoring surveys of Table 1.1, except for one, involved sites where the aquatic 
environment is at risk due to the presence of EE2. 
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Once released to the environment, EE2 appears to be quite recalcitrant to transformation 
processes like bio- and chemical degradation. A half-life of 17 days was determined for 
EE2 in laboratory experiments using water from the Thames river (UK), whereas E2 had a 
half-life of only 1 day under the same aerobic conditions. It was shown that E2 was 
converted to estrone (E1) by heterotrophic microorganisms, as it remained stable in 
sterilized water (Jurgens et al., 2002). EE2 was degraded slowly in aquifer material under 
aerobic conditions with an estimated half-life of 81 days, while 50% of E2 was already 
degraded after 2 days (Ying et al., 2003). The higher resistance of EE2 to biodegradation 
has also been described for activated sludge (Ternes et al., 1999a) and seawater 
(Robinson and Hellou, 2009). Especially during summer, photodegradation might 
contribute to the removal of EE2 from river water. However, a relatively long half-life of at 
least 10 days could be estimated from photolysis experiments (Jurgens et al., 2002). 
Due to its resistance to (bio)degradation and depending on the possibility for sorption on 
suspended solids and sediments (chapter 1.2.2), EE2 can be transported over 
considerable distances from a source of pollution. This was demonstrated by Barel-Cohen 
et al. (2006), who found EE2 in substantial amounts along a 100 km stretch of a tributary 
of Jordan river (Table 1.1). Furthermore, it could also be detected in marine waters of 
heavily polluted areas in spite of the fact that these systems are subjected to high dilution 
(Pojana et al., 2007). Reports from surveys, in which various substances were monitored 
at the same site, show that EE2 largely contributes to the estrogenicity of both rivers (34-
49%) (Cargouet et al., 2004) and marine waters (42-56%) (Pojana et al., 2004; Pojana et 
al., 2007). Considering its persistency and very high endocrine disrupting potency (chapter 
1.3), it is obvious that EE2 forms a severe threat for the aquatic environment, even when it 
is only present at trace concentrations.  
1.2.2 Sorption of EE2 to solid phases 
Sorption to organic matter and sediments is expected to be a significant factor in reducing 
the fraction of freely dissolved steroid estrogens in the aqueous phase. A measure for the 
tendency of a chemical to sorb (adsorb and absorb) to solid phases is the solid-water 
partition coefficient Kd (L/kg): 
ococ
w
s
d f * K   C
C
   K   
where Cs and Cw are the concentrations of the compound in the solid (mol/kg) and the 
water (mol/L) phase, respectively, at equilibrium; Koc is the solid-water partition coefficient 
normalized for the organic carbon content of the solid (L/kg); foc is the organic carbon 
content of the solid phase (kg/kg). Several researchers have observed strong correlations 
between the Koc and the octanol-water partition coefficient (Kow) that is an indicator for a 
compound’s hydrophobicity, and thus, its tendency to sorb to organic matrices. EE2 is a 
moderately hydrophobic compound with a Log Kow of 4.15 (Lai et al., 2000), and therefore, 
hydrophobic partitioning might contribute to the transport behaviour or EE2. Its low water 
solubility and low vapour pressure (Table 2.1), combined with its hydrophobic character, 
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indicate that the affinity of EE2 for the solid phase is likely to be relatively high (Langston 
et al., 2005). 
Organic matter in the water phase can be dissolved or colloidal in nature. Yamamoto et al. 
(2003) investigated the sorption mechanism of EE2 and some other EDCs for a wide 
variety of dissolved organic matter (DOM). Log Koc values of EE2 were in the range of 3.0 
and 5.2. The Koc of the different EDCs were independent of the Kow, indicating that 
hydrophobic interaction was not the predominant sorption mechanism. Instead, the affinity 
between phenolic groups of the steroid estrogens and DOM, i.e. between -electrons and 
hydrogen bonds, was suggested to largely contribute to the overall sorption (Yamamoto et 
al., 2003). These interactions were also found to drive the partitioning of EE2 between the 
dissolved phase (freely dissolved and bound to DOM) and colloidal material from diverse 
origins (Holbrook et al., 2004; Zhou et al., 2007). The Log Koc of EE2 for sorption to 
riverine and marine colloids were 4.7 and 5.5, respectively (Zhou et al., 2007). Due to this 
high affinity and the high abundance of colloids in rivers and oceans, a substantial portion 
of EE2 might be associated with colloidal material in aquatic systems. In a recent field 
study of the river Ouse, UK, between 20 and 29% of EE2 present in the water phase, was 
estimated to be associated with aquatic colloids (Zhou et al., 2007). Although sorption to 
DOM and/or colloids might have a great influence on the transport and fate of EE2, this 
fraction is not differentiated from the freely dissolved phase in monitoring studies and 
many other investigations. Moreover, there is no information on the consequences of 
these sorption processes for the bioavailability of EE2. Mostly, only freely dissolved 
chemicals are referred to as available to organisms, but a lot of exceptions are described 
as well (Haitzer et al., 1998).     
The potential for steroid estrogens to sorb to riverbed and marine sediments has first been 
demonstrated by Lai et al. (2000) and Holthaus et al. (2002). In contrast to the interaction 
with DOM and colloids, the partitioning of EDCs to sediments seems to be predictable 
from the Kow, and thus, from the hydrophobicity of the compound (Lai et al., 2000; Lei et 
al., 2009; Robinson et al., 2009). Consequently, EE2 showed more affinity to the tested 
sediments than the natural estrogens in all studies. For example, sorption distribution 
coefficients (Kd values) were a factor of 1.6 to 3.1 higher than the ones calculated for E2, 
with values between 8 - 121 for riverbed sediments and 19 - 260 L/kg for suspended 
sediments (Holthaus et al., 2002). Reported Log Koc values for sorption of EE2 to 
freshwater sediments range from 3.2 to 4.0, which indicates moderate sorption of the 
compound (Holthaus et al., 2002; Yu et al., 2004).  
In most studies, a clear positive correlation between the Kd and the sediment organic 
carbon content was observed (Lai et al., 2000; Lei et al., 2009; Robinson et al., 2009). 
Others show that EE2 is more significantly attracted to particularly fine bed sediments than 
to those with a high organic carbon content (Holthaus et al., 2002). In general, EE2 is 
expected to become rapidly sorbed, on contact, to suspended solids. Sediments 
containing particles of smaller size and higher organic carbon content will have greater 
adsorption efficiency. In addition, EE2 is more likely to be deposited with sediments in 
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saline waters, e.g. in the estuarine or marine environment, than in freshwaters, due to 
aggregation and flocculation in higher ionic strength media (Lai et al., 2000).  
A complex mixture of organic pollutants is often present in contaminated aquatic systems. 
Competition of EE2 and coexisting organic pollutants for sorption to sediments was shown 
to be related to the hydrophobicity of the different compounds. EE2 suppressed sorption of 
compounds with a lower Kow, like naphthalene, and was outcompeted for available binding 
sites by substances with a higher Kow, like phenanthrene and the superhydrophobic 
compound estradiol valerate (Lai et al., 2000; Yu and Huang, 2005). 
EE2 appears to be persistent in anoxic sediments due to its resistance to (bio)degradation, 
as was shown in anaerobic riverbed sediments (Jurgens et al., 2002), aquifer material 
(Ying et al., 2003; Sarmah and Northcott, 2008) and marine sediments (Ying and 
Kookana, 2003; Braga et al., 2005). This could mean that sediments are a major sink of 
estrogenic contaminants, as was suggested by Peck et al. (2004), who reported high 
estrogenic activity in sediments compared to surface water in two rivers in the United 
Kingdom. This suggestion is confirmed by studies that monitored data for sediments 
(Table 1.2) and surface water (Table 1.1) in the same time. Concentrations in sediments 
are generally in the µg/kg range, while EE2 levels in surface waters are in the ng/L range, 
which is 1000 times lower (Pojana et al., 2007; Lei et al., 2009). Consequently, benthic 
organisms may be exposed to much higher concentrations than free-swimming fauna. 
However, data on the bioavailability of sediment-associated EE2 is extremely scarce. 
Table 1.2 Measured environmental concentrations (MEC) of 17-ethinylestradiol in 
sediments of different countries 
Country MEC (µg/kg dry mass) Origin of Reference 
 median range the sediments  
Spain / <0.5* – 22.8 river (Lopez de Alda and Barcelo, 
2001) 
Germany / <0.4** – 0.9 8 rivers (Ternes et al., 2002) 
UK 2.0 <0.4* – 12.0 2 rivers (Liu et al., 2004) 
Australia / <0.05**– 0.50 ocean outfall (Braga et al., 2005) 
Italy <2.0* <2.0* – 41.0 coastal lagoon (Pojana et al., 2007) 
South Korea 2.9 <1.0* – 10.3 river (Duong et al., 2009) 
China <1.3* <1.3* – 2.2 bay (Zhang et al., 2009) 
 / <0.1* – 9.3 3 rivers (Lei et al., 2009) 
*Limit of detection; **Limit of quantification; /: not extractable from the reference 
As mentioned above for the water phase (chapter 1.2.1), the presence of EE2 was shown 
to largely determine the estrogenicity of sediments as well. Duong et al. (2009) estimated 
the relative contribution of EE2 to the estrogenicity of sediments from Yeongsan river and 
its tributaries in South Korea to up to 29%, while up to 56% was due to EE2 in marine 
sediments of the Venice lagoon in Italy (Pojana et al., 2007). In the latter survey, the 
concentrations of nine EDCs, amongst others E1, E2, EE2, bisphenol A (BPA), 
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nonylphenol (NP) and diethylstilbestrol (DES) were measured in water, sediment and 
biota. Most of the compounds were detected in water and sediment samples, but DES and 
EE2 accounted mostly for the sediment estradiol equivalent concentration (EEQ) and E2 
and EE2 for the water EEQ. Moreover, from all compounds, only EE2 and NP were 
detected in mussel samples (Pojana et al., 2007). This is the only field study that 
investigated and demonstrated the distribution of EE2 to different environmental 
compartments, including organisms. Especially for this EDC, due to its ubiquitous 
presence and high bioactivity, the bioavailability to organisms of all compartments and 
along the food chain should be investigated (chapter 1.2.3).  
1.2.3 Bioaccumulation of EE2 
Bioaccumulation is the net result of uptake, elimination and metabolism. It is defined as the 
process which causes a higher concentration of a chemical in an organism compared to 
that in its surrounding environment, due to uptake by all possible exposure routes: dietary 
absorption, transport across respiratory surfaces and dermal absorption. If the uptake is 
restricted to respiration and absorption through the skin, as usually in laboratory 
experiments, bioaccumulation is referred to as bioconcentration. Bioaccumulation is thus a 
combination of bioconcentration and food uptake. Biomagnification is the case of 
bioaccumulation where the concentration in the organism exceeds that in its food due to 
dietary uptake (Mackay and Fraser, 2000).  
The bioaccumulation potential of different chemicals in one organism or of one chemical in 
different organisms is compared after calculation of bioaccumulation factors (BAFs) or 
bioconcentration factors (BCFs). In order to assess the importance of food chain transfer, 
the biomagnification factor (BMF) of organisms of different trophic levels is determined in 
the present work. These factors can be calculated as follows: 
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where CB, CW and CA are the concentrations of a chemical at equilibrium in the organism, 
the water and the organism’s diet, respectively. Some authors prefer calculation of BCFs 
and BAFs with the concentration of freely dissolved chemical in the water (CWD) instead of 
the total water concentration (CW), as they assume that this is the bioavailable fraction of 
the chemical (Mackay and Fraser, 2000). This is not proven for EE2. On the contrary, EE2 
was shown to highly associate with particles of the water phase (chapter 1.2.2) that might 
serve as a food source for organisms. The bioavailability of particle- and DOM-related EE2 
is thus still to be investigated, and therefore, the total water concentration of the chemical 
is applied here in the BAF equation. Care should be taken when comparing 
bioaccumulation data from different sources, as the units used to express CB might vary, 
according to whether the organism’s dry weight (dw), wet weight (ww) or weight 
normalized for the lipid content was determined.  
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Considering the enormous data set available on the effects of EE2, especially on fish 
(chapter 1.3.1), surprisingly little research is performed on bioaccumulation of EE2. Only 
Länge et al. (2001) calculated BCFs for fish that amounted to 610 and 660 L/kg ww after 
exposure of fathead minnow to 16 and 64 ng EE2/L for 158 and 245 days, respectively. 
Since these concentrations induced toxic effects in the fish, and considering that BCFs 
should not be derived from moribund animals, these values should be taken with caution. 
The concentration in fish that were not affected due to exposure to lower EE2 levels could 
not be determined analytically. Using the LOD, it was estimated that the BCF in healthy 
fish would be below 500 L/kg (Lange et al., 2001). A little more information is available in 
the sense of concentration of EE2 in different organs of fish. Larsson et al. (1999) found 
EE2 levels in -glucuronidase treated bile samples of juvenile rainbow trout up to 106 
times higher than water levels after exposing them for several weeks in cages downstream 
a STP. It has been repeatedly reported that only a small fraction of EE2 in the bile of fish is 
unconjugated (Schultz et al., 2001; Gibson et al., 2005b; Labadie and Budzinski, 2006; 
Skillman et al., 2006). Concentrations of the parent compound in plasma, bile and liver of 
male trout reached 720-fold the levels of the medium during exposure for 61 days, with an 
apparent equilibrium in plasma and liver after 16 h already (Skillman et al., 2006). In the 
latter study, the levels of conjugated EE2 in the bile were about 20*103 times the water 
EE2 concentration. Double biliary and about half the plasma concentration values were 
found for turbot (Labadie and Budzinski, 2006). Only one very recent report presents 
measurements of EE2 in whole wild fish (Al-Ansari et al., 2010). Concentrations of about 
1.5 ng/g fish ww were determined in shorthead redhorse suckers collected near a WWTP 
in St. Clair River, Canada. Regrettably, the water EE2 content was not evaluated.  
Phytoplankton is the most abundant source of organic material in the water column of 
many systems and plays a major role in the accumulation of persistent hydrophobic 
organic compounds, which has been suggested to be the first step of biomagnification in 
the food chain (Swackhamer and Skoglund, 1993; Sijm et al., 1998). However, only two 
studies are available, which investigated bioconcentration of EE2 at this level of the trophic 
web (Lai et al., 2002a; Liu et al., 2010). In the first one, EE2 uptake by the green alga 
Chlorella vulgaris could not be quantified (Lai et al., 2002a), and in the second, the algal 
concentration was only measured at one time point (Liu et al., 2010). As algal uptake of 
substances with similar hydrophobicity has been frequently reported (Tang et al., 1998; 
Coogan et al., 2007; Correa-Reyes et al., 2007), it is obvious that more research is 
required, firstly to profoundly examine EE2 accumulation in algae and secondly to assess 
the possibility of secondary poisoning of their consumers.  
Concentrations up to 38 µg EE2/kg dw were detected in Mediterranean mussels, Mytilus 
galloprovincialis, of the venice lagoon. Divided by the water MEC, a mean BAF of 1400 
L/kg ww was obtained (Pojana et al., 2007), being the only value available in the literature 
for invertebrates of the water phase. The potential of EE2 to bioaccumulate in benthic 
invertebrates was demonstrated by Liebig et al. (2005) and only recently by Dussault et al. 
(2009). After exposure of the endobenthic oligochaete Lumbriculus variegatus to EE2-
spiked sediment for 35 days, the ratio between the measured concentrations in worms 
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(CB) and sediment (CS) amounted to 254 (kg dw/kg dw). By regression analysis of the data 
and extrapolation to steady state, a biota-sediment accumulation factor (BSAF: CB/CS at 
equilibrium) of 646 on dw and 124 on ww was calculated (Liebig et al., 2005). Measured 
BSAFs were a lot lower for endobenthic larvae of the midge Chironomus tentans and the 
facultative benthic crustacean Hyalella azteca, with values of 0.8 and 0.3 dw/dw, 
respectively (Dussault et al., 2009). It can be expected that sediment ingesting organisms, 
like L. variegatus, will accumulate more EE2 compared to detritus feeding organisms, like 
C. tentans. However, the BSAF derived from Liebig et al. (2005) is based on measurement 
of the total radioactivity in both sediment and organisms, and hence possible metabolites 
are included, whereas the analytical method of Dussault et al. (2009) was EE2 selective. 
Measured BAFs for C. tentans and H. azteca after 21 days of water-only exposure (with 
daily feeding) were in the range of 18 to 215 and 34 to 142 L/kg dw, respectively, 
depending on the EE2 concentration (Dussault et al., 2009). It cannot be derived from this 
study, whether steady state was reached, as the uptake of EE2 was not evaluated over 
time. No further information is available about accumulation of EE2 in invertebrates, but all 
studies mentioned above suggest that this fauna could provide an additional source of 
EE2 exposure to predators. Nevertheless, transfer of this contaminant to higher organisms 
via the food chain is not investigated till now.  
In the absence of substantial biomagnification data for steroid estrogens, Lai et al. (2002b) 
have attempted to predict BAFs and body burdens for a range of different river organisms 
using a food-web model. The model output showed that bioaccumulation would occur in all 
trophic levels (Fig. 1.1).  
 
Fig. 1.1 Predicted bioaccumulation factors (BAFs) of 17-ethinylestradiol for classes of 
organisms from different trophic levels, calculated with a food web model 
(adapted from Lai et al., 2002b)  
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Varying the model parameters, the BAFs were shown to be sensitive to the metabolic 
rates of the estrogens in the free living organisms, while the concentration of estrogens in 
sediment was a significant factor in determining these values for benthic invertebrates (Lai 
et al., 2002b). Therefore, it should be mentioned that the selected sediment concentration 
entering the model was low, i.e. 0.003 µg/kg, in contrast to the MECs of Table 1.2. 
Comparing the predicted BAFs with the observational values from the surveys mentioned 
above, the BAF for mussels would be severely underestimated (measured: 1400 vs 
predicted: 186 for Invertebrate 1, Fig. 1.1), whereas the BAFs of sediment ingesting 
invertebrates like L. variegatus are well predicted (measured: 124 vs predicted: 95 for 
Invertebrate 2, Fig. 1.1). Biomagnification seemed to contribute little to the overall 
bioaccumulation of estrogens, except for fish exposed to EE2 (Lai et al., 2002b).  
As the use of inaccurate input will result in large errors, such models can only be viewed 
as a first approximation. Additional information, like realistic measurements of sediment 
bioavailability, and metabolic and elimination rates, is still required to further develop the 
model and to improve predictions. Moreover, bioaccumulation is species specific and 
dependent on a range of factors such as sex, age, developmental stage and 
environmental conditions, which are not taken into account. However, much simpler 
models to predict the BCF are in use. Most of them base solely on the Kow and are 
generally expressed as Log BCF = a * Log Kow – b, where a and b are empirically 
determined constants (Table 1.3). Applying this approach, all predicted BCF are higher 
than the BAF from the food web model (Fig. 1.1) and seem to fit to the experimental 
values for mussels (Pojana et al., 2007: 1400 compared to the 2nd non-species specific 
equation: 1500; Table 1.3) and fish (Lange et al., 2001: 610 & 660 compared to 661; Table 
1.3). 
Table 1.3 Calculation of the bioconcentration factor (BCF) of 17-ethinylestradiol (EE2) 
for classes of different organisms by means of equations from the literature 
that base on the hydrophobicity of chemicals (Kow) (Lai et al., 2002b) 
Class of organisms Equation Log BCF (EE2) BCF (EE2) 
Non-species specific  Log BCF = 0.79 * Log Kow – 0.40  2.88 1759 
 Log BCF = 0.86 * Log Kow – 0.39  3.18 1514 
Fish Log BCF = 0.85 * Log Kow – 0.70  2.82 1661 
Algae Log BCF = 0.86 * Log Kow – 0.81  2.76 1575 
Daphnids Log BCF = 0.90 * Log Kow – 1.32  2.42 1263 
Log Kow (EE2) = 4.15 (Lai et al., 2000) 
As was discussed in chapters 1.2.1 and 1.2.2, EE2 appears very persistent to degradation 
by microorganisms in the aquatic environment. However, the majority of research on 
biodegradation of EE2 and other EDCs has focused on bacterial degradation during 
sewage treatment (Cajthaml et al., 2009). Very few studies have concentrated on EE2 
transformation by organisms in environmental media. Only one publication is available 
demonstrating biotransformation of EE2 by algae. From 11 microalgae strains, 4 were able 
to transform the substrate by regio- and stereo-selective hydroxylation and/or 
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glucosylation, i.e. Selenastrum capricornutum, Scenedesmus quadricauda, Scenedesmus 
vacuolatus and Ankistrodesmus braunii (Della Greca et al., 2008). In the experiment of Lai 
et al. (2002a), EE2 was persistent in cultures of Chlorella vulgaris, whereas estradiol 
valerate was hydrolyzed to E2 and further to E1. With the exception of data from Liebig et 
al. (2005), who showed that only 6% of the radioactivity incorporated in the worm L. 
variegatus was EE2 and 78% was recovered as EE2 after treatment with -glucuronidase, 
the degree of biotransformation in invertebrates is not investigated. This should be 
addressed in order to gain knowledge about excretion of adsorbed EE2, its conjugates and 
possible unknown products to the water phase. Additionally, it should be examined 
whether the inactive, hydrophilic conjugates of EE2, detected in L. variegatus (Liebig et al., 
2005) and fish bile (amongst others: Schultz et al., 2001), present a risk for toxic effects to 
predators. It is possible that EE2 is not distributed to target organs in an active form after 
consumption of such product containing diet. However, ingested conjugates are maybe 
reconverted to the parent compound in the body of the predator.  
The bioavailable and bioactive fraction of a chemical that reaches the sites for toxic action 
of target organisms and initiates adverse effects is influenced by toxicokinetic processes, 
i.e. uptake via different exposure routes, internal distribution, metabolism and elimination 
(Meador et al., 2008). Possible uptake routes for fish, which are introduced as a target 
organism in the present study, are the gills, the gut lumen, and especially for small fish 
with a large surface to volume ratio, the skin. Most research dealing with the effects of EE2 
to aquatic organisms is performed by exposure via water, whereby branchial respiration is 
considered the main chemical intake process. The counter-current mechanism in fish gills 
provides a potentially efficient transport route for the uptake of chemicals from water into 
the bloodstream. Oxygenated blood travels from the gills directly to most organs. 
Therefore, chemicals entering the bloodstream in this way might reach the target sites 
before any degradation can occur, a process predominantly mediated in the liver. 
Toxicants entering via the skin presumably avoid immediate degradation as well, whereas 
chemicals that are ingested undergo metabolism in the alimentary system (stomach and 
small intestine) before passing through the cells lining the blood vessels into the 
bloodstream. The absorbed portion of the chemical then travels via the hepatic portal vein 
to the liver, where detoxification by phase I and II enzymes may occur (Pickford et al., 
2003). As the liver is one of the target organs of EE2 (chapter 1.3.1), dietary exposure 
might be very effective, as was demonstrated in a minority of studies (Chang et al., 1999; 
Chikae et al., 2004; Angus et al., 2005). However, no study comparing both endocrine 
disruption and distribution of EE2 after exposure of fish via water and the diet is available 
in the literature.  
As a result of distribution processes, only a small proportion of hydrophobic compounds is 
expected to reach the target site(s), whereas the major part will accumulate in non-target 
phases consisting primarily of various lipids (Meador et al., 2008). No complete balance of 
the distribution of EE2 in fish was performed until now, but EE2 was detected in blood 
plasma, bile, liver, and both testes and ovaries of fish after water exposure (Gibson et al., 
2005a; Labadie and Budzinski, 2006; Skillman et al., 2006). After injection of EE2 in the 
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dorsal aorta of male rainbow trout, it was shown that the compound was metabolized to 
glucuronide conjugates, which were primarily stored in the gall bladder. When these 
products were released with the bile in the gut, they were deconjugated to the parent 
compound, which was subsequently reabsorbed in the bloodstream. This enterohepatic 
recirculation of EE2 results in a considerable increase of its biological half-life in trout 
(Schultz et al., 2001). The possibility of EE2 for molecular interaction at its target sites 
(estrogen receptors in different organs), and thus its toxicodynamic behaviour after 
distribution and before transformation and elimination, will finally determine its potency to 
induce endocrine disrupting effects (chapter 1.3).   
1.3 Effects of EE2 in the aquatic environment 
EE2 is specifically designed to impede the normal reproductive function in humans via an 
estrogen receptor-mediated mode of action (MOA). It is a derivative of the natural female 
sex hormone 17-estradiol (E2), synthesized by the introduction of an ethinyl group at the 
carbon atom of the molecule in 17-position, which makes it much more resistant to 
degradation in the human body. Therefore, and because EE2 is very potent in mimicking 
its natural analogue, it is a xeno-estrogen of high environmental concern (Clouzot et al., 
2008). Xeno-estrogens are the class of EDCs that interfere with kinetic and dynamic 
processes of natural hormones responsible for the maintenance of homeostasis and 
regulation of developmental processes, by binding to the estrogen receptor (ER) (Barton 
and Andersen, 1998). Exposure of the aquatic environment to xeno-estrogens and 
exogenous natural hormones is proved to affect reproduction and development of wildlife 
(Vos et al., 2000).  
Since the early nineties, a lot of research concerning the effects of EE2 on organisms has 
been published. Reproduction in fish has been identified as the most sensitive biologically 
relevant end point in aquatic species (Caldwell et al., 2008). In the following, effects of EE2 
on fish (chapter 1.3.1) and aquatic invertebrates (chapter 1.3.2) are briefly summarized 
and discussed. 
1.3.1 Effects on fish 
Reproductive effects on fish have first been reported at discharges of treated sewage to 
rivers (Purdom et al., 1994; Folmar et al., 1996). These discoveries have relied on the 
utility of induction of the egg yolk precursor protein vitellogenin (VTG) as a sensitive and 
reliable biomarker for estrogen exposure in male and juvenile fish. VTG is normally 
synthesized by the liver in female fish, after binding of endogenous E2 with estrogen 
receptors (ERs) in the hepatocytes. The formed hormone-receptor complex binds to 
estrogen responsive elements (ERE) in the cell core, which in turn results in secretion of 
VTG in the blood plasma after transcription and translation by VTG mRNA. Then, VTG is 
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transported via the plasma to the ovaries, where it is incorporated in the yolk of growing 
egg cells. Males and juveniles possess the VTG gene as well, but under natural 
circumstances, no estrogens are circulating in the bloodstream of these fish. However, 
exposure to environmental estrogens can trigger the gene’s expression, leading to VTG 
accumulation in the blood (Kime, 1999; Arukwe, 2001). Different methods have been 
established for detection of VTG, e.g. protein electrophoresis and immunological assays 
like the Enzyme-Linked ImmunoSorbent Assay (ELISA), Western blotting and 
RadioImmunoAssay (RIA) (Kime, 1999).  
Next to interaction at ERs of the liver, xeno-estrogens can bind with receptors of the 
ovaries, the pituitary and the hypothalamus, and in this way interfere with natural feedback 
mechanisms of the endocrine system. Under influence of external stimuli, the 
hypothalamus produces gonadotrophin releasing hormone (GnFH), which in turn induces 
release of gonadotrophin (GtH) by the anterior pituitary. GtH stimulates gonadal 
development and production of steroid hormones, by which the gonads can signal back 
their status to the pituitary and hypothalamus. Agonistic or antagonistic actions of 
xenobiotics may result in increase or decrease of GtH levels. Changes in GtH secretion 
can lead to the production of smaller eggs or inhibition of the ovulation in females. The 
consequences for males could be disturbance of the testicle function and reduced sperm 
quality and quantity (Kime, 1999). It is obvious that EDCs can disrupt the whole 
signalization network of the hypothalamus-pituitary-gonad-liver axis, and may 
consequently induce a cascade of direct and indirect effects. Next to vitellogenesis, 
biomarkers like sex hormone content, organo-somatic indices, intersexuality (ovotestis), 
sex ratio, fertilization success and histopathological abnormalities have been used to 
identify reproductive effects of substances on fish.  
EE2 has been shown to be one of the most potent xeno-estrogens in vivo, inducing effects 
on fish at concentrations in the low ng/L range. Observed effects from laboratory studies of 
EE2 on zebrafish, which is a test organism in the present study, are listed in Table 1.4. 
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Table 1.4 No observed and lowest observed effect concentrations (NOECs and LOECs) 
of 17-ethinylestradiol for different reproductive endpoints in zebrafish (Danio 
rerio) 
Effect sex exposure NOEC LOEC Reference 
  time (days) (ng/L) (ng/L)  
Induction of VTG (WBH) m 8 0.7 3.0 (Rose et al., 2002) 
 j 20-60 dph 1 2 (Orn et al., 2003) 
Induction of plasma VTG m&f 14 control 5 (Versonnen et al., 2003) 
 m 21 control 1.7 (Fenske et al., 2001) 
Change in sex ratio: f ↑ j 20-60 dph control 1 (Orn et al., 2003) 
Absence of spermatids m 2-60 dph control 1 (Weber et al., 2003) 
Histological change of gonads m&f LC 1.7 3 (Segner et al., 2003) 
Egg number per female ↓ m&f 42-75 dph 1.7 3 (Segner et al., 2003) 
 m&f LC 0.05 1.67 (Segner et al., 2003) 
 f 2-60 dph 1 10 (Hill and Janz, 2003) 
 m&f 75 & LC 0.3 1.1 (Schafers et al., 2007) 
Fertilization success ↓ 
 
m 21 control 5 (Van den Belt et al., 
2001) 
 m&f 42-75 dph 1.7 3.0 (Segner et al., 2003) 
 m&f LC 0.05 1.67 (Segner et al., 2003) 
 m&f 75 & LC 0.3 1.1 (Schafers et al., 2007) 
Time to spawn ↑ m&f 42-75 dph 1.7 3 (Segner et al., 2003) 
 m&f LC 0.05 1.67 (Segner et al., 2003) 
Changed mating behaviour  m&f 42-75 dph 1.7 3 (Segner et al., 2003) 
 m&f LC 0.05 1.67 (Segner et al., 2003) 
Time to sexual maturity ↑ m&f 75 & LC 0.3 1.1 (Schafers et al., 2007) 
Impaired juvenile growth j 75 0.3 1.1 (Schafers et al., 2007) 
Hatching rate of offspring ↓ f 2-60 dph 1 10 (Hill and Janz, 2003) 
VTG: vitellogenin; WBH: whole body homogenate; m: male; f: female; j: juvenile; ↓: represents a decrease; ↑: 
represents an increase; LC: life cycle; dph: days post hatch 
An important issue is whether fish are able to recover from the above mentioned 
disruptions, when exposure ceases. This has been expected for fish that are 
undifferentiated gonochorists, which implies that all individuals initially develop ovary-like 
gonads that later change into testes in the genetic male fraction of the population. 
Nevertheless, a few studies show the opposite. After lifelong exposure to 9 ng EE2/L, 
reproduction of zebrafish was completely inhibited, and this was essentially irreversible, as 
a three month depuration period restored fertilization success only to a very low rate. 
Furthermore, VTG levels were still elevated and changes in the gonad morphology 
persisted. However, reversibility of effects seems to vary with exposure concentration and 
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duration. Fish exposed to concentrations lower than 1 ng/L were able to recover, and a 
permanent effect on sexual differentiation was only observed after lifelong compared to 
partial life cycle exposure (Schafers et al., 2007). Similar findings are reported by Nash et 
al. (2004), who observed higher reproductive output of the F1 generation of 5 ng EE2/L 
exposed F0 fish, when they were reared in clean water than when exposure proceeded. 
However, this recovery only concerned the number of eggs spawned by females, as there 
was still a highly significant impact on the fertilization success. So even though these fish 
had been depurated for five months after maternal exposure, little viable offspring was 
produced. This was evidenced to be due to persistent disruption of the testes development 
(undifferentiated or intersex gonads) of F1 males (Nash et al., 2004). Another experiment 
shows that 95% of a group of zebrafish exposed to 5 ng EE2/L developed into phenotypic 
females. These females were subsequently transferred to clean water. After eight months, 
one third had developed to phenotypic males, but they showed significant aberrations in 
courtship behaviour, and again a low fertilization rate in comparison with control males 
(Larsen et al., 2009). These studies suggest that strongly estrogenic disrupted male fish 
will never redevelop into fully fertile males. 
Field studies reaffirm that EE2 can impact the sustainability of fish populations. A 7-year 
whole lake experiment in north-western Ontario, Canada, showed that chronic exposure of 
wild fathead minnow (Pimephales promelas) to an EE2 concentration of 5-6 ng/L led to 
feminization of males through production of VTG, continued production of VTG by females 
beyond the normal breeding season and impacts on gonadal development, which was 
verified by intersex in males and altered oogenesis in females. Finally, it resulted in a near 
extinction of this species from the lake (Kidd et al., 2007).  
1.3.2 Effects on invertebrates 
Although invertebrates constitute about 95% of the faunal species and are key 
components of all ecosystems, relatively little is known about their endocrine system and 
their susceptibility to environmental endocrine disruption (Vos et al., 2000). The best 
investigated part of the invertebrate hormone system is the interaction of endocrine 
messengers for ecdysis or moulting. This process is under immediate control of steroid 
hormones called ecdysteroids that have been detected in crustaceans, insects and many 
other organisms. The prohormone ecdysone is secreted by the moulting gland (Y-organ in 
crustacean and the prothoracic gland in insects), and is converted into active 20-
hydroxyecdosone (20HE) on release in the hemolymph (deFur et al., 1999). 
Because of structural similarities with ecdysone, vertebrate steroids have been suggested 
to possibly interfere with the endocrine system of invertebrates by competition with 
ecdysone at the ecdysteroid receptor (EcR), by influencing its secretion and release, or by 
restraining its transformation to 20HE. Although there is no direct evidence for such 
impact, links have been made between vertebrate hormones and invertebrate moulting 
inhibition, growth retardation and reproduction abnormalities in processes like the 
ovulation, spermiogenesis and vitellogenesis (Langston et al., 2005). Some effects of EE2 
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on crustaceans and insects have been observed, for example disturbed gonadal 
development of Hyalella azteca, shift of the sex ratio towards female Gammarus pulex, 
and earlier as well as delayed emergence, delayed moulting and deformed mouthparts of 
larvae of the midge Chironomus riparius (Watts et al., 2001; 2002; Segner et al., 2003; 
Watts et al., 2003). However, these effects mostly show no clear concentration-response 
relationship, require exposure over more than one generation or at least a prolonged 
chronic test setup, and occur generally at rather high, environmentally irrelevant 
concentrations. 
A range of vertebrate steroids (androgens, estrogens, progestins and corticosteroids) have 
been detected in molluscs, insects and crustaceans, but their role in these organisms 
remains unknown (Janer and Porte, 2007). Furthermore, it is currently unclear whether 
invertebrates possess a functional ER. Studies on various species of molluscs have 
suggested that this group has an estrogen-related receptor (ERR), of which again the role 
is not clarified. This receptor does not appear to bind E2, and hence its relevance to any 
possible effects of EE2 seems likely to be minimal (Caldwell et al., 2008). However, 
molluscs of all invertebrates seem to be rather sensitive to EE2, although responses can 
be of ambiguous nature. Exposure of the freshwater prosobranch Potamopyrgus 
antipodarum to up to 25 ng EE2/L (21d LOEC: 1 ng/L) stimulated the embryo production of 
the snails in a concentration-dependent manner, whereas higher concentrations led to 
inhibitory effects. This reversed U-shape pattern of the response was also observed after 
exposure of P. antipodarum to two other xeno-estrogens: BPA and octylphenol (OP), 
however at 1000 times higher concentrations (Jobling et al., 2003). Exposure of another 
snail Lymnaea stagnalis to EE2 starting at the juvenile stage and on through sexual 
maturity resulted again in an increase in fecundity, but in addition, hatching of the eggs 
was shown to be disturbed (21d NOEC & LOEC: 100 & 500 ng/L). Furthermore, a 
decrease in the growth of second generation snails and alteration of their protein 
metabolism were demonstrated (70d LOEC: 50 ng/L) (Segner et al., 2003). The case of 
imposex due to exposure of wildlife mollusc populations to the xeno-androgen tributyltin 
(TBT) together with the above mentioned effects of EE2 and other xeno-estrogens, clearly 
indicate the high susceptibility of these invertebrates to EDCs at environmentally relevant 
concentrations (Duft et al., 2007; Oehlmann et al., 2007). 
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2 Materials and Methods  
2.1 Test substance: 17-ethinylestradiol 
The complete chemical name of 17-ethinylestradiol (EE2) is 19-nor-17-pregna-
1,3,5(10)-trien-20-yne-3,17-diol. Its physicochemical properties are listed in Table 2.1. 
Table 2.1 Physicochemical properties of 17-ethinylestradiol  
CAS-number 57-63-6 
Chemical formula C20H24O2 
Molecular weight 296.41 g/mol 
Melting point 183 °C 
Henry’s constant 79.4*10-6 Pa*m3/mol 
Water solubility 11.29 mg/L at 27 °C 
 
14C-radiolabelled EE2 (14C-EE2) was used to trace the compound in fate experiments. 14C-
EE2 dissolved in ethanol was provided by Hartmann Analytics (Germany). The specific 
radioactivity was 3.72 MBq/mg EE2 and the chemical purity >98%. The molecule was 
labelled once at the 17-ethinyl group (Fig. 2.1). 
 
Fig. 2.1 Chemical structure of 14C-17-ethinylestradiol with indication of the labelled 
carbon atom by an asterisk (*) 
Unless noted otherwise, this ethinyl labelled EE2 was used. In some of the experiments 
with fish (chapter 2.6), ring labelled 14C-EE2 with a specific radioactivity of 6.38 MBq/mg 
EE2 provided by Shering Isotope Chemistry (Germany) was applied (radiochemical purity 
>98%). The label was situated at position 4 (Fig. 2.1) of the EE2 molecule.  
Unlabelled 17-ethinylestradiol (EE2; CAS no. 57-63-6; chemical purity > 97%) in powder 
form was purchased from Sigma Aldrich (Germany) and dissolved in a suitable solvent to 
apply in the different effect tests that are described below. 
* 
A B 
C D 1 
2 
4 
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2.2 Test organisms 
As announced in the introduction (chapter 1.1), indicator species representative for the 
different trophic levels of an ecosystem were involved in the present study. The selection 
of the organisms was based on their ecological relevance, their mutual link in the food 
chain, their suitability for the use in laboratory studies, and the availability and easy 
handling of in-house cultures. Furthermore, all species are recommended test organisms 
by the OECD (Organisation for Economic Cooperation and Development) in Guidelines for 
Testing of Chemicals. The test conditions were standardized according to these 
guidelines, but were adjusted to the purpose of the fate experiments.  
2.2.1 Primary producers: Desmodesmus subspicatus 
Desmodesmus subspicatus belongs to the unicellular green algae (Table 2.2). Cells of D. 
subspicatus are immobile and have an oval form, when viewed in two dimensions, with 
measures of 7-15 µm x 3-12 µm. This alga species is easy to maintain in culture media, in 
which the cells appear mostly solitary. In its natural environment, it tends to build colonies 
consisting of 4 to 8 aligned cells. D. subspicatus is prevalently present in freshwater 
phytoplankton (OECD, 2006).   
Table 2.2 Scientific classification of Desmodesmus subspicatus  
Superkingdom Eukaryota 
Kingdom Viridiplantae 
Phylum Chlorophyta   (green algae) 
Class Chlorophyceae 
Order Sphaeropleales / Chlorococcales 
Family Scenedesmaceae 
Genus Desmodesmus 
Species Desmodesmus subspicatus 
Source: http://www.ncbi.nlm.nih.gov/taxonomy 
D. subspicatus is one of the recommended species for the testing of chemicals in OECD 
Guideline 201, i.e. the Freshwater Alga and Cyanobacteria Growth Inhibition Test (OECD, 
2006). In this test, exponentially growing organisms are exposed to a concentration series 
of a compound of interest in batch cultures (static systems) over a period of normally 72 h. 
In spite of the relatively brief test duration, effects over several generations can be 
assessed. In case of toxic effects, the system response is the reduction of growth that is 
evaluated as a function of the exposure concentration in comparison with the average 
growth of unexposed control cultures (chapter 2.3.4).  
D. subspicatus was held in in-house cultures at 20 ± 1 °C under continuous, uniform 
fluorescent illumination at a light intensity of about 70 µE/(m²s) allowing photosynthesis. In 
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advance of an algae test, sterile cultures were prepared in BRK medium (Bringmann and 
Kuhn, 1980) in order to avoid interaction of bacteria with the test substance and 
interference with algal growth by competition for nutrients. Algae cultures, which served as 
food for daphnids, were incubated for two weeks under unsterile conditions after 
inoculation of the cells in sterilized Kuhl medium (Kuhl and Lorenzen, 1964). 
2.2.2 Primary consumer of the water phase: Daphnia magna 
Daphnia magna belongs to the suborder of the Cladocera (Table 2.3). It is the largest 
water flea existing, and can be found in almost any lentic system. Daphnia occupies an 
important position in aquatic food webs. As a filter feeder, it ingests mainly unicellular 
algae, bacteria, protozoa and various kinds of dispersed organic detritus. On their turn, 
daphnids are prey of planktivore fish and predacious invertebrates. In the absence of 
predators, daphnids control the phytoplankton biomass by exerting a strong grazing 
pressure (Dodson and Hanazato, 1995). 
Table 2.3 Scientific classification of Daphnia magna  
Superkingdom Eukaryota 
Kingdom Metazoa 
Phylum Arthropoda 
Subphylum Crustacea 
Class Branchiopoda 
Order Diplostraca 
Suborder Cladocera   (water fleas) 
Family Daphniidae 
Genus Daphnia 
Species Daphnia magna 
Source: http://www.ncbi.nlm.nih.gov/taxonomy 
In general, daphnids reproduce by parthenogenesis, in which females asexually produce 
genetically identical female offspring (clones). In response to environmental changes like 
shorter day length, lower temperature, food depletion or high population density, daphnids 
switch to sexual reproduction by the production of males and resting or winter eggs, called 
ephippia. These eggs are fertilized by male daphnids and are provided with an extra shell 
layer that preserves and protects the egg inside, making it able to withstand harsh 
environmental conditions such as freezing temperatures and drought. At more favourable 
times, females hatch from the ephippia and the parthenogenetic reproductive cycle 
restarts (Zhang and Baer, 2000; Tatarazako and Oda, 2007). 
Several standardized methods using D. magna exist for regulatory toxicity testing, as it is 
prolific, very easy to handle in the laboratory, and has a comparatively short lifetime. It is 
for example the preferred test species in assessment of the acute toxicity of chemicals in 
the Daphnia sp. Acute Immobilisation Test (OECD guideline 202; OECD, 2004a) and it is 
the species to be used in OECD guideline 211, the so-called Daphnia magna 
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Reproduction Test (OECD, 1998a). The latter test is applied to evaluate the effects of 
chronic exposure of daphnids to chemicals on the total number of living offspring produced 
per parent animal. Recently, Daphnia magna was suggested as one of the possible test 
species for screening endocrine disrupting effects of pesticides on non-target invertebrates 
(Tatarazako and Oda, 2007). As a result, OECD guideline 211 was enhanced with a new 
endpoint, i.e. offspring sex ratio, to identify chemicals with juvenile hormone mimicking 
properties that are shown to induce the production of male neonates (OECD, 2008). 
Naturally, the major role of juvenile hormones is to modulate ecdysteroid action in insects 
(Soin and Smagghe, 2007). These signalling molecules and their synthetic mimics may 
however interact with the regulatory functions of an analogue hormone in crustaceans, i.e. 
methyl farnesoate (LeBlanc, 2007). 
A stock culture of D. magna Straus (clone 5) was maintained in a climatic chamber at 20 ± 
1 °C under a 16/8 light/dark cycle. Daphnids were reared separately in 80 mL of Elendt M4 
medium (Elendt and Bias, 1990), which was refreshed every week when neonates were 
separated from the adults and transferred to individual vessels. Daphnids were fed three 
times a week with algae (D. Subspicatus; 0.1 mg C/daphnid) that were harvested from the 
Kuhl medium, mentioned above and toxic for the daphnids, by centrifugation and 
resuspension in M4. In addition, daphnids were supplied once a week with yeast 
(Saccharomyces cerevisae; 0.8 µg C/daphnid). Under these conditions, adult daphnids 
released up to 40 neonates every second to third day and this offspring got mature within 
6 to 9 days.  
2.2.3 Primary consumer of the sediment: Chironomus riparius 
Chironomids or non-biting midges belong to the order of the Diptera or true flies (Table 
2.4) and their larvae are the most widespread insects in freshwater habitats, where they 
often represent more than half of the total number of macroinvertebrate species (Soin and 
Smagghe, 2007).  
Table 2.4 Scientific classification of Chironomus riparius 
Superkingdom Eukaryota 
Kingdom Metazoa 
Phylum Arthropoda 
Superclass Hexapoda 
Class Insecta 
Order Diptera   (true flies) 
Suborder Nematocera 
Family Chironomidae   (non-biting midges) 
Genus Chironomus 
Species Chironomus riparius 
Source: http://www.ncbi.nlm.nih.gov/taxonomy 
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The life cycle of chironomids consists of four stages: an egg stage, the larval stage with 
four instars, a short pupal phase and the adult (imago) that emerges from the water (Fig. 
2.2). Males emerge a few days earlier than females, a phenomenon called protandry, and 
gather in swarms to attract females by means of their large plumose antennae. After 
mating, females lay egg ropes at the air-water interface. Most of the life span takes place 
under water, of which 70-80% as sediment dwelling larvae. Chironomus riparius larvae 
build tubes by binding small inorganic and organic substrate particles with their salivary 
secretion. They undulate rapidly within their tube in order to extract food as well as oxygen 
from the water phase. Only under circumstances of food scarcity, the larvae leave their 
tubes and emigrate towards the water column. Chironomid larvae feed on algae and 
deposited detritus, and therefore, play a key role in organic matter cycling in aquatic 
ecosystems. Besides, they serve as an important prey for organisms of higher trophic 
levels, such as aquatic invertebrate predators, juvenile and adult fish and sediment-
probing birds (Soin and Smagghe, 2007; Taenzler et al., 2007). 
 
Fig. 2.2 The life cycle of Chironomidae (source: http://edis.ifas.ufl.edu/) 
C. riparius is a model species for ecotoxicological testing as it can easily be cultured under 
laboratory conditions, has a comparatively short life cycle and is known to be suitable for 
the evaluation of pollutant toxicity towards sediment dwelling organisms (Taenzler et al., 
2007). OECD standard guidelines are available for testing the effects of substances on the 
survival, development, emergence and sex ratio of the midges after both sediment and 
water exposure of the larval stage, i.e. OECD guidelines 218 and 219, the Sediment-Water 
Chironomid Toxicity Tests Using Spiked Sediment and Water, respectively (OECD, 2004b; 
2004c). Like D. magna, C. riparius has recently been proposed to the OECD as an aquatic 
invertebrate test species for risk assessment of EDCs. It was stated that Chironomus 
represents a better alternative than Daphnia or other organisms because its reproduction 
is only sexual, the endocrine system of insects has been most intensively studied and 
because the EDCs of concern are mostly agrochemicals like insect growth regulators. As 
chironomids undergo full metamorphosis from egg to imago that is hormonally controlled 
by ecdysteroids (chapter 1.3.2) and juvenile hormones (chapter 2.2.2), a full life cycle test 
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including two generations has been suggested. This involves extension of the above 
mentioned OECD Guidelines with new endpoints such as fecundity and fertility of the 
parental generation and additional determination of both emergence ratio and 
development rate of the filial generation (Taenzler et al., 2007).  
The in-house cultures of C. riparius were maintained as described in OECD guidelines 218 
and 219. Four egg masses were introduced in 20 L tanks containing a fine layer of quartz 
sand (5 - 10 mm) as sediment and 12 L of continuously aerated reconstituted water (M4; 
OECD 2004b,c). These rearing vessels were held at room temperature with a photoperiod 
of 16 hours light and 8 hours dark. Larvae were fed three times a week with 5 mL of an 
aqueous suspension of finely ground fish flakes (TetraMin®; 1 g flakes/20 mL). The 
containers were covered with a finely meshed cage that was sufficiently large (50 * 30 * 30 
cm³) to allow swarming of emerged males and subsequent copulation of adults. Egg 
masses were carefully removed from the vessels three times weekly and used to start new 
culture tanks or for toxicity tests. The old containers were disposed after completion of the 
life cycle, typically within 28 days after insertion of the egg ropes.  
2.2.4 Secondary consumer and target organism: Danio rerio 
The zebrafish, Danio rerio, is a tropical freshwater fish belonging to the minnow family 
(Cyprinidae; Table 2.5). It is a small, shoaling fish, native to the flood-plains of the Indian 
subcontinent, where it is found in shallow, slow-flowing waters (Spence et al., 2008).  
Table 2.5 Scientific classification of Danio rerio 
Superkingdom Eukaryota 
Kingdom Metazoa 
Phylum Chordata 
Subphylum Vertebrata 
Class Osteichthyes 
Infraclass Teleostei 
Order Cypriniformes 
Family Cyprinidae 
Genus Danio 
Species Danio rerio 
Source: http://www.ncbi.nlm.nih.gov/taxonomy 
The zebrafish is an undifferentiated gonochorist, and therefore, males go through a 
hermaphroditic phase as juveniles, before they differentiate into the phenotypic sex (Orn et 
al., 2003). Zebrafish are group spawners and egg scatterers, although females are choosy 
with respect to sites for oviposition and males defend territories around such sites (Spence 
et al., 2008). Development of fertilized eggs to sexual maturity takes only 3 to 4 months 
and the total lifetime of the fish is 4 years on average (Maack and Segner, 2003).  
D. rerio is an important vertebrate model organism for scientific research in a variety of 
disciplines like for example developmental genetics, neurophysiology and biomedicine. In 
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aquatic ecotoxicology, it is used very frequently for testing acute and chronic toxicity of 
chemicals. For example, it is recommended in the Fish, Acute and Prolonged Toxicity 
Tests of OECD guidelines 203 (OECD, 1992a) and 204 (OECD, 1984). Furthermore, it is 
suggested as test organism or an alternative in a series of early-life toxicity tests 
(Guidelines 210, 212 and 215; OECD, 1992b; 1998b; 2000). Only recently, two OECD 
guidelines became available for screening and testing potential EDCs, i.e. the Fish Short 
Term Reproduction Assay (guideline 229; OECD, 2009a) and the 21-day Fish Assay: A 
Short-Term Screening for Oestrogenic and Androgenic Activity, and Aromatase Inhibition 
(guideline 230; OECD, 2009b). The endpoints are vitellogenin content and secondary 
sexual characteristics in both tests. There are limitations to the use of zebrafish in these 
assays, due to the absence of quantifiable secondary sex characteristics responsive to 
androgenic acting substances. Therefore, D. rerio is only recommended in the guidelines 
for the assessment of VTG induction as a biomarker for compounds exhibiting estrogenic 
activity. In guideline 229, fecundity and gonad histopathology are additionally evaluated to 
determine the reproductive fitness of the test animals or to add to the weight of evidence of 
the other endpoint(s). 
Adult zebrafish from a single stock were kindly provided by the Fraunhofer Institute for 
Molecular Biology and Applied Ecology, Division Applied Ecology (Schmallenberg, 
Germany). Prior to a test, fish were acclimated for at least two weeks in a 200 L aquarium 
filled with tap water at 26 ± 2 °C and under a 16/8 light/dark rhythm. It was assured that 
mortality was less than 5% of the population in seven days. Except for the weekend, fish 
were fed twice daily ad libitum, but in sufficient amounts to guarantee an eating period of 
at least 10 minutes. In the morning, fish were supplied with commercially available food 
flakes (TetraMin®) and in the afternoon with rinsed brine shrimp nauplii. Two third of the 
water volume was replaced by fresh water once a week.  
2.3 Experiments with Desmodesmus subspicatus 
2.3.1 Preliminary experiments 
In order to determine the cell number and the mass of algae in suspension, aliquots of the 
cultures were transferred to 1 cm (in case of radioactive samples) or 5 cm cuvettes and 
the extinction of light with a chlorophyll specific wavelength (720 nm) was measured using 
a spectrophotometer. The cell number was used to calculate growth of the algae over 
time, which was the endpoint of the effect studies and is described below (chapter 2.3.4). 
The algal mass was determined to express the burden of radioactivity in the algae as 
internal concentrations in uptake and elimination tests (chapter 2.3.2). 
Calibration curves were plotted between the surrogate parameter, i.e. the extinction at 720 
nm (E720nm), and the algal density based on both the cell number and the dry weight (dw) 
of the algae (Fig. 2.3). The data originated from an experiment, where a dilution series of 
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algal suspensions in 100 mL M4 was prepared, the E720nm was measured and algae were 
counted in a Thoma chamber (depth 0.02 mm, square width: 0.05 mm) using light 
microscopy. Afterwards, the remaining volume was determined and the algae were filtered 
out on a pre-weighed and pre-dried glass fibre filter (Whatman GF/C; VWR international 
GmbH, Germany). The filter, holding the algae, was dried overnight at 60°C and weighed 
again. From the obtained mass, the mass of the filter was subtracted to obtain the total 
algal mass in suspension.  
 
Fig. 2.3 Calibration curves for the conversion of the spectrophotometrically determined 
extinction at 720 nm (E720nm) to the algal density. Graph A: conversion to cell 
density in cells/mL M4 medium for measurements in both 1 cm (upper curve) 
and 5 cm (lower curve) cuvettes. Graph B: conversion to density in mg dry 
weight/mL for measurement in a 1 cm cuvette. (R²: coefficient of determination) 
Using these calibration curves (Fig. 2.3), the algal density was derived from the E720nm in 
all experiments with D. subspicatus and the total amount of cells and total algal mass were 
calculated by multiplying the density with the volume of the medium.  
2.3.2 Uptake and elimination 
Uptake and elimination of 14C-EE2 by the algae was evaluated over time in separated 
experiments. Bioconcentration in the algae was studied after water spiking and elimination 
of the radioactivity (EE2 and possible products) was investigated by transferring exposed 
algae to clear water.  
Test setup 
Algae were harvested from the stock culture by non-destructive centrifugation (10 min, 
350g), and resuspended in M4 medium (Elendt and Bias, 1990). This is not a standard 
medium for algae tests, but it was used in both Daphnia and Chironomus tests (chapter 
2.4 and 2.5) as a recommended artificial freshwater for these organisms (OECD, 
2004a,b,c). With regard to later bioaccumulation and biomagnification experiments, in 
which algae served as a food source for the above mentioned invertebrates, M4 was 
selected for the algae experiments as well. In this way, the possibility for comparison 
throughout the whole test series was assured.  
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The uptake experiment was performed in gas wash bottles that were filled with 90 mL of 
an algae suspension with an initial density of 3.6 * 106 algal cells/mL in M4 medium. 9 µL 
of a 7.5 * 105 Bq 14C-EE2/mL (200 µg EE2/mL) spiking solution, prepared in ethanol (p.a.; 
Carl Roth GmbH, Germany), was added to each test vessel, resulting in a nominal 
concentration of 75 Bq/mL (20 µg EE2/L) and a solvent concentration of 0.01%. The actual 
concentration was verified by transferring three aliquots of 250 µL from each flask to 
separate scintillation vials. After adding 4.75 mL of scintillation cocktail (LumasafeTM), the 
radioactivity in the samples was determined by means of liquid scintillation counting (LSC; 
chapter 2.7.3). Then, the flasks were put in a climate chamber (20 ± 2 °C) and subjected to 
a 16 h/8 h light/dark cycle. The light intensity was set to 15 µE*m-2*s-1, which is lower as 
recommended for optimal algal growth (> 60 µE*m-2*s-1, OECD 2006), but again in 
accordance with guidance for Daphnia and Chironomus toxicity tests (OECD, 2004a,b,c). 
The water was gently aerated to keep the algae in suspension and to guarantee 
continuous CO2 supply. Therefore, the bottles were covered with glass inserts that were 
connected to a peristaltic pump. The inserts consisted of a closed glass tube with a fritted 
end, through which air was directed from the bottom to the top of the water phase (chapter 
2.5.2, Fig. 2.4). Sampling of the different compartments (water, algae and glass surfaces) 
was performed 3, 8, 24, 48 and 72 h after spiking the medium. For each sampling time, 
three replicates were provided.  
During the uptake phase of the elimination experiment, a suspension of 4.9 * 106 algal 
cells/mL was exposed to 120 Bq/mL (32 µg EE2/L). Both initial algal density and EE2 
concentration were higher than in the uptake experiment in order to ensure detectable 
amounts of radioactivity after transferring the algae to clear M4 medium. After 28 h of 
exposure, the suspension was centrifuged (10 min, 350g), the supernatant was discarded 
and the algal pellet was resuspended in fresh medium. To completely remove the 
radioactivity from the water phase, this procedure was repeated a second time. The loss of 
algae was determined by spectrophotometrical measurement before and after both 
centrifugation steps. Gas wash bottles were filled with 40 mL of the spiked algae 
suspension, supplied with aeration inserts and kept under the same conditions as 
described above. Four flasks were provided per sampling point, i.e. after 28 h of exposure 
and after 3, 13, 24, 44 and 72 h of elimination.  
Sampling  
After measuring the E720nm of the algal suspension, the content of the cuvette and the 
wash bottles were transferred on a pre-weighed and pre-dried glass fibre filter (chapter 
2.7.1) with a Pasteur pipette. All glassware was rinsed with 5 mL water which was 
additionally brought on the filter. The filter carrying the algae was subsequently rinsed 
another time with 5 mL water, dried in an exsiccator, and combusted in a biological 
oxidiser (chapter 2.7.3). The produced 14CO2 was trapped in a scintillation vial containing 
15 mL of cocktail that was subjected to LSC in order to determine the amount of 
radioactivity present in the algae.  
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The volume of the filtrate was determined, before samples were taken to measure the 
amount of radioactivity in the water phase by LSC (chapter 2.7.3). Three aliquots of 250 µL 
were separately mixed with 4.75 mL of cocktail (LumasafeTM) in the uptake experiment. 
Afterwards, 100 mL of ethylacetate was added to the remaining water of each replicate 
and stored at 4 °C until qualitative chemical analysis (chapter 2.7). In the elimination 
experiment, where less radioactivity was expected in the water phase, four 2 mL samples 
were taken and 18 mL of cocktail was added to each of them. After LSC, the remaining 
water of the four replicates per time point was pooled, 100 mL ethylacetate was added and 
the mixture was stored at 4 °C. Chemical analysis of all water samples was performed 
directly after an experiment was finished. Samples were extracted by means of liquid liquid 
extraction (LLE; chapter 2.7.2). Afterwards, the extracts were concentrated, resolved in 
methanol and analyzed by high performance liquid chromatography (HPLC; chapter 2.7.4). 
The glass wall of the wash bottle was rinsed with 3 mL ethylacetate in order to extract EE2 
possibly adsorbed to the glass surface. Two samples of 1 mL of the extract were taken, 
mixed with 4 mL scintillation cocktail and subjected to LSC (chapter 2.7.3).  
2.3.3 Biotransformation of EE2 by D. subspicatus 
Algae were exposed to 100 Bq/mL (27 µg 14C-EE2/L) for 48 h and 72 h in exactly the 
same way as in the uptake experiment (chapter 2.3.2), but after filtration of the 
suspension, the filter with the algae was placed in a glass bottle containing 30 mL of a 
chloroform/methanol mixture (1:2 v/v). This was stored over night at -20°C in order to 
break the cells and held in an ultrasonication bath (Transsonic T 460, Elma Hans 
Schmidbauer GmbH & Co, Germany) for 10 minutes afterwards. The cell extract was 
separated from insoluble cell debris and filter material by another filtration step. The filter 
was washed with chloroform/methanol, air dried and subjected to combustion (chapter 
2.7.3). The obtained cell extract (filtrate) was dark green due to chlorophyll, which could 
disturb HPLC measurements. Therefore, these samples were analyzed by means of thin 
layer chromatography (TLC, chapter 2.7.7).  
To investigate whether the algae were responsible for the observed appearance of 14C-
EE2 transformation products (chapter 3.1.2), an additional test series was performed 
under sterile conditions. In advance, monocultures of D. subspicatus were prepared in 
BRK medium (Bringmann and Kuhn, 1980). EE2 conversion was studied in two media of 
different composition: M4 medium and the suggested medium of OECD Guideline 201 
(OECD, 2006). These media, the test flasks, pipettes and other material to be used for test 
preparation were autoclaved and placed under a sterile bench. Here, the Erlenmeyer 
flasks were filled with 90 mL of medium that was subsequently spiked with 104 Bq 14C-
EE2. 10 mL of algae culture was added to the test solutions. After homogenization, 5 mL 
of the suspension was taken for LSC and E720nm measurement. Finally, the test vessels 
were covered with air-permeable stoppers and aluminium foil, which were pierced in the 
middle with a Pasteur pipette that was connected to an air blowing pump. The tubing 
between the pump and the test flask was provided with a 0.2 µm membrane filter 
MATERIALS AND METHODS 
45 
 
(Acrodisc® syringe filters with Supor® membrane, Pall Corporation; VWR international 
GmbH, Germany) to keep sterile conditions.  
Fourteen flasks were prepared in total and subjected to various incubation conditions 
during three days (Table 2.6). The influence of light was studied by comparing 
transformation of 14C-EE2 after exposure of algae in the dark and at continuous light 
exposure. The initial algal density was varied to examine whether more EE2 was 
converted with more algae present in no growth setups (dark conditions). Furthermore, it 
was investigated whether EE2 was degraded due to aeration by including test vessels 
without algae. Two replicates were provided per test scenario. 
Table 2.6 Overview of the different conditions in transformation tests of 17-ethinyl-
estradiol (EE2; 100 Bq/mL or 27 µg/L) by D. subspicatus monocultures (-: no 
algae present) 
Medium Light Initial algal density 
 (h/day) (cells/mL) 
M4 24 - 
 0 - 
 24 0.3 * 106 
 0 0.3 * 106 
 0 1.2 * 106 
OECD 24 0.3 * 106 
 0 0.3 * 106 
 
Before separating and extracting algae and water as described above, a drop of each 
suspension was streaked on separated agar plates under the sterile bench. The plates 
were incubated overnight at 37 °C, after which the presence of micro-organisms at the end 
of the test could be checked. 
2.3.4 Effects of EE2 on D. subspicatus 
A series of growth inhibition tests was performed based on OECD Guideline 201 (OECD, 
2006) with modifications regarding the test medium and initial algae concentration (Table 
2.7). These adaptations were conducted to compare the effect of EE2 under conditions of 
standardized and the bioconcentration (chapter 2.3.2) experiments. A stock solution of 12 
g EE2/L was prepared in acetone and further dissolved with the same solvent to obtain the 
desired spiking solutions. Care was taken that the amount of auxiliary solvent spiked to the 
medium was always 0.01% (10 µL/100 mL). The concentrations of the spike solutions 
were verified by means of GC-MS analyses (chapter 2.7.5). 
In a first range-finding experiment, algae were exposed to four EE2 concentrations, i.e. 44 
– 1200 µg/L in a geometric series with a factor of 3, in both the proposed OECD medium 
and the M4 medium. A control of unexposed algae in OECD medium and two solvent 
controls (0.01% acetone), one for each medium, were added. 100 mL test solutions were 
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prepared in glass flasks and three replicates were included at each test concentration. The 
test duration was prolonged to 144 h (normally 72 h). The E720nm was measured directly 
after preparation and then on a daily basis. In a second experiment, the test in OECD 
medium was repeated with seven nominal concentrations in the range of 18.75 – 1200 
µg/L (factor 2) and a higher amount of replicates (Table 2.7). In a third experiment, algae 
were exposed to 75 to 1200 µg/L (factor 2) and an additional concentration of 900 µg/L 
was added. This experiment was again performed in both media, but the initial algae 
concentration in the M4 medium was set to 3.6 * 106 cells/mL (Table 2.7) as in the uptake 
experiment described above (chapter 2.3.2). This test was run for 3 days. The test volume 
was increased to 150 mL to have enough substance for chemical determination of the 
actual EE2 concentrations over time. To this end, an additional set of separate test vessels 
was prepared including all test concentrations in both media in fourfold for GC-MS 
analyses (chapter 2.7.5) at four time points, i.e. after 0, 24, 48, and 72 h of exposure, 
when the E720nm was determined in the test vessels as well. As in former tests with algae, 
water analysis was performed after separating the algae from the medium by filtration 
(chapter 2.7.1) and extracting the compound from the water (chapter 2.7.2). 
Table 2.7 Differences in the setup of algae growth inhibition tests. The lowest and 
highest nominal test concentrations are presented together with the 
multiplication factor of the geometric series. 
Test Medium Duration Algae Concentration Factor Replicates Replicates 
  (h) (cells/mL) (µg/L)  controls test vessels 
1 OECD 144 5 * 103 44 - 1200 3 3 3 
 M4 144 5 * 103 44 - 1200 3 3 3 
2 OECD 144 5 * 103 19 - 1200 2 6 4 
3 OECD 72 5 * 103 75 - 1200 (900#) 2 6 3 
 M4 72 4 * 106 75 - 1200 (900#) 2 6 3 
#: additional nominal test concentration 
As recommended in the guideline, the cultures were constantly shaken to facilitate CO2 
transfer and to keep the algae in suspension. They were allowed unrestricted growth 
under continuous light (70 µE*m-2*s-1) for full expression of the response. The evaluated 
test endpoint was inhibition of the growth rate by the test substance. The average specific 
growth rate µi-j for a given period is calculated as the logarithmic increase in the biomass: 
ij
ij
j-i t - t
X ln - X ln
  µ   (day-1)  (Equation 2.1) 
where Xi and Xj are the biomasses (or cell counts) of the algae at time j (tj) and i (ti) in 
days, respectively (OECD, 2006). The percent inhibition (%Ir) in average specific growth 
rate for each treatment replicate is then derived as follows: 
100 * 
µ
µ - µ
  %I
C
TC
r                (Equation 2.2) 
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where µC and µT are the average specific growth rates of the control group (mean value) 
and the treatment replicate, respectively. From the %Ir recorded in the series of test 
solutions, the concentration bringing a specified x% inhibition of growth rate (e.g. 50%) 
compared to the control was calculated (chapter 2.9.1) and expressed as the ErCx (e.g. 
ErC50) (OECD, 2006).  
For the test to be valid, the guideline prescribes three performance criteria: 1) the biomass 
in the control cultures should have increased exponentially by a factor of at least 16 over 
72 h; 2) the mean coefficient of variation for the section-by-section growth rates (day 0-1, 
1-2, ...) in the control cultures should not exceed 35%; and 3) the coefficient of variation of 
the average specific growth rate during the whole test period in replicate control cultures 
should not exceed 7% (OECD, 2006). The validity of the experiments was examined over 
their complete duration, and thus, up to 144 h where the test was prolonged (test 1&2, 
Table 2.7). The exposure time was extended to reach >50% inhibition of the algal growth 
rate (chapter 3.1.3), allowing more accurate data analysis (chapter 2.9.2). 
2.4 Experiments with Daphnia magna 
2.4.1 Uptake and elimination 
In a first series of experiments, 14C-EE2 uptake from and elimination to the water phase by 
daphnids was investigated. In order to avoid distribution of the test compound to additional 
organic material in the media, the organisms were not fed during but 24 h prior to the tests.   
Test setup 
In a first bioconcentration experiment, five daphnids of three weeks old were exposed to 
85 Bq 14C-EE2/mL (23 µg EE2/L). The test solutions were prepared as performed in the 
algae uptake experiments (chapter 2.3.2) by spiking M4 medium with the test compound 
using ethanol as an auxiliary solvent (0.01%). Again, M4 was used, since it is the 
recommended medium in OECD Guidelines 202 (OECD, 2004a) and 211 (OECD, 1998a) 
for testing the toxicity of chemicals to Daphnia (chapter 2.2.2). The organisms were 
transferred from the stock culture to a gas wash bottle by means of a pipette with a blunt 
end. Afterwards, the water in which the daphnids were transported was removed and 100 
mL of the test solution was added. Three flasks were prepared for each intended sampling 
time, i.e. after 4, 8, 24, 48, and 72 h of exposure.  
The results of this experiment were difficult to interpret as part of the daphnids got 
offspring whereas others did not. It seemed that those daphnids that reproduced had 
eliminated part of the radioactivity during the release of neonates. To check this, a second 
uptake experiment was carried out, in which the daphnids were exposed individually in 20 
mL press-on lid glasses. All daphnids were checked under a binocular microscope for their 
lipid and ovary score at the beginning of the experiment (Greenwood et al., 1999). Five 
daphnids with a low egg status were exposed individually during 24, five during 48 and 
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another five during 72 h. These organisms were not expected to produce offspring within 
the first 48 h. Similarly, two times five daphnids with a high egg status, supposed to 
reproduce within the first 24 hours of the experiment, were exposed for 24 and 48 h. As 
two concentrations were tested, i.e. 1700 Bq/20 mL (23 µg 14C-EE2/L) and 6800 Bq/20 mL 
(92 µg 14C-EE2/L), a total amount of 50 test vessels, containing one daphnid each, were 
prepared. The higher test concentration, here and in other experiments with D. magna 
described below, was obtained using a more concentrated spike solution. The solvent 
content in the final test medium always amounted to ≤ 0.01%.  
In order to study elimination of incorporated EE2 over time, five daphnids of high egg 
status were first exposed to 85 Bq/mL (23 µg 14C-EE2/L) in 100 mL M4 medium in gas 
wash bottles for 24 h. Four flasks were prepared to sample at the end of this uptake period 
and another three for each elimination sampling time (4, 10, 24, and 48 h). From the latter 
flasks, the five daphnids were collected on a grid of stainless steel (40 µm mesh width) 
after the exposure duration. They were subsequently rinsed with M4 and carefully 
transferred to press-on lid glasses containing 20 mL of fresh medium.  
All three experiments were performed in a temperature controlled room (20 ± 2 °C) with a 
16 h/8 h light/dark cycle (light intensity: 15 µE*m-2*s-1). The medium was not aerated since 
this is not necessary according to the above mentioned guidelines. 
Sampling  
Three water samples of 100 µL were taken from each exposure solution at the beginning 
of all experiments to verify the start concentration. At sampling time, the medium was 
poured in a graduated cylinder over a grid of steel to collect the daphnids and, if available, 
their offspring. The organisms were rinsed with M4 medium to remove external test 
solution, and then transferred to small pre-weighed aluminium vessels. When exposed in 
groups of five, the daphnids of one test vessel were pooled. The organisms were dried in 
an oven at 65°C, weighed on a microbalance (0.0001 mg, Mettler-Toledo UMX2; Mettler-
Toledo GmbH, Germany) and subjected to combustion (chapter 2.7.3). Neonates were 
counted, rinsed and pestled in a mortar containing 1 mL of methanol. This extract was 
transferred to a scintillation vial. After the volume of the water phase was determined, 
three aliquots of 100 µL after exposure and of 2 mL after elimination were taken from the 
medium. The latter samples had a larger volume, since less radioactivity was expected in 
the water column after depuration. Finally, the empty glass devices were rinsed with 
deionised water that was discarded. Then, the radioactivity possibly adsorbed to the glass 
walls was extracted with ethylacetate as described above (chapter 2.3.2). The radioactivity 
present in all water samples and in neonate and glass wall extracts was measured by 
means of LSC (chapter 2.7.3). The remaining water of the first bioconcentration 
experiment was extracted with ethylacetate (chapter 2.7.2) for qualitative chemical 
analysis with HPLC (chapter 2.7.4). 
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2.4.2 Bioaccumulation 
In this experiment, uptake of 14C-EE2 by daphnids was investigated in the presence of 
algae (Desmodesmus subspicatus), which served as a food source for the filter feeding 
organisms.  
Test setup 
One three weeks old daphnid was added to a 20 mL algae suspension with a density of 
0.7 * 106 cells/mL and a water concentration of 95 Bq/mL M4 medium (25 µg 14C-EE2/L). 
Forty-five such exposure suspensions were prepared in press-on lid glasses that were put 
in a climate chamber (20 ± 2 °C) and subjected to a 16/8 h light/dark cycle. About 7, 24 
and 48 h after introduction of the daphnids, fifteen replicates were sampled.  
Sampling  
Three water samples of 100 µL were taken from each exposure suspension at the 
beginning of the experiment to verify the start concentration by means of LSC (chapter 
2.7.3). At sampling time, the algal density in the suspensions was determined spectro-
photometrically (chapter 2.3.1, Fig. 2.3). Then, the glasses were emptied over a grid of 
stainless steel, which was put on top of a filtration station. In this way, daphnids were 
collected on the grid and the algae on the filter (chapter 2.7.1). The vessels were rinsed 
with 5 mL of M4 medium, which was also poured over the filter, to gather remaining algae 
and to obtain clean glasses before extraction of the glass wall (as in chapter 2.3.2). 
Another 5 mL of medium was used to rinse the daphnids and the algae on the filter. The 
sampled organisms were further treated as in the respective uptake experiments, 
described above (chapter 2.4.1 and 2.3.2), in order to determine internal concentrations of 
radioactivity. The filtrate was transferred to a graduated cylinder to measure its volume. 
From this volume and the above defined amounts of rinse medium, losses of water due to 
evaporation could be calculated. Afterwards, three water samples of 100 µL were taken 
and again subjected to LSC. The remaining water of 5 replicates was pooled to obtain 
enough radioactivity for HPLC analysis (chapter 2.7.4), which was performed after liquid-
liquid extraction with ethylacetate (chapter 2.7.2).  
2.4.3 Biomagnification 
In the following test, daphnids were exposed via a diet of 14C-EE2 spiked algae 
(Desmodesmus subspicatus) in order to investigate possible transfer of the test compound 
from primary producers to their consumers. Uptake of the test compound and/or its 
products by the daphnids from suspensions with a high algal density was evaluated over 
time. Furthermore, the accumulation in daphnids was compared after exposure to different 
densities of spiked algae for 24 h. In one approach, it was assured that all algae would be 
consumed within that time. The daphnids were not fed during 48 h in advance of the test. 
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Test setup 
Prior to daphnid exposure, sixteen gas wash bottles were prepared, in which algae 
suspensions with an initial density of 3.6 * 106 cells/mL were spiked with 14C-EE2 to obtain 
a concentration of 375 Bq/mL (100 µg 14C-EE2/L; 0.01% ethanol) in 100 mL M4 medium. 
The algae were exposed for 28 h under the same conditions as described in the algae 
uptake experiment (chapter 2.3.2), and then separated from the water by means of non-
destructive centrifugation (2 times, 10 min, 350g). Each pellet, containing the 14C-EE2 
spiked algae, was resuspended in 100 mL of fresh M4 medium and transferred to a clean 
gas wash bottle. Then, the cell concentrations were determined by spectrophotometrical 
measurement (chapter 2.3.1, Fig. 2.3) and amounted to about 3.2 * 106 cells/mL in 
average. Afterwards, three bottles were sampled to determine the fraction of 14C-EE2 
associated with the algal cells at the beginning of the test. From one flask of the thirteen 
remaining bottles, four times 19 mL and another four times 4 mL of the content was 
pipetted into eight separate flasks. M4 medium was added directly afterwards in an 
amount equal to the difference in volume with 100 mL, i.e. 81 or 96 mL. As such, the 
original algae suspension was diluted to 0.61 * 106 and 0.13 * 106 cells/mL. This last algae 
concentration was calculated to correspond to a total amount of algae that is filtered out of 
100 mL water by five daphnids within one day, using the individual based Daphnia magna 
population model of Preuss et al. (2009). To all twenty flasks, five daphnids with low egg 
status, to avoid reproduction, were added. All flasks were put in a climate chamber (20 ± 2 
°C) and subjected to a 16/8 h light/dark cycle. To keep the algae in suspension, gentle 
aeration was provided through a Pasteur pipette connected to an air blowing pump. Three 
times four of the twelve flasks containing algae at high density (3.2 * 106 cells/mL) were 
sampled at different time points, i.e. 10, 18 and 24 h after introduction of the daphnids. The 
bottles with suspensions of medium and low algal cell density were sampled after 24 h.    
Sampling  
To determine the initial internal concentration in the spiked algae, water and algae were 
separated by means of filtration, directly after centrifugation and resuspension of the pellet. 
Further sampling of the water phase and the algae, and subsequent measurements of the 
radioactivity in these compartments were performed as in the uptake experiment with D. 
subspicatus (chapter 2.3.2). After exposure of the daphnids, the final algal density was 
determined by spectrophotometrical measurement of the suspension (chapter 2.3.1, Fig. 
2.3). Water, algae, and daphnids were subsequently separated as was conducted in the 
bioaccumulation experiment (chapter 2.4.2). Further sampling of the organisms and 
extraction of the glass wall was also carried out according to the procedure of that and 
former tests. Only water samples of larger volumes were taken to obtain amounts of 
radioactivity above the limit of detection of the liquid scintillation counter (chapter 2.7.3). In 
the approach with the high algal density, three aliquots of 500 µL were collected. The 
remaining water was subjected to liquid-liquid extraction (chapter 2.7.2) and HPLC 
analysis (chapter 2.7.4). At lower algae concentrations, three 2 mL water samples were 
taken.  
MATERIALS AND METHODS 
51 
 
2.4.4 Metabolism 
Next to quantification of 14C-EE2 accumulation in daphnids, it was investigated whether 
the organisms transformed the compound and excreted possible products to the water 
phase. As was mentioned above, qualitative analysis of the exposure medium over time 
was performed using the remaining water of the above described bioconcentration tests 
(chapter 2.4.1). In the latter tests, the measurement of radioactivity in the organisms was 
performed using a destructive methodology (after combustion). Hence, 20 daphnids were 
separately exposed under the same conditions, afterwards. Since it was observed that the 
organisms took up only little fractions of the radioactivity (chapter 3.2.1), a high 
concentration of the test compound, i.e. 375 Bq/mL (100 µg 14C-EE2/L), was applied, and 
the exposure duration was set to 48 h. Afterwards, five daphnids were pooled for 
extraction. They were rinsed with uncontaminated medium, and then pestled in a mortar 
containing 1 mL of methanol. Before and after subsequent filtration of the extract  (0.2 µm 
Acrodisc® syringe filter with Supor® membrane; Pall Corporation; VWR international 
GmbH, Germany), 10 µL of the sample was subjected to LSC (chapter 2.7.3) to determine 
losses of radioactivity, which amounted to 20%. Finally, the daphnid homogenate was 
subjected to HPLC analysis (chapter 2.7.4). 
2.4.5 Effect of EE2 and algal transformation products 
To verify that EE2 did not affect the organisms at the test concentrations in the above 
described accumulation experiments, an acute toxicity test was performed according to 
OECD Guideline 202 (OECD, 2004a). Neonates (< 24 h old) as well as three week old 
daphnids were exposed to 0.0156, 0.0312, 0.0625, 0.125, 0.25, 0.5, and 1 mg EE2/L M4. 
Afterwards, the mortality of daphnids in the test solutions and in solvent controls (0.01% 
ethanol) and blanks (pure M4 medium) was compared.  
It will be shown that exposure of the alga D. subspicatus to EE2 results in the presence of 
two transformation products of the test compound in the water phase (chapter 3.1.2). To 
check the consequences of the possible appearance of these substances in the aquatic 
environment, both their estrogenic activity (chapter 2.8) and toxicity were determined. As 
for toxicity, again the OECD Daphnia sp. Acute Immobilisation Test (OECD, 2004a) was 
used since the EE2 products of concern were possibly available in the medium during 
formerly described tests with daphnids, to which algae were applied, namely the 
bioaccumulation (chapter 2.4.2) and biomagnification (chapter 2.4.3) experiments. Test 
solutions of both products were prepared after extracting them from suspensions, in which 
algae had been exposed to non-labelled EE2 for 24 and 72 h. At each of those time points, 
the conversion of EE2 to one of both products was maximal (chapter 3.1.2, Fig. 3.9, E). 
Exposure of the algae and subsequent separation of the cells from the medium were 
performed in the same way as in the algae uptake experiment (chapter 2.3.2). The 
products were purified from the water extracts by HPLC fractionation (chapter 2.7.4). After 
evaporation of the eluent (acetonitrile and water), the samples were resolved in ethanol 
and subjected to GC-MS (chapter 2.7.5). By this method, it was verified that only the 
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products and no impurities were present in the solutions. Furthermore, the concentration of 
the products in the samples could be determined by comparing their peak area in the 
chromatogram with the area of labelled products, obtained by analyzing samples from 
previous tests (chapter 2.3.3) with a known radioactivity content, and thus, of known 
concentration. Afterwards, the samples were diluted to obtain stock solutions at a 
concentration of 1 µM. Daphnids were finally exposed to EE2 and its algal transformation 
products at concentrations between 0.0625 and 1 nM (with a spacing factor of 2).  
2.5 Experiments with Chironomus riparius 
2.5.1 Uptake and elimination 
Uptake and elimination of radiolabelled EE2 by sediment dwelling larvae of the midge 
Chironomus riparius were studied in a system containing only water and a thin layer of 
sand. The sand was added to guarantee survival of the larvae, since they need a substrate 
to build the tubes in which they dwell (chapter 2.2.3). Being inert, it was assumed not to 
interact with the test compound. The larvae were not fed during the experiments in order to 
avoid shifts in the distribution of 14C-EE2. 
Test setup 
The uptake experiment was performed in gas wash bottles, which contained 90 mL of M4 
medium and 1.5 g of fine quartz sand (grain size: 50-70 µm; Sigma-Aldrich GmbH, 
Germany). 6750 Bq 14C-EE2 in 9 µL ethanol was spiked to the water phase, resulting in a 
nominal concentration of 75 Bq/mL (20 µg EE2/L) and a solvent concentration of 0.01%. 
After homogenization of the exposure solution, ten 4th instar larvae were added to the 
flask. The use of younger organisms was not practical, since they are too small to be 
differentiated from the substrate during sampling and to obtain enough biomass for 
analysis. The water was gently aerated by means of a peristaltic pump, connected to wash 
bottle inserts composed of a glass tube with a broad cylindrical end (chapter 2.5.2, Fig. 
2.4). The bottom of this cylinder was closed and the top consisted of a fritted glass plate, 
through which the overlying water was aerated without disturbing the sediment. Three 
bottles were prepared for each sampling time, i.e. 4, 10, 24, and 48 h after spiking the 
system.  
As for the elimination experiment, ten larvae were exposed for 24 h in the exact same way 
as described above. Afterwards, the organisms were carefully separated from the sand, 
rinsed and transferred to another wash bottle containing 50 mL of clear medium and 1.5 g 
of sand. Again three replicates were provided to sample after the uptake phase and after 
each of the planned elimination periods, i.e. 7, 24, and 48 h. Three additional bottles were 
prepared to examine possible metabolism of the test compound by chironomid larvae after 
24 h of exposure (chapter 2.5.4).  
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Both experiments were performed in a climate chamber (20 ± 2 °C) under a 16 h/8 h 
light/dark cycle. The light intensity during illumination periods was set to 15 µE*m-2*s-1. 
These test conditions are in accordance with the recommendations of OECD guidelines 
218 and 219, i.e. the Sediment-Water Chironomid Toxicity Tests Using Spiked Sediment 
and Water, respectively (OECD, 2004b; 2004c). 
Sampling  
Three samples of 250 µL water were taken, directly after spiking of the medium, in order to 
determine the actual 14C-EE2 concentration. After a given exposure or elimination 
duration, the sand and the organisms were collected with a glass spoon and put on a filter. 
Then, the larvae were gathered with a pair of tweezers and briefly kept in clear medium to 
wash external sand and exposure solution away. Afterwards, they were transferred to a 
pre-weighed paper cone, dried at 65 °C, weighed on a microbalance and subjected to 
combustion to measure their radioactivity content (chapter 2.7.3). Now, the rest of the 
medium was sucked through the filter (chapter 2.7.1) in order to remove the remaining 
sand. After rinsing the sand with 5 mL of deionised water and determination of the volume 
of the filtrate, three water samples were taken to measure the radioactivity in the medium 
by means of LSC (chapter 2.7.3). The sample volume was 250 µL after exposure and 2 
mL after elimination. The remaining water was subjected to liquid-liquid extraction (chapter 
2.7.2) and HPLC analysis (chapter 2.7.4). The sand was dried at 105 °C, and four portions 
of approximately 300 mg were brought in separate pre-weighed paper vessels. After the 
mass was determined, all samples were subjected to combustion. Finally, the empty bottle 
was cleaned with water, which was discarded. The glass walls were subsequently rinsed 
with ethylacetate, and aliquots of the extract were sampled for LSC as described in former 
experiments (chapter 2.3.2).  
2.5.2 Bioavailability in the presence of sediment 
Two further bioconcentration tests with chironomid larvae were performed. The aim was to 
investigate the bioavailability of 14C-EE2 for the organisms in a sediment-water system. 
Therefore, the distribution of the test compound between the overlying medium, larvae and 
artificial sediment was studied after both water and sediment spiking. Furthermore, vertical 
transport of the substance from the water phase in the sediment and subsequent 
partitioning between the different sediment constituents were determined. 
Test setup 
Both the formulated sediment and the reconstituted water were prepared and spiked as 
described in OECD guidelines 218 and 219 (OECD, 2004b; 2004c). In brief, the sediment 
consisted of 75% fine quartz sand, 20% kaolin clay (VWR International GmbH, Germany) 
and 5% finely ground and air dried peat (Torfwerk Albert Thomann GmbH, Germany) on 
dry mass. It was composed in a gas wash bottle, after which the medium was carefully 
poured onto the walls to avoid suspension of the sediment constituents in the water phase. 
The depth of the sediment layer (20 g dry weight) was about one fourth of the depth of the 
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overlying water (90 mL M4 medium) (Fig. 2.4). A total amount of 6750 Bq 14C-EE2 was 
added to each test vessel with ethanol as an auxiliary solvent, resulting in nominal 
concentrations of 20 µg EE2/L or 90 ng EE2/g sediment. Water spiking was performed as 
in the first bioconcentration experiment, described above (chapter 2.5.1). In this case, the 
sediment was free of EE2. Sediments were contaminated by spiking 10% of the quartz 
sand with the test compound dissolved in 0.5 mL of solvent. Prior to mixing the sand with 
the other sediment constituents, the ethanol was evaporated under a gentle N2 stream. 
After sediment spiking, clear M4 medium was added to the test vessel. Ten 4th instar 
larvae, starved for 6 h, were added to each flask and exposed for 24, 48, and 72 h. In case 
of water spiking, sampling was additionally performed after 9 h. For both exposure 
conditions, three replicates per sampling time were prepared. The overlying water was 
gently aerated without disturbing the sediment (Fig. 2.4), and the experiments were 
performed at the same temperature and with the same photoperiod as described above 
(chapter 2.5.1).  
 
Fig. 2.4 Picture of a gas wash bottle with an aeration insert, containing sediment, 
medium, and 10 larvae of the midge Chironomus riparius.   
The partitioning of 14C-EE2 among the different sediment constituents and its distribution 
over the depth of the sediment were assessed, 72 h after water spiking (6750 Bq/90 mL 
M4) under the same conditions. Three additional flasks were prepared for each test. 
Sampling  
The start concentration in the medium after water spiking was verified by measuring the 
radioactivity in three aliquots of 250 µL right before the larvae were added to the system. 
To determine the initial sediment concentration, three extra flasks with spiked sediment 
were prepared and sampled directly afterwards, i.e. without adding overlying medium.  
After exposure of the larvae, the water was carefully removed from the flasks with a 
Pasteur pipette without disturbing the sediment, and transferred on a pre-weighed and pre-
dried glass fibre filter to separate suspended solids from the water phase (chapter 2.7.1). 
After filtration, the filter with the suspended solids was rinsed with 5 mL of deionised water, 
dried in an exsiccator, weighed and combusted in a biological oxidiser (chapter 2.7.3). The 
volume of the filtrate was determined and three water samples of 250 µL were taken for 
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analysis by means of LSC (chapter 2.7.3). The remaining water was subjected to liquid-
liquid extraction (chapter 2.7.2) for HPLC analysis (chapter 2.7.4). The sediment was 
transferred from the bottle into small dishes to collect the larvae, which were further 
treated as described above (chapter 2.5.1). The sediment was subjected to centrifugation 
(30 minutes at 10,000g and 4°C; OECD, 2004b) to separate the interstitial water from the 
solid material. The radioactivity in 500 µL of pore water was measured by LSC (chapter 
2.7.3). After homogenizing the sediment, it was dried and sampled like the sand in the first 
bioconcentration experiment (chapter 2.5.1). Prior to extraction of the glass wall as in all 
former tests, the empty bottle was cleaned with water until all sediment was removed. 
To examine the vertical distribution of 14C-EE2, the sediment bed (ca. 2.4 cm thick) was 
divided in three layers: an upper layer (0 - 0.8 cm; where chironomid larvae dwelled), a 
middle layer (0.8 - 1.6 cm) and a bottom layer (1.6 - 2.4 cm). All layers were analyzed 
separately, as described above for the whole sediment. The partitioning of 14C-EE2 to the 
sediment constituents was investigated by separating sand, kaolin, and peat using a 
separation funnel. Therefore, the overlying water was removed from the system, analyzed 
and discarded. The sediment and 90 ml of uncontaminated M4 were stirred during 6 h on 
an orbital shaker (GFL 3017, GFL, Germany). Then, the mixture was transferred to a glass 
funnel with valves of polytetrafluoroethylene. After 6 minutes of sedimentation, the sand 
was collected by opening the tap. 24 h later, the peat was settled and tapped from the 
funnel. Since kaolin was still partly present in the water phase, both phases were 
separated by centrifugation at 3700g for 20 minutes. Three 250 µL water samples were 
taken from the supernatant and subjected to LSC. Of each solid fraction (sand, clay and 
peat), four samples were oxidized after being rinsed, dried and weighed. 
2.5.3 Bioaccumulation 
In this experiment, chironomid larvae were provided with an organic food source that was 
mixed to the sediment. Uptake of 14C-EE2 by the organisms was investigated after both 
water and food spiking.  
Test setup 
The experimental procedure was completely the same as in the bioavailability experiments 
(chapter 2.5.2), except for the composition of the sediment. Here, 100 mg of the peat was 
replaced by 100 mg finely ground fish flakes (Tetramin®). This is the recommended diet for 
chironomid larvae in standard toxicity tests, but is normally suspended in water and added 
to the medium (OECD, 2004b; 2004c). Water spiking was carried out as before. In case of 
food spiking, the 6750 Bq 14C-EE2 was dissolved in 0.5 mL of ethanol that was added to 
the food. The solvent was then allowed to evaporate prior to mixing it with the other 
sediment constituents. Three times 100 mg of fish flakes, spiked with this method, were 
combusted in advance of the test, to determine the radioactivity associated with the food at 
the beginning of the experiment (chapter 2.7.3). Uptake of the test compound by ten 4th 
instar chironomid larvae after both water and dietary exposure was compared by analysis 
of the systems after 24 and 48 h. The whole test setup was again conducted in triplicate.  
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Sampling  
The different compartments of the system were separated and sampled as described in 
the bioavailability experiments (chapter 2.5.2). The radioactivity in the overlying medium, 
larvae, sediment, interstitial water, suspended solids and glass wall surface extracts was 
measured directly by LSC (chapter 2.7.3) in case of liquid samples and after combustion in 
a biological oxidiser (chapter 2.7.3) in case of solid samples. 
2.5.4 Metabolism 
The organisms from the extra bottles, prepared with those of the elimination experiment 
(chapter 2.5.1), were extracted after 24 h of exposure to 14C-EE2. The ten larvae were 
separated from the sand, rinsed and transferred together to a mortar containing 1 mL of 
methanol. Further treatment of the extract was performed as described for daphnids 
(chapter 2.4.4). After HPLC analysis, the remaining homogenate was subjected to 
enzymatic hydrolysis with -glucuronidase (chapter 2.7.8).  
2.5.5 Effects of EE2 
In all bioaccumulation experiments, three additional systems without test compound were 
provided in order to compare larval survival, larval fitness (dry weight) and possible 
emergence of control and test organisms.  
An acute toxicity test was performed according to the Daphnia sp., Acute Immobilisation 
Test (OECD Guideline 202; OECD, 2004a) replacing the test organism. Freshly hatched (< 
24 h old) as well as 4th instar chironomid larvae were exposed to 0.0156, 0.0312, 0.0625, 
0.125, 0.25, 0.5, and 1 mg EE2/L M4. Afterwards, survival of larvae in the test solutions 
and in solvent controls (0.01% ethanol) and blanks (pure M4 medium) was compared.  
Furthermore, a chronic test was performed according to OECD Guideline 219, i.e. the 
sediment-water chironomid toxicity test using spiked water (OECD, 2004c). Twenty first 
instar chironomid larvae were exposed to 1.25, 2.5, 5, 10, and 20 µg EE2/L for 28 days. 
Next to the standard endpoints (emergence ratio and development time), the effect of 1 
and 10 µg EE2/L on the mouthpart structure of C. riparius larvae was studied after three 
weeks. Therefore, the head capsule was dissected under a stereoscopic microscope to 
detect possible deformities of the mentum, mandibles and antennae, as described by 
Vermeulen (1995).  
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2.6 Experiments with Danio rerio 
2.6.1 Uptake and elimination 
Bioconcentration of 14C-EE2 in the zebrafish was examined by performing uptake and 
elimination experiments.  
Test setup 
Twenty-five adult male zebrafish were collected from the stock. They can be distinguished 
from females by secondary sex characteristics, i.e. body contour and colour (Westerfield, 
2000). The fish were individually exposed to 6.7 Bq/mL (1 µg 4-14C-EE2/L, ring labelled, 
chapter 2.1; 0.01% ethanol) in ca. 800 mL (800 g) of tap water filled to 1 L glass vessels. 
The concentration in the test solution was verified by subjecting two 5 mL samples to LSC 
(chapter 2.7.3). Then, the fish were introduced to the test solution by carefully releasing 
them from the net, in which they were caught, without transferring water to the beakers. To 
investigate uptake of the test compound by the organisms over time, sampling of each 
time five replicates was performed 4, 7, 16, 24, and 48 h, afterwards. They were fed 24 h 
before the beginning of the test, and no food was supplied during exposure. The medium 
was not aerated over the course of the experiment, but during 5 days in advance, to 
assure O2 saturation at the start. The pH of the water was set to a value between 7.8 and 
8.3 using acetic acid (CH3COOH). The test vessels were placed in a temperature 
controlled water bath (26 ± 1°C) and subjected to a photoperiod of 16 h. Three control 
beakers containing one fish each were provided to daily check the most important water 
parameters. Next to O2 content, pH, and temperature, the nitrate/nitrite and hardness were 
followed up (JBL EasyTest 5 in 1, JBL GmbH, Germany). The quality of the medium and 
the experimental conditions were conform recommendations in standardized toxicity tests 
with D. rerio (OECD, 2009a; 2009b).  
Another twenty male adults were exposed in exactly the same way. After two days, five 
fish were sacrificed to verify the internalized amount of radioactivity within 48 h, as was 
already determined once in the uptake test described above. The other fish were collected 
on a grid of stainless steel, kept in clear water for a few seconds, and transferred 
separately to freshly aerated, uncontaminated water. Elimination of the test compound by 
each time five fish was evaluated 24, 48, and 72 h, afterwards.  
Sampling  
The fish were caught with a steel grid and briefly rinsed to remove EE2 containing water 
from the skin. The wet weight and length of the organisms were determined to check their 
fitness by comparing the condition factor (weight/length3; Versonnen et al., 2003) with the 
one of unexposed fish from control beakers. Then, they were killed by holding them in 
liquid nitrogen for a very short time. The dead fish were dried in an oven at 60°C, 
repeatedly weighed until a constant mass was obtained, and subsequently subjected to 
combustion (chapter 2.7.3). Two water samples of 10 mL were taken to determine the final 
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concentration in the medium by LSC (chapter 2.7.3). Losses of water volume due to 
evaporation were measured by weighing the remaining medium. In this way, the total 
amount of radioactivity in the water phase could be calculated. The medium of two test 
vessels, in which fish had been exposed to 14C-EE2 for 48 h, was extracted with 
ethylacetate (chapter 2.7.2) for HPLC analysis (chapter 2.7.4). 
Association of the compound with the glass walls of the test beakers was not evaluated in 
these and further fish tests, based on the results of former tests with other organisms 
(chapter 3.1.1; 3.2.1; 3.3.1). It will be shown with the aid of mass balances that this fraction 
was negligible after fish exposure as well (chapter 3.4.1). The unnecessary cleaning of a 
large amount of rather voluminous glass beakers would have required a lot of solvent. 
2.6.2 Biomagnification 
Zebrafish were exposed to 14C-EE2 in one dose via the diet. The total body burden of the 
test compound and/or possible metabolites and their distribution to the water phase was 
then evaluated over a short time period. Fish were repeatedly fed EE2-spiked prey in 
further experiments, where the distribution to the different fish tissues (chapter 2.6.3) and 
the effect on the VTG induction in males (chapter 2.6.5) were evaluated.   
Test setup 
The diet of the fish consisted of blackworms (Lumbriculus variegatus) exposed to 14C-EE2 
for three days. The detailed examination of bioaccumulation of the test compound in this 
benthic invertebrate was not part of the present study, but was subject of former research 
(Liebig et al., 2005; Daniels, 2009). Two hundred worms were synchronized in length (1 
cm) by artificial fragmentation (OECD, 2007) ten days before exposure to 128 Bq/mL (20 
µg 4-14C-EE2/L; ring labelled, chapter 2.1; 0.01% ethanol). In this way, it was guaranteed 
that they would not reproduce, i.e. regenerate, during the experimental period. The test 
solution was prepared in 1 L beakers containing 160 g of glass beads and 500 mL of 
aerated reconstituted water (OECD, 2007). Before transferring fifty worms to each of three 
test vessels, they were purged for 24 h in order to assure that all ingested sediment, 
available in the culture containers, was removed from the gut. After 72 h of exposure 
(20°C, 16 h/8 h light/dark rhythm), five worms were collected from the sediment surrogate 
of each exposure vessel and rinsed with uncontaminated medium. They were separately 
homogenized with a pestle in a mortar containing 1 mL of methanol. Then, the extract and 
another 0.5 mL of methanol, used to clean the mortar, were transferred to a scintillation 
vial and subjected to LSC (chapter 2.7.3). The average radioactivity per worm was 
determined, and amounted to about 169 ± 36 Bq/worm (27 ± 6 ng EE2 equivalent/worm). 
Next to this quantitative assessment, qualitative analysis of worm extracts was conducted 
by means of HPLC (chapter 2.7.4). Therefore, twelve of the remaining worms of each of 
the three exposure vessels were collected and homogenized together in the same way as 
described above. The extracts were then subjected to sterile filtration (as in chapter 2.4.4) 
to avoid obstructions by particles in the chromatograph.  
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Fifteen adult male fish were acclimatized to a diet of L. variegatus for three days before 
they were separately put in 1 L glass vessels filled with 800 mL of uncontaminated, 
aerated tap water. Six 14C-EE2 exposed blackworms were introduced to each beaker after 
being rinsed with clear water. They were consumed by the fish within 2 minutes. 24, 48, 
and 72 h afterwards, each time five replicates were sampled. The medium was prepared 
as in former fish tests described above and the test was performed under the same 
conditions (chapter 2.6.1).  
Sampling  
Sampling was conducted as described in the bioconcentration experiments (chapter 2.6.1) 
to determine the radioactivity in the water and fish.  
2.6.3 Distribution of 14C-EE2 to fish tissues after water and 
dietary exposure 
Tissue residues of radioactivity were determined in fish exposed to 14C-EE2 via the water 
phase or via a 14C-EE2 spiked diet. Two test series were performed. In a first experiment, 
the distribution of radioactivity in the fish after application via the different pathways was 
compared. Water exposed fish were subjected to different feeding regimes, and for dietary 
exposure, spiked larvae of the midge Chironomus riparius or adult Daphnia magna were 
used. In the second experiment, distribution of the test compound and/or its metabolites 
was studied over time. Fish were exposed via the water in the absence of food, or via a 
diet of spiked Lumbriculus variegatus.   
Test setup 
The first experiment was performed at the Fraunhofer Institute for Molecular Biology and 
Applied Ecology, Division Applied Ecology (Schmallenberg, Germany). Adult male fish 
were subjected to three different treatments with ethinyl labelled 14C-EE2 (chapter 2.1), i.e. 
exposure via the water (WE), via a diet of spiked chironomid larvae (chironomid exposure: 
CE) or via a diet of spiked daphnids (daphnid exposure: DE).  
Ten fish were individually exposed to a water concentration of 4 Bq/mL (1 µg 14C-EE2/L) in 
800 mL of water for 48 h. Five of them were fed twice with 30 mg brine shrimp nauplii (wet 
weight), once at the beginning of the experiment and once 24 h later. This test is further 
abbreviated as WE1. The radioactivity content of the medium was monitored immediately 
and 3, 5, 8, 24, and 48 h after spiking the test solution to the water. Therefore, two 
samples with a volume of 10 mL were taken at the beginning and the end of the 
experiment, and of 5 mL at the remaining sampling times. The other five WE fish were fed 
in the same way as WE1 animals, but only once, directly after spiking the medium (WE2). 
At the start of WE2, and 26, 30, and 42 h later, two times 10 mL of the water was 
subjected to LSC (chapter 2.7.3).  
Another ten fish were individually kept in 800 mL of uncontaminated medium for dietary 
exposure (CE and DE). For each of five fish, ten 4th instar chironomid larvae of similar size 
were added to separate bottles containing 100 mL of a 220 Bq/mL solution (60 µg 14C-
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EE2/L). After 24 h, three individuals of each beaker were rinsed and separately 
homogenized in methanol. Then, each extract was subjected to LSC (chapter 2.7.3) to 
determine the average content of radioactivity per larva, which amounted to 199 ± 27 Bq. 
Five of the remaining larvae were given to one fish, after rinsing them as well with 
uncontaminated water. They were consumed by the fish within two minutes. In this way, 
five fish were exposed to 1000 Bq (0.27 µg 14C-EE2-equivalent) in spiked chironomid 
larvae. These CE fish were analyzed 24 h afterwards. The other five fish were fed twice at 
two successive days with a diet of daphnids containing 1000 Bq and collected 48 h after 
the first food application. Therefore, thirty daphnids were exposed in 600 mL of water to 
220 Bq/mL. Again one test beaker was provided per fish. After 48 h, five daphnids of each 
separate vessel were rinsed and individually extracted in methanol as described previously 
(chapter 2.4.4). One spiked daphnid contained 41.5 ± 6.8 Bq. Hence, on average 24 
daphnids (1000 Bq) were fed to each fish. Although unexpected, only about half of the 
prey was eaten within 24 h. As an emergency solution, unconsumed daphnids were 
removed from the water at that time, checked for their internal radioactivity and replaced 
by the same amount of freshly exposed daphnids. Two times 10 mL of the medium 
surrounding the fish was sampled at the end of both the CE and DE experiment to derive 
the radioactivity content of the water phase.  
The test circumstances for exposure of fish, chironomids and daphnids were derived from 
previously performed experiments with the respective organisms (chapter 2.6.1, 2.5.1 and 
2.4.1). The remaining water of the beakers of WE1, CE and DE, in which fish had been 
exposed, was extracted with ethylacetate (chapter 2.7.2) for HPLC analysis (chapter 
2.7.4). The test solutions used for spiking chironomids and daphnids were subjected to 
chemical examination as well. Moreover, homogenates of the invertebrates, exposed as 
long as the ones used for application to the fish, were analyzed to determine the 
composition of the internalized radioactivity in the fish diet. Therefore, the remaining 10 
larvae of the spiking beakers (five times 2) and 60 daphnids of two additionally prepared 
exposure vessels were gathered, rinsed and extracted in methanol. Then, these samples 
were filtered (as described in chapter 2.4.4) and subjected to HPLC analysis (chapter 
2.7.4).  
In the second experiment, fifteen male zebrafish were separately exposed via the water 
(WE) and another fifteen via a diet of spiked blackworms (BE) in the exact same way as in 
the above described uptake (chapter 2.6.1) and biomagnification (chapter 2.6.2) tests, 
respectively. Each time five fish of both treatments were dissected after 24, 48, and 72 h. 
Furthermore, two 10 mL aliquots of the medium were taken for LSC measurements 
(chapter 2.7.3) at these sampling times. 
Sampling  
The fish were again caught with a steel grid and rinsed to remove EE2 containing water 
from the skin. After their length and weight were determined, they were anaesthetized in a 
saturated benzocaine (Sigma Aldrich, Germany) solution in tap water. From the numb fish, 
blood was collected by cardiac puncture with a syringe (Hamilton Company Europe, 
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Switzerland), in which 10 µL of a heparin solution (0.01 g/mL distilled water; Sigma Aldrich, 
Germany) was provided as an anticoagulant. The extra volume was noted down to derive 
the obtained amount of blood taken from the fish. Afterwards, the content of the syringe 
was transferred to a paper cone containing about 100 mg of cellulose. The syringe was 
rinsed two times with a small volume of water, which was also collected on the cellulose. 
The samples were dried in an oven and subjected to combustion (chapter 2.7.3). Direct 
determination of the radioactivity in the blood with LSC was not possible since the 
measurement was disturbed by the presence of red protein (oxygenated haemoglobin). 
The head was cut from the fish body with a pair of dissection scissors and further 
operations were conducted under a stereoscopic microscope. The opercula were removed 
using precision tweezers and the gills were collected. Afterwards, the skull of the fish was 
opened and the brain was carefully separated from the cranial cavity. The fish body was 
fixed in a Petri dish with the abdomen side up. A superficial incision was made along the 
ventral midline from the anus to the cranial side. Afterwards, the inner organs could be 
exteriorized. If full and visible, the gall bladder was cut off without breaking it by grasping 
the bile duct. It was subsequently transferred to a paper cone with cellulose, and thus, 
treated like the blood samples. Then, the liver was carefully separated from the gut, using 
another pair of clean precision tweezers. The gastrointestinal tract was completely excised 
preventing leaking of its content. At last, the gonads were gathered from the abdominal 
cavity. The skin was separated from the filet with a scalpel. Except for the gall bladder and 
the blood, all tissues were separately placed on small pre-weighed pieces of aluminium 
foil, dried in an oven at 60 °C, weighed on a microbalance and subjected to combustion 
(chapter 2.7.3).   
2.6.4 Metabolism 
From the quantitative results of the distribution experiments (described in chapter 2.6.3), it 
could be derived that large amounts of radioactivity were present in the gall bladder of the 
fish after both water and dietary exposure (chapter 3.4.3, Table 3.14 and Table 3.15). As 
was mentioned in the introduction, possible 14C-EE2 conjugates could be expected in the 
latter organ since products of detoxification in the liver are stored there (chapter 1.2.3). 
Hence, bile samples were collected to compare the metabolism of 14C-EE2 by Danio rerio 
after uptake of the compound via different routes. Therefore, ten fish were exposed via the 
water to 1 µg 14C-EE2/L (as in chapter 2.6.1), and another ten were fed a diet of 14C-EE2-
spiked blackworms (as in chapter 2.6.2). Two days later, the gall bladder of each fish was 
excised as described above (chapter 2.6.3). The organs of ten fish, which underwent the 
same treatment, were collected in 1 mL 0.1 M sodiumcitrate buffer (pH: 5). Both samples 
were stored at -18°C for 24 h and held in an ultrasonication bath for 10 min, afterwards. 
Then, they were subjected to qualitative HPLC analysis (chapter 2.7.4). The remaining 
volume was used to identify the detected products by cleavage of the assumed conjugates 
with sulphatase and -glucuronidase (enzymatic hydrolysis; chapter 2.7.8), following a 
second HPLC run.   
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2.6.5 Effects of EE2 after both water and dietary exposure 
Whereas a high concentration or dose of radiolabelled EE2 was applied in the short term 
bioaccumulation experiments, described above (chapter 2.6.1; 2.6.2; 2.6.3), effects on the 
organisms were tested after longer exposure to smaller EE2 amounts via the water or via 
an EE2-spiked diet. To compare the different treatments, a 14-day semi-static assay was 
designed with the blood plasma vitellogenin (VTG) content as an endpoint. The test was 
performed at the Fraunhofer Institute for Molecular Biology and Applied Ecology, Division 
Applied Ecology (Schmallenberg, Germany) and the setup was based on the Fish, 
Prolonged Toxicity Test of 14 days (OECD, 1984) and adapted to the previously described 
investigation performed at this institute (chapter 2.6.3). Nowadays, an OECD guideline is 
available, in which recommendations are given to measure this biomarker in experiments 
with amongst others zebrafish as a test species (OECD, 2009b). This document was not 
published at the time the present experiment was performed, and was developed for a 
different purpose, i.e. to screen chemicals with possible estrogenic activity by exposure via 
water only. The most important differences are the advised duration of 21 days, the 
simultaneous exposure of males and females in groups, and the use of a flow through 
system. The measurement of VTG however was performed according to the guideline. 
Test setup 
Twenty sexually mature male zebrafish of similar sizes were collected for the tests, since it 
is important to minimize weight differences at the beginning of the assay (OECD, 2009b). 
Four times five fish were subjected to four different treatments: (1) exposure via the water 
to 16 ng EE2 in 0.8 L, (2) exposure via a diet of chironomid larvae containing 16 ng EE2-
equivalent applied once every second day, (3) exposure via a diet of daphnids containing 
8 ng EE2-equivalent applied once a day, and (4) addition to medium containing only 
0.01% solvent. 
For this purpose, twenty glass beakers were filled with 800 g of copper-free tap water. Five 
of the vessels were spiked with 80 µL of a 2 mg/L solution of unlabelled EE2 in ethanol (1), 
and to another five the same amount of uncontaminated solvent was added (4). To each of 
the twenty beakers, one fish was transferred. Directly afterwards, the control animals (4) 
and those subjected to water exposure (1) were fed 30 mg of rinsed brine shrimp nauplii. 
Five of the remaining ten fish in uncontaminated medium were given spiked chironomids 
at the same moment (2), and the other five were fed spiked adult daphnids at that time and 
24 h later (3). The medium or test solution was renewed every second day, and the above 
described feeding procedure within two successive days was continued over the course of 
the experiment.  
To obtain spiked invertebrates, six 4th instar chironomid larvae or six daphnids were 
exposed to 20 µg EE2/L in 100 mL test vessels filled with 60 mL of M4 medium. The 
beakers for the exposure of larvae additionally contained 1 g of sand. Five beakers with 
chironomids and five with daphnids, i.e. one for each fish intended for dietary exposure, 
were prepared every second day. Uptake in the organisms was checked by providing an 
extra vessel for each invertebrate, in which again six individuals were exposed in a 
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radioactive test solution (20 µg 14C-EE2/L) under the same circumstances. Before feeding 
the fish from the other beakers, the average amount of internalized radioactivity was 
determined in three 14C-EE2-spiked daphnids/chironomids, collected from the radioactive 
references. Thereto, the invertebrates were separately extracted in methanol (as in 
chapters 2.4.4 and 2.5.4). Then, it was calculated how many non-radioactive EE2-spiked 
daphnids or larvae had to be fed to one fish in order to obtain the desired dose, i.e. 8 or 16 
ng EE2-equivalent, respectively. On average 1.5 daphnids, two on the first and one on the 
second day (3), or 2 chironomids, every second day (2), were applied to the fish after 
rinsing them with fresh medium. Except for one individual of the treatment with daphnids, 
the fish ate all available food within 2 minutes.  
Sampling  
After 14 days, the length and weight of all fish were determined. Then, the animals were 
anaesthetized in a saturated benzocaine solution in tap water. Blood was collected by 
cardiac puncture with a syringe (0.3 mL; MYJector, Terumo Europe N.V., Belgium). To 
avoid coagulation of blood and degradation of proteins in the samples, the syringe was 
prefilled with 100 µL of a phosphate-buffered saline (PBS) solution containing the 
anticoagulant heparin (1000 units/mL; Sigma Aldrich, Germany) and the protease inhibitor 
aprotinin (2 trypsin inhibitory units/mL; Sigma Aldrich, Germany). The blood samples were 
transferred to 0.5 mL test tubes (Eppendorf Safe-Lock Tubes; VWR International GmbH, 
Germany), which were fixed in crushed ice. Immediately after the blood of one fish was 
collected, the tube was closed and put in a container with liquid nitrogen. When all 
samples were taken, they were unfrozen and centrifuged (20 min; 5000g) at 4°C to 
separate the plasma from the blood. The plasma samples were subsequently stored at  
-80°C until required for analysis.  
Determination of the plasma protein and vitellogenin content 
Since only a small amount of blood can be extracted from zebrafish (20 - 40 µL), it is 
difficult to accurately determine the collected volume. Hence, the total protein content of 
the plasma samples was measured first. Afterwards, the VTG concentration was quantified 
and divided by the obtained protein content. The induction of VTG in exposed fish was 
then expressed as the amount of VTG (ng) per unit of protein mass (µg), and compared to 
the values derived from solvent control animals.  
The protein content was measured by means of a Pierce BiCinchoninic Acid (BCA) Protein 
Assay Kit (Thermo Fisher Scientific Inc.; Sigma Aldrich, Germany). The test combines the 
reduction of Cu2+ to Cu1+ in the presence of protein in an alkaline medium (the biuret 
reaction) with the possibility of colorimetric detection of the cuprous cation (Cu1+) by BCA. 
The chelation of two BCA molecules with one reduced copper ion results in the formation 
of purple BCA/copper complexes. The subsequent shift in colour is linearly proportional to 
the amount of protein in the test medium and can be measured spectrophotometrically 
since the complexes exhibit absorbance of light with a wavelength of 562 nm. The test was 
performed in 96-well microtiter plates. A standard of 500 µg/mL bovine serum albumin 
(BSA) in PBS was applied to one well and serially diluted (1:2) down to a concentration of 
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7.8 µg/mL in six further wells of one row of the plate. The volume in each well was set to 
25 µL. Of the plasma samples, 2.5 µL was mixed with 22.5 µL PBS before being applied to 
one well. Both the standard series and the 1:10 diluted samples were provided to the plate 
in duplicate. Furthermore, to two wells, only PBS was added to account for non-specific 
binding (NSB). Afterwards, the reagents of the test kit were mixed and 200 µL of the 
solution was given to each well. The plates were incubated at 37°C for 30 minutes and 
then cooled to room temperature. Finally, the absorbance at 562 nm (A562nm) was 
measured by means of a microplate reader (Infinite® 200; Tecan Group Ltd., Germany). 
Subsequently, the average A562nm obtained from the NSB wells was subtracted from the 
mean values of replicate standard and plasma samples. To the corrected A562nm data (y) of 
the standard series with known protein content (x), a linear regression curve was fit. From 
its equation (y = a*x) and the A562nm values measured in plasma samples, and taking the 
dilution factor into account, the plasma protein concentration of the test fish could be 
calculated.  
The VTG content of the plasma samples was quantified using a zebrafish VTG Enzyme-
Linked ImmunoSorbent Assay (ELISA) kit purchased from BiosenseTM Laboratories 
(Norway). The wells of 96-well microtiter plates delivered in the test kit were pre-coated 
with a specific capture antibody that binds to VTG present in samples added to the wells. 
By several washing steps, unbound components are removed. Then, another VTG-specific 
detecting antibody bound to an enzyme-labelled secondary antibody is applied. In this 
way, VTG is sandwiched between both specific antibodies. The enzyme conjugated to the 
secondary antibody is horseradish peroxidase that reacts with o-phenylenediamine (OPD), 
added to the wells as a substrate, leading to a shift in the colour of the medium from yellow 
to purple. The colour intensity can be measured spectrophotometrically (A492nm) and is 
proportional to the amount of VTG present in the samples. Similarly as in the protein 
assay, a 1:2 dilution series of a standard (56.3 - 0.9 ng VTG/mL; 100 µL/well) was applied 
to the plate in two-fold. Furthermore, two wells were provided with 100 µL of the dilution 
buffer only (PBS - 1% BSA; NSB-wells). Two different dilutions of each plasma sample 
were made. Those of control fish were diluted 1:75 and 1:150 and those of exposed fish 
1:20,000 and 1:40,000. From all sample dilutions, 100 µL was added to the plate in 
duplicate. Afterwards, the plate was sealed and incubated at room temperature for 1 h. 
Then, it was emptied and washed three times with 200 µL of a PBS - 0.05% Tween-20 
buffer. 100 µL of the detecting antibody in dilution buffer was added to each well. Following 
a second incubation period (1 h, ca. 20°C), the plate was again washed three times with 
washing buffer. After all wells were filled with 100 µL of diluted secondary antibody, the 
plate was incubated a third time and subsequently washed five times. Finally, 100 µL of 
substrate solution was applied to each well. The plate was incubated in the dark at room 
temperature for 30 min. The reaction was then interrupted by addition of 50 µL 2M H2SO4. 
Five minutes later, the A492nm was read (Infinite® 200; Tecan Group Ltd., Germany). The 
standard and sample values were corrected for NSB. To the data of the standard series, a 
curve with equation y = a*xb was fit. If the coefficient of determination (R2) was lower than 
0.99, data points deviating from the linear log-log function were omitted. The unknown 
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VTG content (x) of diluted plasma samples was derived using the average A492nm 
measured (y). Since the values of fish exposed via spiked daphnids were beneath the 
working range of the standard curve, determination of the VTG content in the samples was 
repeated after diluting them less strong. Measurement of these samples was finally 
possible, when they were treated like control samples, i.e. diluted 1:75. 
2.7 Chemical analyses 
2.7.1 Filtration 
Different filters were tested for their suitability to separate algae (few µm) and suspended 
solids (> 0.45 µm) from the test medium without binding the test substance. Membrane 
filters with an exact pore size of 0.45 µm were not feasible for combustion and retained a 
lot of EE2. For example, after filtration of 100 mL of M4 spiked with 75 Bq 14C-EE2/mL 
using a Supor® polyethersulfone membrane disc filter (Pall corporation; VWR international 
GmbH, Germany), only 77.8 ± 0.6% was recovered in the filtrate. Therefore, a filter 
consisting of 100% borosilicate glass fibres was selected (Whatman GF/C, pore size 1.2 
µm; VWR international GmbH, Germany). Losses of EE2 on this filter were shown to be 
minimal (recovery of 99.5% ± 0.4%). Moreover, it is often used as a standard filter for 
separation of both algae and suspended solids from aqueous media. 
2.7.2 Extraction 
Prior to analysis with GC-MS, HPLC and LC-MS/MS, water samples were subjected to 
liquid-liquid extraction (LLE) with ethylacetate. This extraction technique was shown to be 
much more efficient compared to other available, and often highly complex methods 
(Clouzot et al., 2008) with recovery rates of 95 ± 4% and 96 ± 1% (Ying and Kookana, 
2003; Ying et al., 2003). After determination of the volume of the sample, a similar amount 
of ethylacetate was added to the medium and the mixture was shaken for 20 min at 250 
rpm on an orbital shaker (GFL 3017, GFL, Germany). Then, the solvent and the water 
were allowed to separate, after which the upper (organic) phase was transferred to a 
round-bottomed flask. The sample was subsequently concentrated by means of a rotary 
evaporator (R-114, Büchi Labortechnik GmbH, Germany). The residual volume (ca. 500 
µL) was quantitatively transferred to glass vials for HPLC or GC and the remaining solvent 
was evaporated under a gentle nitrogen stream. Depending on the method for further 
analysis, the extract was resolved in a defined volume of methanol (Rotisolv® HPLC 
gradient grade, Carl Roth, Germany) or ethylacetate. 
In a preliminary experiment, in which 100 mL of M4 medium was spiked with 75 Bq 14C-
EE2/mL (4 replicates), 99.8 ± 0.5% of the radioactivity could be detected in the 
ethylacetate phase after extraction. After exposure of algae, daphnids and chironomids, 
recovery was more than 95%. No clear separation of the water and the ethylacetate 
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phases was obtained during LLE of the medium after fish exposure. These tests were 
performed in copper-free tap water that might have contained less salt compared to M4 
medium. Moreover, the presence of water soluble organic fish excretes might have 
complicated the separation process. Therefore, sodium chloride was added to the water 
until a clear distinction between both phases was observed. Afterwards, recovery of the 
radioactivity was about 80%. It was shown that after one extraction step no further 
radioactivity could be collected by repeating the procedure (data not shown).  
2.7.3 Determination of radioactivity in liquid and solid samples 
Liquid samples from all experiments were transferred to scintillation vials (Polyethylene 
vials of 6 or 20 mL, Perkin Elmer, Germany) and mixed with an adequate volume of 
scintillation cocktail (LumaSafe PlusTM, Perkin Elmer, Germany). The maximum capacity of 
this cocktail for aqueous samples is a 1:1 (v/v) mixture. However, in all experiments except 
for the fish elimination study, an amount of cocktail of at least ten times the sample volume 
was added to each sample. To organic samples, no less than the same volume of cocktail 
was added. The number of disintegrations per minute (dpm) of radioactive atoms was 
determined in a liquid scintillation counter (LS 5000 TD, Beckman Instruments GmbH, 
Germany) and recalculated to the number of disintegrations per second (dps or Bq).  
Dry solid samples of maximum 0.3 g were combusted in a biological oxidizer (OX500; RJ 
Harvey Instruments Corporation, USA). Filters were combusted as such, whereas 
sediment and organism samples were collected in pre-dried and pre-weighed paper cones 
(Perkin Elmer, Germany) or self-made aluminium vessels. The 14CO2 produced during 
oxidizing was trapped in a scintillation vial containing 15 mL of scintillation cocktail 
(Oxysolve C-400; Zinsser Analytic GmbH, Germany) that was subsequently subjected to 
LSC. The recovery of this process was determined by comparing the known radioactivity 
of 10 µL of a standard solution (SV) with the radioactivity measured after combusting 
paper cones filled with cellulose spiked with 10 µL of this standard (CV). The amount of 
radioactivity in samples was then calculated by subtracting blank values (BV), obtained by 
combusting clear cellulose, from the measured values (MV), and multiplying the result by 
the combustion factor, i.e. (SV-BV)/(CV-BV), to correct for losses during the combustion 
process. BV, CV and SV are the mean values of at least three replicates. 
2.7.4 HPLC with radiodetection  
HPLC analyses were performed with an Agilent HPLC-System (1100 Series; Agilent/ 
Hewlett Packard, Germany), equipped with a Nucleosil 100-5 C18 HD reversed phase 
column (250 mm x 4 mm; Macherey Nagel GmbH, Germany) and pre-column (20 mm x 4 
mm; CS Chromatographie Service, Germany), an autosampler, a degasser and a diode 
array detector. The system was coupled to an online liquid scintillation (LS) flow 
radiodetector, consisting of a LS-pump and a radiodetection unit (Ramona 171; Raytest 
Isotopenmess-geräte GmbH, Germany) with a cell volume of 1300 µL. Aliquots of 100 µL 
per sample, containing between 500 and 2000 Bq, were injected. A run of 40 min was 
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programmed, in which the composition of the mobile phase that consisted of water (Milli-Q 
purified by filtration on a 0.22 µm membrane filter) and acetonitrile (HPLC grade; Carl 
Roth, Germany), was varied according to the following gradient. During 22 min, the 
acetonitrile fraction was linearly increased from 25 to 90%. This was kept isocratic (90% 
acetonitrile/10% water) for 5 min, after which the gradient was linearly set back in 10 min 
to the initial condition (25% acetonitrile/75% water) that was kept constant for 3 more min, 
before starting the next run. The flow rate was 1 mL/min and the column temperature 
35°C. After separation on the column and before entering the detector, the solutes and 
eluent were mixed with scintillation cocktail (Quicksafe Flow 2; Zinsser Analytic GmbH, 
Germany) by the LS-pump at a flow rate of 2 mL/min. In this way, radioactive solutes were 
selectively monitored resulting in chromatograms that only contain peaks of compounds 
with a 14C atom in their molecular structure. The LOD of the method amounts to 50 Bq. 
Repeated HPLC runs of the same sample were accomplished in order to purify detected 
14C-EE2 products (chapter 3.1.2). The column was disconnected from the detector to trap 
the compounds directly after eluting from the column. As the retention time indicated by a 
peak in a chromatogram differs from the time a compound leaves the column due to the 
distance between the column and the detector, a first run was performed to determine this 
time gap. In this run, the mobile phase was collected in liquid scintillation vials in 30 
second intervals starting two minutes before and to be sure also continuing one minute 
after the peak. After measuring the radioactivity in these fractions by LSC, it could be 
determined in which time frame(s) the eluent contained the desired product(s). Afterwards, 
several runs were carried out during which the products were gathered in round bottomed 
flasks until enough material was collected for GC-MS (chapter 2.7.5) and HPLC-MS/MS 
(chapter 2.7.6) analyses with the aim of structure clarification.   
2.7.5 GC-MS 
Chromatographic separation was performed with an Agilent 6890 N gas chromatograph 
(Agilent Technologies, Germany) equipped with a 30 m x 0.25 mm x 0.25 µm capillary 
column (Optima® 35 MS, 35% cyanopropylphenyl – 65% dimethylpolysiloxane, Macherey-
Nagel GmbH, Germany). The gas chromatograph was connected to an HP 5971A electron 
impact (EI) mass selective detector (Hewlett Packard, California, USA), which was 
operated in scan mode (50 – 500 for underivatized and 50 – 650 for derivatized samples) 
with an electron energy of 70 eV. Helium was used as carrier gas at a flow rate of 1.1 
mL/min. A sample volume of 1 µL was injected in splitless mode at an injector temperature 
of 250°C. The temperature program was set as follows. The initial temperature of 50°C 
was held for 5 min, and then ramped at 18°C/min to 250°C. After a second ramp of 
8°C/min to the final temperature of 325°C, the column was kept isothermal for 5 min. 
The column described above allows detection of underivatized EE2, in spite of the low 
volatility of the compound. However, a second peak appears in the chromatogram of 
standard samples (Fig. 2.5, A) that was identified by its mass spectrum as estrone (E1). 
Most probably, a part of EE2 breaks down at the injector resulting in the formation of E1. In 
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case EE2 was derivatized, degradation could be avoided and a single peak was obtained 
(Fig. 2.5, B). 
 
Fig. 2.5 Gas chromatograms of underivatized (A) and derivatized (B) 17-ethinyl-
estradiol standards  
Derivatization of EE2 was performed by adding 100 µL of N-methyl-N-trimethylsilyltrifluoro-
acetamide (MSTFA; Fluka, Switzerland) to dry sample residues, after evaporation of the 
solvent under a gentle nitrogen stream. The reaction was accomplished at 70°C for 30 min 
and results in the formation of the trimethylsilyl derivative of EE2 (TMS-EE2; 440 g/mol; 
Fig. 2.6). 
 
Fig. 2.6 Molecular structure of di-(trimethylsilyl)-17-ethinylestradiol  
The retention time of E1, EE2 (Fig. 2.5, A) and TMS-EE2 (Fig. 2.5, B) were 20.95, 21.38 
and 20.20 min, respectively. 
The detection limits (LODs) of both derivatized and underivatized EE2 were determined as 
the concentration resulting in a peak with a height of at least three times the background 
signal in the chromatogram. Therefore, standard solutions at concentrations of 0.05, 0.1, 
0.2, 0.5, 1, 2, 5, 10, and 20 ng EE2/µL were prepared in 200 µL ethylacetate. Then, 100 
µL of each solution was transferred to separate GC-vials and the solvent was evaporated 
for subsequent derivatization. After GC-analysis of the EE2 and TMS-EE2 concentration 
series, the peak areas were determined by integration in order to develop calibration 
curves of the area in function of the concentration (Fig. 2.7). 
20 21 22 23 21 19 20 22 
A B 
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Fig. 2.7 Integration results after gas chromatographic analysis of a standard series of 
17-ethinylestradiol (EE2) and its trimethylsilyl derivative (di-TMS-EE2) 
presented as the peak area in function of the nominal concentration (ng/µL) 
The LOD of EE2 was 1 ng/µL, whereas its silylated derivative had a lower LOD and could 
be detected from 0.1 ng/µL. For this reason and to avoid artefacts due to the occurrence of 
E1 (Fig. 2.5, A), water samples taken for quantitative examination of the EE2 content were 
analyzed after derivatization. The concentration was then calculated from the equation of 
the calibration curve of an external standard series (constructed as in Fig. 2.7) after 
determination of the area under the peak of the unknown sample at a retention time of 
20.2 min. With respect to the LOD and to avoid extrapolation, the extracts were resolved in 
a suitable volume of solvent to assure measurable concentrations in the range of the 
standard series, i.e. 40 - 0.625 ng EE2/µL with a dilution factor of 2.  
2.7.6 HPLC-MS/MS 
Water extracts containing biotransformation products of EE2 were subjected to HPLC 
coupled to high resolution MS. These analyses were carried out at the Department of 
Environmental Chemistry of the Swiss Federal Institute of Aquatic Science and 
Technology (EAWAG, Dübendorf, Switzerland). The HPLC system consisted of a Flux 
Instruments Rheos 2200 pump (Flux Instruments AG, Switzerland) and a PAL 
autosampler (CTC Analytics AG, Switzerland). High resolution MS was performed using 
the combined LTQ-OrbitrapTM mass analyzer (Thermo, Massachusetts, USA). Prior to 
ionization, the eluent was mixed with 0.03 mL/min 2.5% ammonia solution using a tee 
branch in order to improve the ionization efficiency. Ionization was done in the negative 
mode of electrospray with source voltage of 4.0 V, capillary temperature of 325°C, and 
capillary voltage of 18 V. EE2 metabolites were detected by accurate full scan mode using 
external standard calibration. Simultaneously to the full scan orbitrap mass spectrum at a 
resolving power of 100,000, corresponding data dependent full scan MS/MS spectra were 
acquired with unit resolution. Parent masses of the metabolites were determined by a 
chemical formula calculator (Thermo Electron, California, USA). Further confirmation for 
distinct identification was achieved by a numerical isotopic pattern match and MS-MS 
fragmentation. 
MATERIALS AND METHODS 
70 
 
2.7.7 TLC 
Thin layer chromatography (TLC) was carried out to detect possible products of 14C-EE2 in 
algae extracts. Chromatographic separation was performed on a silica gel plate (SiL G-25 
UV 245, 20 cm x 20 cm, Mackerey Nagel, Germany). Samples were diluted to obtain 80 
Bq in a solvent volume of 10 to 100 µL that was loaded on the plate with the aid of a semi-
automatic sample applicator (Linomat 4, Camag, Germany). The aliquots were plotted at 3 
cm from the border of the plate, after which the solvent was allowed to evaporate. 10 µL of 
a 5 g/L non-labelled EE2 standard in ethylacetate was additionally applied to the plate (co-
chromatography). Solvent mixtures of ethylacetate/chloroform (20:80, 50:50, and 70:30 by 
volume) and acetonitrile/water (80:20 and 90:10) were tested for their suitability as mobile 
phases. The plate was put in a glass chamber with its bottom in solvent mixture that was 
subsequently run through the plate up to 4 cm from the top. Separated 14C-peaks were 
located and quantified by means of a Tracemaster 40 radiochromatogram scanner 
(Berthold, Germany). The non-labelled EE2-standard was visualized under UV at 254 nm 
and its retention factor (Rf: distance travelled by the compound divided by the distance 
travelled by the solvent front, here 13 cm) was determined for the different eluents used.  
2.7.8 Enzymatic hydrolysis 
Extracts of invertebrates and fish bile, in which more polar products of 14C-EE2 were 
detected after HPLC analysis, were subjected to enzymatic hydrolysis. It was assumed 
that conjugates of EE2 with glucose, glucuronic acid, or sulphate were formed, based on 
literature concerning the metabolic fate of steroid hormones, or EE2 itself, in organisms 
(amongst others: Baldwin and Leblanc, 1994; Schultz et al., 2001; Liebig et al., 2005). 
Furthermore, the products were not believed to originate from biodegradation of the EE2 
molecule because of the persistence of this compound (chapter 1.2.3). To test whether the 
organisms synthesized glucuronides and/or sulphatides (sulphate esters), enzymes that 
cleave these compounds were purchased from Sigma Aldrich (Germany), i.e. -
glucuronidase (1000 units/mg) and sulphatase (25 units/mg + traces of -glucuronidase). 
The enzymes were added to the extracts, as described below, to evaluate whether a 
suitable substrate was present in the sample. If this was the case, hydrolysis of the 
conjugate would give EE2 as a reaction product.  
A part of the volume, corresponding to about 5000 Bq of radioactivity, was taken from the 
extracts and transferred to a flask with a coned bottom. This flask was subsequently 
placed in a water bath of 40 °C and attached to a rotary evaporator. After the solvent was 
completely removed, the concentrate was dissolved in a 4 mL 0.1 M sodiumcitrate buffer 
(pH: 5). Then, one of the enzymes, i.e. 1000 units of -glucuronidase or 250 units of 
sulphatase (including < 30 units of glucuronidase), was added to the sample. The flask 
was shaken in a 37 °C water bath for 24 h. Afterwards, the solution was extracted with 
ethylacetate (chapter 2.7.2), the organic fraction was concentrated, the solvent was 
evaporated, and the extract was resolved in 400 µL of methanol for HPLC analysis 
(chapter 2.7.4). The chromatograms of the sample before and after enzymatic hydrolysis 
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were then compared. The presence of a conjugate was revealed, if there was one peak 
present before the reaction with a specific enzyme that was absent or smaller afterwards, 
while an EE2-peak appeared or had a relatively higher area.  
2.8 In vitro reporter gene assays 
The estrogenic activity of EE2 transformation products, which were detected in the water 
after exposure of algae (chapter 3.1.2), was compared to the potencies of E2 and of the 
parent compound itself by means of two different in vitro assays: the Yeast Estrogen 
Screen (YES, chapter 2.8.1) and the Estrogen Responsive Chemically Activated 
LUciferase Gene eXpression assay (ER CALUX, chapter 2.8.2). The preparation of stock 
solutions of the products was described above, as they were also used in acute toxicity 
tests with daphnids (chapter 2.4.5). In brief, non-labelled EE2 was applied to an algal 
suspension, and the medium was collected after 24 and 72 h, as performed in the algae 
uptake experiment (chapter 2.3.2). The products were purified from the water extracts by 
HPLC fractionation (chapter 2.7.4). After evaporation of the eluent, the extract was 
resolved in ethanol. The samples were subsequently subjected to GC-MS analysis 
(chapter 2.7.5) to determine the concentration of the algal transformation products, and 
were then diluted to 1 µM.  
2.8.1 YES 
The YES assay was performed as previously described by Routledge and Sumpter (1996). 
Briefly, yeast cells (Saccharomyces cerevisiae) are transfected with the human estrogen 
receptor (hER) gene, together with expression plasmids carrying the lac-Z reporter gene 
encoding the enzyme -galactosidase. In the YES, these cells are incubated in medium 
containing the test chemical and the chromogenic substrate chlorophenol red--
galactopyranoside (CPRG). Active ligands, binding to the hER, induce expression of the 
reporter gene and subsequent secretion of -galactosidase in the medium. This leads to 
conversion of the normally yellow substrate CPRG into chlorophenol red, which causes a 
shift in the colour of the medium that can be measured spectrophotometrically at 540 nm. 
Yeast growth is measured as turbidity at 620 nm.  
50 µL aliquots of the stock solutions of the test compounds (1 * 10-6 M) and positive 
controls of EE2 (2 * 10-9 M) and E2 (4 * 10-8 M) were serially diluted (1:2) with ethanol on a 
96-well microtiter plate. E2 was applied to one row of the plate and the other chemicals 
were tested in duplicate. Another row of ethanol controls was included to each plate. The 
assay was performed in triplicate. After allowing the solvent to evaporate to dryness, 200 
µL of the growth medium containing CPRG and yeast cells was added to each well. Then, 
the plates were incubated at 32°C for three days, after which the absorbances at both 540 
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and 620 nm (A540nm and A620nm) were measured with a Tecan Infinite® 200 Reader (Tecan 
Group Ltd., Germany).  
2.8.2 ER CALUX 
The results of the YES were compared to those obtained from a second in vitro reporter 
gene assay. The ER CALUX assay was developed and first described by Legler et al. 
(1999) and performed at BioDetection Systems B.V. (Amsterdam, The Netherlands) 
according to Sonneveld et al. (2005). In short, T47D human breast cancer cells are stably 
transfected with an estrogen receptor-mediated luciferase reporter gene construct 
(pEREtata-Luc). Exposure of these cells to estrogenic active compounds induces the 
transcription and translation of luciferase. The reaction of this enzyme with the substrate 
luciferin (in presence of O2 and ATP) results in the production of light. This luminescence 
can be quantified as a measure for the luciferase activity, and thus in this assay, for the 
estrogenic activity of the test compound. 
The ER CALUX cells were plated into 96-well microtiter plates in assay medium (DF: 1:1 
mixture of Dulbecco’s modified eagle medium and Ham’s F12 medium supplemented with 
fetal calf serum and free of phenol red). After 24 h of incubation at 37°C (7.5% CO2, 100% 
humidity), the assay medium was refreshed, and the cells were incubated for another 24 h. 
Then, the medium was replaced by the test solutions, which were diluted 1000 times in the 
assay medium. The test solutions were prepared in advance from the 1 µM stock solutions 
of EE2 and its products (dilutions of 1:1, 1:3, 1:10, 1:30, 1:100, 1:300, 1:1000 and 1:3000). 
To each plate, a concentration series of E2 (0.3 – 30 pM) in dimethylsulfoxide (DMSO) 
was added, known to induce minimum to maximum responses. All concentrations of the 
test compounds and the positive control (E2) as well as blanks (DMSO) and solvent 
controls (ethanol) were included on each plate in triplicate. After 24 h of exposure, the 
medium was removed and the plates were checked for cytotoxicity and contamination. 
Then, the cells were lysed in 50 µL of Triton-lysis buffer, luciferin solution (LucLite, 
PerkinElmer, Germany) was added and the plates were measured for luciferase activity 
using a luminometer (Lucy2, Anthos, Austria). Only solutions that did not cause cytotoxicity 
were used for quantification of the response (chapter 2.9.3).  
2.9 Data interpretation 
Most of the calculations were performed in Microsoft Office Excel 2007. Data were 
statistically analyzed with ToxRat® Professional version 2.10 (ToxRat solutions GmbH, 
Germany) and SPSS® 16.0 for windows (SPSS inc., 2007). All data sets were checked for 
outliers by means of Dixon/Grubbs test.  
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2.9.1 Calculation of bioconcentration factors 
The concept of bioconcentration is described in the introduction of this thesis (chapter 
1.2.3). For all test species, the uptake of 14C-EE2 from the surrounding water and loss of 
the substance to the water were investigated in experiments where the organisms were 
not fed. Afterwards, a one-compartment model was fitted to the data (Fig. 2.8). In this 
approach, an organism is represented as a single compartment and the process of 
bioconcentration is characterized by first-order kinetics. The change in concentration in 
biota over time is expressed as the rate of uptake minus the rate of clearance (Connell, 
1998): 
B2W1
B Ck - Ck 
dt
dC
    (Bq*mg-1*h-1)         (Equation 2.3) 
where CB (Bq*mg-1) and CW (Bq*L-1) are the concentrations of radioactivity detected in the 
biota and the water, t represents time (h), and k1 (L*mg-1*h-1) and k2 (h-1) are the uptake 
and elimination rate constants. 
 
Fig. 2.8 Uptake and clearance of a lipophilic compound by biota over time (t) in the 
bioconcentration process according to first-order kinetics (k1 and k2: uptake 
and elimination rate constants) (adapted from Connell, 1998) 
Since the amount of compound in a water body does not change a lot due to uptake by 
organisms, CW can be regarded as invariable. Assuming that k1 and k2 are constant over 
time as well, equation 2.3 can be integrated and rearranged to: 
t * k -
)(t B
t * k -
2
1
W(t) B
2
0
2 e * C e - (1 * 
k
k
 * C  C  )  (Equation 2.4) 
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When organisms are transferred to uncontaminated water (CW = 0), the first term of this 
sum can be omitted and equation 2.4 becomes:  
t * k -
)(t B(t) B
2
0
e * C  C     (Equation 2.5) 
In this way, the elimination rate constant could be determined from the data (internal 
concentrations in the organisms measured over time) of the elimination experiments. 
Knowing k2, the uptake rate constant could be calculated from the data of the uptake 
experiments, where the organisms do not contain any substance at the beginning of the 
tests (CB (t0) = 0). In this case, equation 2.4 can be shortened to:  
)t * k -
2
1
W(t) B
2e - (1 * 
k
k
 * C  C    (Equation 2.6) 
Hence, CB will increase with time, but the rate of increase will decline until steady state is 
reached (Fig. 2.8). Here, the compound concentration in biota does not further change as 
the rates of uptake and elimination are equal. After infinite time, e-k2*t is effectively zero and 
equation 2.6 can be converted to the following equation, giving the definition of the 
bioconcentration factor (BCF, chapter 1.2.3): 
2
1
W
B
k
k
  
C
C
  BCF 
    
(Equation 2.7)
 
This involves that the BCF can be calculated from the concentrations in water and biota at 
steady state, but also after determination of k1 and k2 by studying uptake and elimination 
over time. With regard to the assumption that these parameters are constant over time, it 
is not required that equilibrium is reached at the end of such experiments.  
2.9.2 Alga growth inhibition test 
Differences in the response variable, i.e. the average specific growth rate, of the control 
and solvent control group were evaluated by means of pairwise comparison of the data at 
the different time intervals. In advance, the variance homogeneity was tested using an F-
test. In case of homoscedasticity, a Student’s t-test was selected and in case of 
heteroscedasticity, a Welch’s t-test was used. The same procedure was followed to 
statistically analyse differences between the solvent controls of the different media (OECD 
and M4 medium). In all experiments, the solvent controls were included as a reference for 
further calculations (% inhibition, equation 2.2 and NOEC/LOEC). 
Concentration-response relations were fitted to the data by probit analysis using linear 
maximum likelihood regression. From this function, the EE2 concentrations causing 10%, 
20% and 50% of growth inhibition compared to the solvent controls, i.e. ErC10, ErC20 and 
ErC50 were estimated at different exposure periods. The NOEC and LOEC were 
additionally determined after checking normality and variance homogeneity of the data, 
with Shapiro-Wilk´s test and Levene´s Test, respectively. For the evaluation of statistically 
significant effects, a Williams´ t-test was applied in case of homogenous variances and a 
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Welch’s t-test with Bonferroni adjustment in case variances were heterogeneous. A 
significance level () of 0.05 was chosen for all statistical tests. 
2.9.3 YES & ER CALUX  
In the YES, the following equation was applied to the data to correct for turbidity: 
Corrected value = A540nm – (A620nm – blank A620nm)  (Equation 2.8) 
Corrected absorbances were plotted against the test substance concentrations and a 
concentration-response relation was fitted to the data using probit analysis. By this 
method, the median effective concentrations (EC50) of all included compounds could be 
estimated. A response was considered positive when a concentration-dependent increase 
in -galactosidase production could be observed and when at least two absorbance values 
of the concentration-response curve were higher than the limit of detection (LOD): 
LOD = blank absorbance + (3 * standard deviation) (Equation 2.9) 
In the ER CALUX assay, the luciferase activity per well was measured as relative light 
units (RLU). The mean RLU of blank wells was subtracted from all values to correct for the 
response from cells only exposed to DMSO. These corrected RLU (y) were plotted in 
function of the test substance concentrations (x) and the following sigmoidal fit was applied 
to the data by an iterative process minimizing the residual sum of squares: 
 
a
x
  1
a
 y 
2a
1
0







   (RLU)   (Equation 2.10) 
where the parameters of this logistic function: a0, a1 and a2 are the maximum response, 
the EC50 of the concentration-response curve and the slope, respectively. For comparison 
of the results of different compounds, tested on separated plates, the relative response of 
all wells was calculated as the percentage of the maximal luciferase induction determined 
for E2. The conditions for a response to be considered positive were similar to those 
described above for the YES and the LOD was again determined as the blank response, 
i.e. the luciferase activity elicited by the control, plus three times the standard deviation. 
The estrogenic activity of the transformation products and E2 or EE2 in both tests was 
finally compared by determining the relative potency (RP) of the test compounds, 
calculated as follows: 
compound) (test EC50
EE2) or (E2 EC50
  RP      (Equation 2.11) 
2.9.4 Statistical analysis of fish distribution data 
The concentrations of radioactivity measured in different fish compartments after exposure 
of the animals via prey and via water were compared (chapter 2.6.3). Furthermore, it was 
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evaluated whether the content in one organ, tissue, or body fluid, fluctuated significantly 
over time following or during one of both treatments. The data were checked for normality 
and variance homogeneity with Shapiro-Wilk´s test and Levene´s test, respectively. 
Differences between the measured values of a given fish compartment, originating from 
the different exposure pathways, were identified by means of pairwise comparison using 
Student’s t-test in case of homoscedasticity and by Welch’s t-test in case of hetero-
scedasticity. For the evaluation of statistically significant fluctuations over time (24, 48, and 
72 h), Dunnett´s t-test was applied when variances were homogenous and Welch’s t-test 
with Bonferroni adjustment when variances were heterogeneous. A significance level () 
of 0.05 was chosen for all statistical tests. 
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3 Results 
3.1 Uptake, elimination and biotransformation of EE2 
by the green alga Desmodesmus subspicatus 
and associated effects on its growth 
3.1.1 Uptake and elimination 
After 24 h of exposure, 23% of the total initial radioactivity was taken up by the algae out of 
the water and after longer exposure no further uptake was observed (Fig. 3.1, A). Transfer 
of 28 h-exposed algae to clear water led to rapid elimination of the radioactivity to the 
water phase in the first 13 hours, after which this process clearly slowed down (Fig. 3.1, 
B). 33% of the radioactivity could still be detected in the algae after 72 h of elimination. 
Recalculation of the amount of radioactivity present in samples of the different 
compartments to the whole system resulted in recoveries between 94 and 102% of the 
total radioactivity, initially spiked to the system. Thus, mass balances could be closed. This 
indicates that there were no losses of radioactivity due to mineralization or volatilization of 
the test compound. Only negligible amounts of radioactivity were found to be associated 
with glass surfaces in the uptake experiment. In the elimination experiment, no 
radioactivity was detected in this fraction. 
 
Fig. 3.1 Percentage of the spiked amount of radioactivity (RA) detected in water and 
algae (Desmodesmus subspicatus) over time after (A) uptake of 14C-17-
ethinylestradiol by the algae out of the medium and after (B) elimination of RA 
back to the water phase after transfer of 28 h-exposed algae to clear medium. 
∑: sum of recovered RA in water, algae and associated with the glass wall of 
the test vessels at sampling time. The whiskers indicate the standard deviation 
on the mean of 3 (A) or 4 (B) replicates. 
Calculation of the amount of radioactivity per algal dry weight, confirmed that the internal 
concentration in the algae was maximal after 24 h of uptake and amounted to 145 Bq/mg 
algae (Fig. 3.2, A). The absolute amount of radioactivity detected in the algae increased up 
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to 48 h (data not shown), indicating more uptake than elimination by the algae in this time 
frame. However, the internal concentration was the same after 48 and 24 h due to 
compensation by growth of the algae (Fig. 3.2, C). Between 48 and 72 h, elimination 
occurred to be higher than further uptake, as lower absolute amounts of radioactivity were 
detected in 72 h-exposed compared to both 48 h- and 24 h-exposed algae. Additionally 
taking the constant exponential growth of the algae between 24 and 72 h into account, the 
lower internal concentration at 72 h could be explained by both the higher biomass and 
elimination of the radioactivity.  
To ensure maximal internal concentrations at the start of the clearance period, algae were 
exposed for a time period between 24 and 48 hours, i.e. for 28 h, before being transferred 
to clear medium. Two elimination phases could be observed (Fig. 3.2, B) with elimination 
rate constants (k2) of 0.068 h-1 at the beginning and 0.009 h-1 from 13 h till the end of the 
test duration. Altogether, bioconcentration could not be determined by a one compartment 
model as is demonstrated using the initial k2 of 0.068 h-1 (k1 = 176 L*kg-1*h-1) that would 
overestimate elimination over the last two days of the experiment. Consequently, the 
model does not fit to the uptake data, which is most obvious for the radioactivity 
concentration in the algae after 72 h (Fig. 3.2, A). 
 
 
Fig. 3.2 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in the alga D. 
subspicatus over time after (A) uptake of 14C-17-ethinylestradiol out of the 
water and (B) elimination of RA back to the water phase after transfer of 28 h-
exposed algae to clear water. Associated growth curves are plotted under the 
corresponding graphs for both the uptake (C) and the elimination (D) phase (R²: 
coefficient of determination).  
The growth curves are presented as the increase of the total cell count (and not cell 
density) over time to take losses of medium due to evaporation (9% of the initial volume 
after 72 h) into account. Algae growth was very slow with average specific growth rates (µ) 
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of 0.0043 h-1 (0.10 d-1) and 0.0063 h-1 (0.15 d-1) in the uptake (Fig. 3.2, C) and the 
elimination (Fig. 3.2, D) experiment, respectively. The most frequently observed growth 
rate in OECD medium was reported to be 1.2 to 1.5 d-1 (OECD, 2006), and thus, about ten 
times higher than in the present experiment. Slower exponential growth had been 
expected, as the light intensity was lower, the light period shorter (16/8 light/dark) and the 
cell density higher compared to standardized conditions. Furthermore, the pre-culture 
consisted of algae in the stationary phase, which might also explain the observed lag 
phase at the beginning of the uptake experiment (Fig. 3.2, C). As the algae took up large 
amounts of radioactivity during these 24 hours, this could have been a result of initial toxic 
effects with subsequent recovery as well. However, toxic effects were not expected at the 
current exposure concentration as was shown by the results of different effect tests 
(chapter 3.1.3).  
The algal density amounted to 6.7 * 106 cells/mL at the end of the 28 h exposure phase 
before the algae were transferred to clear water. Due to the two centrifugation steps 
(chapter 2.3.2), 27% of the spiked algae got lost. The resulting algal density at the 
beginning of the elimination experiment was 4.8 * 106 cells/mL, giving the initial cell count 
of 192 * 106 cells (Fig. 3.2, D) in the total test volume (40 mL). The absolute amount of 
radioactivity measured in the algae was lower from time point to time point, indicating that 
elimination took place. This decrease over time showed a similar pattern as the decrease 
in internal concentration (Fig. 3.2, B), i.e. with a steep slope at the beginning and a slower 
decline afterwards. As algae are fast growing organisms, the growth rate should be 
included in the elimination rate constant (Sijm et al., 1998). Hence, equation 2.5 can be 
transformed to: 
 e*C  e*C  C t*µ)-(k)(t algae
t*-k
)(t algae(t) algae
e
0
2
0

 
(Equation 3.1) 
where the elimination rate constant k2 comprises: ke, the ‘true’ elimination rate constant, 
and µ, the growth rate, responsible for growth dilution. During faster elimination, i.e. at the 
beginning of the clearance period, µ (0.0063 h-1; Fig. 3.2, D) accounted for about 10% of 
k2 (0.068 h-1; Fig. 3.2, B), whereas growth dilution explained 70% of the total elimination 
rate constant k2 (0.009 h-1; Fig. 3.2, B), afterwards.   
3.1.2 Biotransformation  
Detection and identification of EE2 products 
HPLC-analysis of the water phase, in which algae had been exposed to 14C-EE2 (100 
Bq/mL) for 72 h, revealed that, surprisingly, the compound was transformed into two more 
lipophilic products (P1 & P2; Fig. 3.3). It was not expected to find EE2 metabolites, and 
definitely not more hydrophobic ones, as no similar results have been reported previously 
(chapter 1.2.3). The retention times of EE2, P1 and P2 were 15.1, 18.5 and 21.9 min, 
respectively. Adding an EE2-standard to a water extract containing only P1 and P2 (Fig. 
3.3, lower graph) resulted in the appearance of a third peak (of EE2) in the HPLC-
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chromatogram at 15 min (not shown). Therefore, separation of EE2 and the detected 
products was possible using the described HPLC method (chapter 2.7.4). 
 
Fig. 3.3 HPLC chromatogram of a 14C-17-ethinylestradiol (EE2) standard (upper graph) 
and a water extract, in which algae had been exposed to EE2 (100 Bq/mL) for 72 
hours (lower graph) resulting in the presence of two products (P1, P2) only. 
Experiments performed under sterile conditions confirmed that algae were responsible for 
the transformation of 14C-EE2 (Table 3.1). The test setup hindered development of 
microorganisms, as no bacterial colonies could be observed on agar plates that were 
inoculated with the different algal suspensions at the end of the experiment. In case no 
algae were present, EE2 was not degraded. Hence, direct oxidation of the compound due 
to aeration could be ruled out. Furthermore, no EE2 metabolites were detected in the 
medium proposed for algae testing by the OECD, whereas in all tests performed with M4 
medium, the substance was partially transformed (Table 3.1). 
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Table 3.1 Percentage of 17-ethinylestradiol (EE2; 100 Bq/mL) and its products (P1 & P2) 
in water extracts after three days of incubation with or without algae in different 
media under sterile conditions in the dark or at continuous light exposure (-: no 
algae present; µ: algal growth rate). 
Medium Light Initial algal density µ EE2 P1 P2 
 (h/day) (cells/mL) (cells/d) (%) (%) (%) 
M4 24 - - 100 0 0 
 0 - - 100 0 0 
 24 0.3 * 106 1.1 85 10 5 
 0 0.3 * 106 0 75 25 0 
 0 1.2 * 106 0 61 39 0 
OECD 24 0.3 * 106 1.1 100 0 0 
 0 0.3 * 106 0 100 0 0 
 
M4 medium is much more diverse in trace elements than OECD medium. Salts like for 
example LiCl, RbCl, NaBr, Na2SeO3 and NH4VO3, are ingredients of M4 and not of OECD 
medium, and practically all constituents of the latter medium are also available in M4 be it 
in other concentrations. As transformation of the test compound by the algae was only 
observed in M4 medium, it was suspected that one of these salts might have played a role 
in the EE2 conversion process, for example as catalyzing agent or as substituent supplier 
to the EE2 molecule. 
It can be derived from the results of the tests in M4 medium (Table 3.1) that more EE2 was 
converted under dark conditions, than at continuous light exposure. However in the dark, 
only the product with the lowest retention time was detected, whereas both products were 
present in the water phase in the full light setup where algae rapidly grew. Under no 
growth conditions (in the dark), more product was formed in the medium after incubation 
with higher initial algae concentration (Table 3.1).  
In order to identify the molecular structures of P1 and P2 by GC-MS and HPLC coupled 
with high resolution MS, the products were first purified by means of HPLC-fractionation 
(chapter 2.7.4) of the sample (presented in Fig. 3.3). This procedure had been successful 
as no impurities could be detected after subsequent GC-analysis of the individual 
products. However, as was the case for the parent compound as well, two peaks could be 
observed in the chromatograms of both P1 and P2 at retention times of 22.6 and 22.9 min 
for P1 and of 25.6 and 25.9 min for P2 (Fig. 3.4; A: EE2, B: P1, and C: P2). 
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Fig. 3.4 Gas chromatograms of 17-ethinylestradiol (EE2; A) and its purified algal bio-
transformation products (B, C).  
The mass spectra of an EE2 standard and the products were compared (Fig. 3.5). The 
typical isotopic abundance composition for compounds containing one and two bromine 
atoms were observed in the spectra associated with the P1 and P2 GC-peaks, 
respectively. Such compounds show the characteristic M+2 and M+4 isotopic distribution 
patterns, as bromine has two stable isotopes: 79Br (50.69%) and 81Br (49.31%). Hence, the 
spectra of molecules containing one bromine atom typically comprise pairs (m/z and 
m/z+2) in a 1:1 abundance ratio and molecules with two bromine atoms show m/z triads 
(m/z, m/z+2 and m/z+4) with relative abundances of 1:2:1. Substitution of a single 
hydrogen atom by bromine results in mass differences of 78 (79Br) and 80 (81Br). Addition 
of another bromine atom results in mass differences with the parent compound of 156 
A 
B 
C 
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(79Br2), 158 (79Br81Br and 81Br79Br) and 160 (81Br2). The m/z of the major ions in the 
spectrum of EE2 were 296 of the molecular ion [M]+, 213 [M-83]+ due to loss of [HO-C3H5] 
and the ethinyl group from [M]+ on the D-ring, and 160 [M-136]+ due to cleavage of the C-
ring with subsequent loss of [C9H12O] from [M]+ (Fig. 3.5, A). The m/z of the major ions in 
the spectrum of the second GC-peak of P1 (Fig. 3.4, B; retention time of 22.9 min) were 
exactly the sum of those described above of the EE2-spectrum and both 78 and 80, 
resulting in a molecular ion pair with m/z of 374 [M]+ & 376 [M+2]+ and fragment ion pairs 
of 291 [M-83]+ & 293 [M+2-83]+ and 238 [M-136]+ & 240 [M+2-136]+ (Fig. 3.5, B). 
Furthermore, these pairs showed a similar relative abundance pattern as the associated 
EE2 fragment ions. Altogether, P1 could be identified as monobrominated EE2 (Br-EE2). 
The spectrum of the second GC-peak of P2 (Fig. 3.4, C; retention time of 25.9 min) 
displayed a molecular ion triad with m/z of 452 [M]+, 454 [M+2]+ and 456 [M+4]+, i.e. with 
156, 158 and 160 added to the molecular mass of EE2 (Fig. 3.5, C). Again, the same 
fragmentation pattern as observed in the parent compound could be recognized. 
Therefore, the spectrum of P2 corresponds to dibrominated EE2 (Br2-EE2). 
                              
 
Fig. 3.5 Details of the mass spectra of 17-ethinylestradiol (EE2: A), estrone (E1: D), di-
(trimethylsilyl)-EE2 (TMS-EE2: G) and their monobrominated (Br-EE2: B; Br-E1: 
E; Br-TMS-EE2: H) and dibrominated (Br2-EE2: C; Br2-E1: F; Br2-TMS-EE2: I) 
products. 
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It was already mentioned that EE2 is partially converted to E1 during injection in the GC, 
giving two peaks in the chromatogram (chapter 2.7.5, Fig. 2.5, A; Fig. 3.4, A). The mass 
spectrum of E1 shows the molecular ion [M]+ with an m/z of 270 (Fig. 3.5, D). Similarly, the 
peaks in the chromatograms of Br-EE2 (Fig. 3.4, B) and Br2-EE2 (Fig. 3.4, C) with 
retention times of 22.6 and 25.6 originate from mono- and dibrominated E1 (Br-E1 and 
Br2-E1), as can be derived from the associated mass spectra (Fig. 3.5, E and F). 
Quantitative GC-MS analysis of water extracts from the algae growth inhibition tests 
(chapter 3.1.3) was performed after derivatization of the samples (chapter 2.7.5). The 
reaction with MSTFA at both the 3-OH and 17-OH of the EE2 molecule leads to the 
formation of its derivative di-(trimethylsilyl)-EE2 (TMS-EE2; Fig. 2.6). Its mass spectrum 
shows the molecular ion with m/z 440 [M]+, a fragment ion with m/z 425 [M-15]+ due to loss 
of the methyl group from the derivative, and an ion with m/z 285 [M-155]+ due to loss of 
[(CH3)3-Si-O-C3H5] and the ethinyl group from [M]+ on the D-ring (Fig. 3.5, G). Derivatized 
Br-EE2 and Br2-EE2 were both detected by GC in the water extracts of algae tests in M4 
(chapter 3.1.3, Table 3.6) at retention times of 22.8 and 25.1 min, respectively 
(chromatograms not shown). The major ion pairs of the coupled mass spectra of the Br-
EE2 derivative were [M]+ & [M+2]+ with m/z of 518 & 520, and [M-15]+ & [M+2-15]+ with 
m/z of 503 & 505 (Fig. 3.5, H). The fragment ions formed by loss of the methyl group, i.e. 
[M-15]+, [M+2-15]+ and [M+4-15]+ with m/z of 581, 583 and 585, can be observed in the 
mass spectrum of the dibrominated EE2 derivative as well (Fig. 3.5, I), but the molecular 
ion triad was not present in the spectra due to the very low Br2-EE2 concentration in the 
test medium. 
The bromination of 14C-EE2 was verified by high resolution mass spectrometry (Fig. 3.6, 
Fig. 3.7, Fig. 3.8 and Table 3.2). Details of the spectra of the brominated EE2 products, 
this time presenting m/z of [M-H+], clearly show the relative abundance pattern of 
molecular ions containing 12C/13C and 79Br/81Br (Fig. 3.6). 
 
Fig. 3.6 Details of the spectra of monobrominated (left) and dibrominated (right) 14C-
17-ethinylestradiol [M-H+] obtained by high resolution mass spectrometry. 
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All masses of the predicted elemental composition of brominated and dibrominated EE2 
metabolites were found with a mass error below 2 ppm (Table 3.2). The corresponding 
masses of the 14C labelled compound were detected and the isotopic pattern of 12C/13C as 
well as 79Br/81Br is coincident with the proposed mono- or dibromination. The 
fragmentation of the molecule ions was relatively weak under the selected conditions, but 
the detected fragments could be explained by loss of water [M-H+-18] and ethylene [M-H+-
28]. 
Table 3.2 High resolution mass spectrometry data of the mono- and dibrominated 
products of 17-ethinylestradiol (Br-EE2 and Br2-EE2) (Δ:difference). 
Compound elemental measured Δ measured isotope mass of 
MS/MS 
explanation 
 composition mass & predicted ion fragments fragments 
 [M-H+] (g/mol) mass (ppm) ratio (g/mol) M-H+ - 
Br-EE2 12C20H22O279Br 373.0800 0.7 100 345 & 355 C2H4 & H2O 
 12C20H22O281Br 375.0780 0.7 97 347 & 357 C2H4 & H2O 
 12C1913CH22O279Br 374.0833 0.6 22   
 12C1913CH22O281Br 376.0813 0.5 21   
 12C1914CH22O279Br 375.0831 0.2    
 12C1914CH22O281Br 377.0812 0.6    
Br2-EE2 12C20H21O279Br2 450.9908 1.2 51 423 C2H4 
 12C20H21O281Br2 454.9875 1.4 49 427 C2H4 
 12C20H21O279Br81Br 452.9890 1.6 100 425 C2H4 
 12C1913CH21O279Br2 451.9940 1.0 11   
 12C1913CH21O281Br2 455.9899 0.9 22   
 12C1913CH21O279Br81Br 453.9920 0.9 11   
 12C1914CH21O279Br2 452.9927 -1.8    
 12C1914CH21O281Br2 456.9900 1.2    
 12C1914CH21O279Br81Br 454.9913 -0.4    
 
The retention time of EE2, Br-EE2, and Br2-EE2 on the HPLC column coupled to high 
resolution MS (chapter 2.7.6) were 11.2, 13.7, and 16.2 min, respectively. All Br-EE2 and 
Br2-EE2 ions ([M-H+], Table 3.2) could be extracted from the total ion chromatogram at 
their respective retention times (Fig. 3.7: extraction of 373.0800, 375.0780, 374.0833, 
376.0813 and Fig. 3.8: extraction of 450.9908, 454.9875, 452.9890, 451.9940, 455.9899, 
453.9920).  
RESULTS 
86 
 
 
Fig. 3.7 Extracted ion chromatograms of monobrominated EE2 (Br-EE2) with a mass 
tolerance of 3.5 ppm; A: 12C20H22O279Br, B: 12C20H22O281Br, C: 12C1913CH22O279Br, 
D: 12C1913CH22O281Br. 
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Fig. 3.8 Extracted ion chromatograms of dibrominated EE2 (Br2-EE2) with a mass 
tolerance of 3.5 ppm; A: 12C20H21O279Br2, B: 12C20H21O281Br2, C: 12C20H21O279Br81Br, 
D: 12C1913CH21O279Br2, E: 12C1913CH21O281Br2, F: 12C1913CH21O279Br81Br. 
EE2 transformation during uptake and elimination 
Analysis of the water phase, sampled over time during the uptake experiment, showed that 
EE2 is transformed to Br-EE2 and Br2-EE2 over time (Fig. 3.9). The half-life (time to 50% 
degradation; DT50) of EE2 could be calculated from the uptake data and amounted to 
14.3 h (Fig. 3.9, C). After 24 h, only 25 % of the radioactivity present in the water still 
consisted of EE2 and 75% was transformed into Br-EE2. From then on, Br2-EE2 was 
detected in the water phase as well, accounting for 90% of the radioactivity after 72 h (Fig. 
3.9, E). Therefore, Br2-EE2 is most probably produced by addition of a second bromine 
atom on the Br-EE2 molecule. It could be estimated from the decrease of the Br-EE2 
fraction in the water phase between 24 and 72 h (Fig. 3.9, E) that its transformation to Br2-
EE2 happens at a similar rate compared to the conversion of EE2 to Br-EE2 (DT50 = 16 h, 
i.e. after 16 + 24 = 40 h of uptake; %Br-EE2 = 75.0*0.5 time/16-1.5; R² = 0.99). However, the 
latter calculation is not completely correct, as there is still EE2 available in this time frame 
leading to the parallel formation of additional Br-EE2 out of EE2.  
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Fig. 3.9 Mean internal concentrations of radioactivity (RA; Bq/mg dry weight) in the 
alga D. subspicatus (A, B) and the percentage of 14C-17-ethinylestradiol (EE2; 
C, D) and its mono- and dibrominated products (Br-EE2 and Br2-EE2; E, F) 
available in the water phase over time in the uptake (A, C, E) and elimination (B, 
D, F) experiment. The data points at time 0 h in graph D & F represent the 
values of the end of the exposure time, before transfer of the algae to clear 
water. The whiskers, mostly covered by the data points, represent the standard 
deviation on the mean of the replicates (R²: coefficient of determination).  
After 13 h of elimination, no EE2 (Fig. 3.9, D), 50% of Br-EE2 and another 50% of Br2-EE2 
(Fig. 3.9, F) were present in the water phase. It should be mentioned that the data for time 
zero entered in the corresponding graphs represent the water phase after the 28 h 
exposure period before transfer of the algae to uncontaminated water. At the beginning of 
the clearance period, no radioactivity, and thus, neither EE2 nor its products, were present 
in the water. The high percentages of both products in the water after short elimination 
time showed that the products were excreted from the algae cells. As brominated EE2 was 
also detected in rinsed algae cells (see below, Fig. 3.11), the fast appearance of both 
derivatives was also not considered to be due to desorption only. Indeed, separating 28 h-
exposed algae from water, containing EE2 (25%), Br-EE2 (75%) and no Br2-EE2, and 
transferring them to fresh water, resulted in excretion of 58% (Fig. 3.1, B) of the 
radioactivity composed for 100% of both Br-EE2 and Br2-EE2 within 13 h (Fig. 3.9, F). This 
RESULTS 
89 
 
indicates that the Br2-EE2 fraction in the algae is ahead of the fraction in the water phase. 
From 24 h on to the end of the elimination experiment, only dibrominated EE2 was present 
in the water (Fig. 3.9, F). This could be an explanation for the observed variation of the 
elimination rate over time (chapter 3.1.1; Fig. 3.2, B). It seems that elimination is quick as 
long as it concerns Br-EE2, while excretion of Br2-EE2 is much slower. 
Several attempts were made to separate EE2, Br-EE2 and Br2-EE2 by means of TLC in 
order to detect these substances and to quantify their proportions in the algae. Before 
analysis of algae extracts, EE2 and its purified products were loaded on TLC plates in 
known quantities and different mobile phases were tested. Unfortunately, none of the 
solvent mixtures was able to satisfyingly separate Br-EE2 and Br2-EE2. Using mixtures of 
ethylacetate and chloroform, most of the radioactivity remained at the plotting line of the 
plate at 3 cm (retention factor, Rf: 0). Only EE2 could be distinguished and its Rf could be 
determined after comparison with the travel distance of the non-labelled standard. The 
eluents consisting of ethylacetate:chloroform in 2:8, 5:5, and 7:3 (v:v) ratios resulted in Rf 
of EE2 amounting to 0.34, 0.44, and 0.48, respectively. Afterwards, two different mixtures 
of acetonitrile and water were tried out. Their compositions were adjusted to the v:v ratios 
at which Br-EE2 and Br2-EE2 were eluting from the column during HPLC analysis. These 
could be calculated from the linear acetonitrile/water gradient given the known retention 
times: Br-EE2 was eluted at a 80:20 and Br2-EE2 at a 90:10 v:v ratio. Using the latter 
mixtures as mobile phases in TLC analyses, the products were not separated either, but at 
least they could be detected away from the plotting line (Fig. 3.10). With the 90:10 
acetonitrile:water mixture, the Rf of both products was 0.70 and the Rf of EE2 amounted to 
0.58.  
 
Fig. 3.10 Thin layer chromatography of a 14C-17-ethinylestradiol standard (A) and a 
mixture of equal quantities of its mono- and dibrominated products (B) where 
an acetonitrile:water mixture of a 90:10 volume ratio was used as eluent (RA: 
radioactivity).  
Analysis of algae extracts with this TLC method revealed that brominated EE2 was 
present in algae that had been exposed to 14C-EE2 for 48 and 72 h (Fig. 3.11). The parent 
compound was not detected in these samples and a part of the radioactivity remained at 
the start front.  
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Fig. 3.11 Thin layer chromatography, using an acetonitrile:water mixture of a 90:10 
volume ratio as eluent, of algae extracts after exposure to 100 Bq/mL 14C-17-
ethinylestradiol for 48 (A) and 72 (B) hours (RA: radioactivity).  
Similar chromatograms were obtained after TLC analysis of the algae extracts originating 
from sterile tests performed in the dark (Table 3.1). Whereas EE2 accounted still for up to 
75% of the radioactivity detected in the water phase, no EE2 was present in the algae, as 
only the peak of its brominated products was observed in the TLC chromatogram.  
3.1.3 Effect of EE2 in algal growth inhibition tests 
Chemical analyses 
Before calculating effect concentrations, the actual EE2-concentrations in the spike 
solutions were determined by means of GC-MS analysis. The nominal concentrations of 
the solutions prepared for the different experiments ranged between 0.18 and 12 g/L and 
actual concentrations between 0.16 and 14 g/L were measured. From these values, the 
expected water concentrations after spiking (0.01%) could be calculated (Table 3.3). 
Table 3.3 Calculation of actual 17-ethinylestradiol concentrations expected in the 
different algae tests, using the measured concentrations of the spike solutions. 
Test Concentration (µg/L) 
 nominal 18.8 37.5 44 75 133 150 300 400 600 900 1200 
1 actual   39  118   435   1434 
2&3  16#2 31#2  70  143 331  582 896#3 1434 
#2: test 2 only; #3: test 3 only  
All actual concentrations of the spike solutions were within 80 to 120% of the nominal 
concentrations. Nominal values were used for analysis of the results of the range-finding 
tests (test 1&2, Table 2.7). In test 3, the concentrations were additionally monitored in 
separate replicates of the test solutions over time (OECD medium: Table 3.4 and M4 
medium: Table 3.5). Except for the highest concentration (1200 µg/L), the measured initial 
concentrations (time: 0 h) did not differ a lot between both media and amounted to the 
nominal values ± 20%. Therefore, the analytical method seems satisfyingly accurate. The 
actual start concentration of the 1200 µg/L treatment was measured to be as high as 1584 
µg/L in OECD medium and 1957 µg/L in M4 medium. After analysis of the spike solution, a 
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higher actual concentration compared to nominal was already expected from the results of 
test 1 (1434 µg/L, Table 3.3). The only possible explanation for the even larger deviation 
from the nominal concentration is that the solution was left open for a too long time before 
it was actually used to spike the test beakers. It seems that 1957 µg/L, measured in M4, is 
the more correct value, as the difference between the concentration at the start (1584 
µg/L) and after 24 h (2167 µg/L) in OECD medium cannot be explained by the loss of 
volume over time (Table 3.4). After both 24 h and 48 h, the total amount of EE2 (volume * 
concentration) in the flask was 300 µg, and thus, the start concentration must have been 
about 2000 µg/L in the OECD medium as well. A lower measured concentration than 
expected can be explained by possible loss of the test substance during filtration and 
extraction steps. 
Over the time course of the experiment, higher concentrations were detected in OECD 
medium and lower concentrations in M4 compared to the initial concentration. EE2 levels 
showed higher deviations from nominal than the allowed 20% of guideline 201. Hence, the 
time weighted average (TWA) concentrations were calculated from the equations of 
regression curves that were fit to the concentration in function of time data (example: Fig. 
3.12; results: Table 3.4 and Table 3.5). These TWAs were used for analysis of the effect of 
EE2 on algal growth.  
Table 3.4 Actual concentrations of 17-ethinylestradiol and the loss of volume over the 
time course of the algae test in OECD medium. 
Time Volume (mL) Concentration (µg/L) 
(h) mean ± SD  nominal 75 150 300 600 900 1200 
0 150 ± 0 actual 70 161 334 521 874 1584 
24 142 ± 3  104 180 403 692 1057 2167 
48 128 ± 8  92 189 528 746 n.d. 2343 
72 110 ± 6  79 241 515 806 1441 1176 
TWA - TWA 93 188 454 706 1156 2028 
SD: standard deviation on the mean rest volume of all six concentrations at sampling time; TWA: time 
weighted average; n.d.: not determined 
Table 3.5 Actual concentrations of 17-ethinylestradiol and the loss of volume over the 
time course of the algae test in M4 medium. 
Time Volume (mL) Concentration (µg/L) 
(h) mean ± SD  nominal 75 150 300 600 900 1200 
0 150 ± 0 actual 70 167 327 643 919 1957 
24 144 ± 3  46 115 226 562 976 1775 
48 132 ± 8  <LOD 50 111 468 801 1576 
72 112 ± 8  <LOD <LOD 61 257 590 1323 
TWA - TWA 34 81 175 498 853 1658 
SD: standard deviation on the mean rest volume of all six concentrations at sampling time; TWA: time 
weighted average; LOD: limit of detection 
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In OECD medium, the total amount of EE2 in the water phase remained more or less 
constant over time, resulting in increasing concentrations due to evaporation of the test 
medium. This implies that the algae took up only little amounts of EE2 in this test. In M4 
medium, where the initial algal density was a lot higher (Table 2.7), EE2-concentrations in 
the water phase decreased rapidly over time. In the three treatments of lower EE2 
concentrations (75, 150 and 300 µg/L), only about 65% of the total initial EE2 content (in 
µg) was detected in the medium after 24 h (Table 3.7). At the end of the experiment, no 
EE2 could be detected in the 75 and 150 µg/L treatment (Table 3.5) and 14, 30, 48, and 
50% of the absolute start amount was found back in the 300, 600, 900, and 1200 µg/L 
treatments, respectively (Table 3.7).   
 
Fig. 3.12 Example of regression curves fit to the measured concentrations of 17-
ethinylestradiol (nominal: 600 µg/L) over time in algae tests with both OECD 
and M4 medium (R²: coefficient of determination).  
As was shown in the uptake experiment in M4 (chapter 3.1.1 and 3.1.2), the EE2 removed 
from this medium is partially taken up by the algae and partially present in the water phase 
as its brominated products. These products could also be detected by means of GC-MS 
analyses of water extracts of the present test in M4. The percentage of EE2, Br-EE2 and 
Br2-EE2 in each sample could be calculated from the respective areas under the peaks in 
the total ion chromatogram of the sample divided by the sum of the areas of these 
molecules (Table 3.6). 
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Table 3.6 Percentage of un- , mono- and dibrominated 17-ethinylestradiol (EE2, Br-EE2 
and Br2-EE2) present in the test solutions of the algae test performed in M4 
medium at the different sampling times. 
Time Compound Nominal EE2-concentration (µg/L) 
(h)  75 150 300 600 900 1200 
  Relative amount of compound (%) 
0 EE2 100 100 100 100 100 100 
24 EE2 81 96 96 98 100 100 
 Br-EE2 19 4 4 2 0 0 
48 EE2 0 41 62 93 95 98 
 Br-EE2 70 59 38 7 5 2 
 Br2-EE2 30 0 0 0 0 0 
72 EE2 0 0 44 81 90 95 
 Br-EE2 31 83 56 19 10 5 
 Br2-EE2 69 17 0 0 0 0 
 
It can be observed that the relative amount of products in the medium was higher at lower 
EE2 concentrations (Table 3.6). Dibrominated EE2 was only detected after 48 h at the 
lowest and after 72 h at the two lowest test concentrations, where EE2 was under the 
LOD. The initial algal density and the nutrient concentration were the same in all 
treatments. It could be calculated that the availability of bromide was the limiting factor for 
EE2 conversion. M4 contains 0.15 µmol NaBr/L. Hence, only 22.5 nmol of bromide was 
present in the medium. This means that only 22.5 nmol or maximal 6.7 µg EE2 could be 
transformed to Br-EE2 and maximal half this amount to Br2-EE2 in all treatments. The 
amount of initial EE2 that was converted could be determined from the actual EE2 content 
in the water phase (concentration * volume; Table 3.5) and the relative amount of 
metabolites detected in the test medium (Table 3.6). For example, 10.5 µg (70 µg/L * 150 
mL) of EE2 was present in the medium of the lowest test concentration (nominal: 75 µg/L) 
at the start of the experiment. After 24 h, only 6.6 µg (46 µg/L * 144 mL; 0.022 µmol, 63%) 
of EE2 was measured to be left in the water phase, which accounted for 81% (Table 3.6) 
of the sum of EE2 and its products. The other 19% involved Br-EE2 (0.005 µmol), and 
thus, 1.5 µg (0.005 µmol EE2, 14%) of the initial 10.5 µg EE2 had been converted to this 
product. In summary, 63% (6.6 µg) was left in the water phase after 24 h, 14% (1.5 µg) 
was transformed, and hence, the remaining 23% (2.4 µg) was estimated to be taken up by 
the algae. The actual initial EE2 content in the water phase of the 300, 600, 900, and 1200 
µg/L treatments were 49.0, 96.5, 137.8, and 293.6 µg, respectively (Table 3.7). It could be 
calculated, as in the example described above, that 18%, 7%, 5%, and 3% of the available 
EE2 was converted to Br-EE2 in these treatments after 72 h, i.e. 8.7, 6.8, 7.3, and 7.8 µg 
EE2, respectively (Table 3.7). These values are a bit higher than the above calculated 
maximal convertible amount of EE2 (6.7 µg), indicating that maximal biotransformation of 
the test compound in its brominated products was reached at that time. In fact, at the three 
lowest concentrations, maximal conversion of EE2 was accomplished within 48 h (Table 
3.7). In the treatments where EE2 was not detected, it was still available either at low 
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concentration in the water or in the algae, as 100% transformation was not possible due to 
the restricted amount of bromide. 
Table 3.7 Fate of 17-ethinylestradiol (EE2) in the algae growth inhibition test performed 
in M4 medium: absolute and relative amount of the initial EE2 content detected 
in the water phase in its unchanged form or after transformation to its 
brominated products, or associated with the algae (EE2 and products) at the 
different sampling points. 
Time Fate of EE2 EE2-equivalent 
(h)  µg (%) of initial 
0 in water(m) 10.5 25.0 49.0 96.5 137.8 293.6 
24 in water as EE2(m) 6.6 (63) 16.6 (66) 32.5 (66) 80.9 (84) 141(100) 256 (87) 
 in water as products(c) 1.5 (14) 0.7 (3) 1.4 (3) 1.7 (2) 0.0 0.0 
 in algae(c) 2.4 (23) 7.7 (31) 15.1 (31) 13.9 (14) 0.0 38.0 (13) 
48 in water as EE2(m) <LOD 6.6 (26) 14.6 (30) 61.8 (64) 106 (77) 208 (71) 
 in water as products(c) / 9.2 (37) 8.9 (18) 4.7 (5) 5.6 (4) 4.2 (1) 
 in algae(c) / 9.2 (37) 25.5 (52) 30.0 (31) 26.5 (19) 81.3 (28) 
72 in water as EE2(m) <LOD <LOD 6.8 (14) 28.8 (30) 66.1 (48) 148 (50) 
 in water as products(c) / / 8.7 (18) 6.8 (7) 7.3 (5) 7.8 (3) 
 in algae(c) / / 33.5 (68) 60.9 (63) 64.4 (47) 138 (47) 
(m): measured; (c): calculated; /: not calculable due to EE2 levels under the limit of detection (LOD) 
In the uptake experiment described above (chapter 3.1.1), the same relative amount of 
EE2 was associated with the organisms as in the 75 µg/L treatment of this experiment. 
23% (vs. 14%) of the radioactivity was detected in the algae after 24 h (Fig. 3.1 vs. Table 
3.7). Of the 77% left in the water phase, 75% had been transformed to Br-EE2 (chapter 
3.1.2, Fig. 3.9 C&E). Therefore, only 19% of the initial amount of EE2 was available in the 
medium after 24 h. Compared to the present algae test, the initial algae density in the 
uptake experiment was equal, illumination was not continuous, the EE2 concentration was 
lower (20 µg/L: 6 nmol in 90 mL) and bromide was available in excess (0.15 µmol/L: 13.5 
nmol in 90 mL), resulting in lower growth rates, lower internal concentrations (145 Bq/mg = 
0.13 nmol/mg vs. 0.47 nmol/mg, Table 3.7) and relatively more transformation products. 
In contrast to the bioconcentration experiment (chapter 3.1.1), the percentage of initial EE2 
taken up by the algae increased over time in all treatments. For example, 31%, 52%, and 
68% of the initial EE2 content was taken up after exposure of the algae to 300 µg/L 
(nominal; actual: 49 µg EE2/150 mL) for 24, 48, and 72 h, respectively (Table 3.7). At this 
concentration, the relative EE2 uptake was maximal at all time points compared to both 
lower and higher concentrations. Mutual concentrations of the substance and its products 
in the algae could be calculated and expressed as nmol/mg dw. Therefore, the mass 
fraction of the initial amount of EE2 associated with the algae was converted into mol and 
the cell count into biomass (as in chapter 2.3.1, Fig. 2.3). The results show that the internal 
concentrations increased over time and that equilibrium was not reached over the duration 
of the experiment (Table 3.8).  
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Table 3.8 Total internal concentrations of 17-ethinylestradiol (EE2) and its brominated 
products in algae exposed to different EE2 concentrations in M4 medium over 
time. 
 Nominal EE2 concentration (µg/L) 
 75 150 300 600 900 1200 
Time Total internal concentrations of EE2 and its products  
(h) (nmol/mg algae dry weight) 
24 0.47 1.57 3.18 2.94 0.00 8.17 
48 / 1.34 3.68 4.35 3.93 12.43 
72 / / 4.45 8.63 9.20 20.56 
/: not calculable    
Finally, the ratios between the molar concentrations of EE2 and its products in the algae 
(Table 3.8) and the water (derived from Table 3.5) were calculated. In spite of the absence 
of equilibrium, these CB/CW values give insight in the capability of D. subspicatus to 
concentrate EE2 from the surrounding medium (Table 3.9).  
Table 3.9 Ratio of the concentrations of 17-ethinylestradiol (EE2) and its brominated 
products in biota (CB) and the water phase (CW) after exposure of algae to 
different EE2 concentrations in M4 medium over time. 
 Nominal EE2 concentration (µg/L) 
 75 150 300 600 900 1200 
Time CB/CW 
(h) L/kg dry weight 
24 2484 3861 4002 1518 0 1362 
48 / 3323 6125 2557 1384 2292 
72 / / 9529 8052 4161 4380 
/: not calculable    
Effect assessment 
There was no significant difference in the growth rate of unexposed algae of the control 
compared to the solvent control in OECD medium at all time points. Only in the 144 h 
vessels, the growth of algae in the M4 solvent control was significantly lower compared to 
both the OECD control and solvent control. The range-finding test in OECD medium (Test 
1, Table 2.7) did not meet one of the validity criteria of OECD guideline 201 (OECD, 2006), 
as the mean coefficient of variation for section-by-section specific growth rates of the 
control cultures was too high (>35%). Therefore, this test was repeated with more 
concentrations and more replicates (Test 2, Table 2.7), being valid over the whole test 
duration. The range-finding test in M4 medium (Test 1, Table 2.7) was valid up to 120 h. 
Due to slower growth in the M4 control between 120 and 144 h, the coefficient of variation 
for section-by-section specific growth rates was too high when this time point was 
included. The last experiment (Test 3, Table 2.7) was valid in OECD medium. As for M4 
medium, the criterion stating the minimum increase in control biomass over time was not 
fulfilled. This had been expected, as the initial algal density in this test was much higher 
than recommended, and hence, the growth rate of the algae was very low.  
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The results of the range-finding test in M4 and the second test in OECD medium are 
presented together for two different exposure times (Fig. 3.13). In the latter medium, the 
inhibition of algal growth at nominal concentrations of 150 µg/L was higher or equal to the 
observed inhibition at 300 µg/L. A similar interruption of the concentration-response 
relationship was observed in the range-finding test in this medium at 133 µg/L (higher 
inhibition compared to 400 µg/L; data not shown). Growth stimulation (negative growth 
inhibition) was observed in some of the replicates at concentrations of 44 µg/L or lower. 
 
Fig. 3.13 Growth rate inhibition of Desmodesmus subspicatus in function of the 17-
ethinylestradiol concentration after 72 h (A) and 120 h (B) of exposure. The full 
lines are the concentration-response curves obtained by probit analysis and 
the dotted lines represent the 95% confidence limits (CL) (R²: coefficient of 
determination). 
It can be observed that the slope of the concentration-response curves of the range-finding 
test in M4 medium was steeper than the one of the test in OECD medium (Fig. 3.13). This 
resulted in higher ErC10 and lower ErC50 values in M4 compared to OECD medium (Table 
3.10). Growth inhibition compared to control algae of about 50% was observed after three 
days in M4 and only after five days in OECD medium at the highest concentration. 
Significant effects on the growth rate of exposed compared to unexposed algae were 
detected at concentrations as low as 75 µg EE2/L in OECD medium (= the 72 & 96 h 
LOEC with a NOEC of 37.5 µg/L; the 120 & 144 h LOEC amounted to 150 µg/L with a 
NOEC of 75 µg/L) (Table 3.10). However, the growth rate was less than 10% smaller in 
this treatment compared to the control (72 h ErC10: 273 µg/L). In M4 medium, effects were 
only observed in the 1200 µg/L treatment (NOEC: 400 µg/L) at all time points, except for 
after 120 h of exposure, where the LOEC was 400 µg/L (NOEC: 133 µg/L).  
Because of the steep slope of the probit fit to M4 data in the first experiment, an 
intermediate nominal concentration of 900 µg/L was added to the series of the last 
experiment. The results of the third test in OECD medium deviated from the first two 
range-finding experiments although performed under the same conditions. Here, the 
results of probit and effect analyses were similar to those of the first test in M4 (Fig. 3.13; 
Table 3.10). The slope of the regression curve was equally steep and the 72 h LOEC was 
of the same magnitude, i.e. 1156 µg/L (NOEC: 706 µg/L). This is much higher than in the 
first tests in the same medium. Furthermore, a better probit fit with a higher coefficient of 
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determination was obtained, from which a 72 h ErC50 of 2012 µg EE2/L with narrow 
confidence intervals could be derived (Test 3, Table 3.10).  
Table 3.10 Results of the different algae growth inhibition tests, i.e. of probit analyses, 
expressed as effect concentrations that resulted in 10, 20, and 50% inhibition of 
growth rate compared to the control (ErC10, 20, and 50), and of statistical 
testing, from which the lowest observed effect concentration (LOEC) was 
derived.  
Test Medium Time Probit ErC10 (µg/L) ErC20 (µg/L) ErC50 (µg/L) LOEC 
  (h) Chi²  R² (LCL-UCL) (LCL-UCL) (LCL-UCL) (µg/L) 
1 OECD# 72# 0.27 0.63 106 421 n.d. 44 
     (15-215) (204-739)   
  120# 0.06 0.84 566 779 n.d. 133 
     (412-674) (647-869)   
 M4 72 0.01 0.93 632 798 1247 1200 
     (543-701) (724-853) (1220-1279)  
  120 0.07 0.96 439 540 805 400 
     (375-495) (477-596) (746-861)  
2 OECD 72 0.22 0.77 273 672 3767 75 
     (200-340) (571-791) (2666-6369)  
  120 0.35 0.79 349 558 1370 150 
     (270-416) (479-626) (1211-1620)  
3 OECD 72 0.15 0.88 958 1235 2012 1156 
     (821-1067) (1118-1331) (1890-2173)  
 M4# 72# 0.08 0.58 746 5651 272*103 498 
     (457-1282) (2621-37*103) (40*10³-4*106)  
#: test did not meet the validity criteria of OECD guideline 201; n.d.: not determined for mathematical 
reasons; Chi²: measure for the goodness of fit of the probit analysis; R²: coefficient of determination of the fit; 
LCL: lower 95% confidence limit; UCL: upper 95% confidence limit 
The last test in M4 was adapted to the uptake experiment as for the initial algal density in 
order to examine whether possible effects of EE2 might have influenced bioconcentration. 
This was the only test, where significant effects on the algal growth rate were observed 
after 24 h already. The 24 h NOEC and LOEC amounted to 81 and 175 µg/L, respectively, 
and were in the range of the 24 h ErC10 (36 µg/L) and ErC20 (292 µg/L) (data not shown). 
However, the algae recovered with time, as only 14% inhibition in the growth rate was 
noted in the highest treatment after 72 h. Consequently, the results of the probit analysis 
are imprecise, showing ErC values in a broad range of confidence limits and above the 
solubility of the substance (Test 3, Table 3.10).  
3.1.4 Estrogenicity of biotransformation products 
The estrogenic activity of brominated EE2 was compared to the potency of EE2 and E2 in 
two different tests (chapter 2.8). In both the YES and ER CALUX assay, monobrominated 
EE2 showed a positive response, whereas the response of dibrominated EE2 was below 
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the limit of detection at all concentrations tested, i.e. up to 0.25 µM (Fig. 3.14). A full 
concentration-response curve of Br-EE2 was only obtained in the YES (Fig. 3.14, A), 
where higher concentrations were tested than in the ER CALUX assay (Fig. 3.14, B). 
However, both assays clearly show that Br-EE2 induces gene transcription after binding to 
the estrogen receptor, but at higher concentrations compared to the parent compound.  
 
Fig. 3.14 Response of 17-estradiol (E2), 17-ethinylestradiol (EE2) and its mono- and 
dibrominated products (Br-EE2 and Br2-EE2) in the YES (A) and ER CALUX (B) 
assay. The whiskers represent the standard deviation on the mean of three 
replicates (LOD: limit of detection). 
The EC50 of E2 and EE2 were in the same order of magnitude regarding both assays 
separately, resulting in estrogenic potencies of EE2 of 0.7 in the YES and of 1.9 in the ER 
CALUX assay considered relative to E2 (Table 3.11). The potency of Br-EE2 was 125 and 
250 times lower compared to E2 in the YES and ER CALUX assay, respectively. 
Compared to EE2, this brominated product was 80 and 500 fold less potent than the 
parent compound in these assays. Based on the calculated EC50 values, the ER CALUX 
showed about 3 to 20 times higher sensitivity depending on the compound tested (Table 
3.11).  
Table 3.11 Half-maximum effective concentrations (EC50) and the relative potency (RP) of 
17-estradiol (E2), 17-ethinylestradiol (EE2) and monobrominated EE2 (Br-
EE2) in the YES and ER CALUX assay.  
Assay Substance  R² EC50 (LCL-UCL) RP RP 
   (pM) vs E2 vs EE2 
YES E2 0.978 32.2 (28.8 – 36.0) 1.0 1.4 
 EE2 0.985 45.9 (41.9 – 50.2) 0.7 1.0 
 Br-EE2 0.982 3985 (3540 – 4480) 0.008 0.012 
ER CALUX E2 0.994 4.30 (3.93 - 4.57) 1.0 0.5 
 EE2 0.964 2.27 (1.77 – 2.83) 1.9 1.0 
 Br-EE2 0.997 1217 (1153 – 1294) 0.004 0.002 
R²: coefficient of determination of regression analysis; LCL: lower 95% confidence limit; UCL: upper 95% 
confidence limit 
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3.2 Accumulation, metabolism and elimination of 
EE2 by a primary consumer of the water phase: 
Daphnia magna 
3.2.1 Uptake and elimination 
A lot of scatter was observed in the data of the first bioconcentration experiment, where 
five daphnids had been exposed together. High standard deviations in the internal 14C-EE2 
content were observed when in some of the replicate vessels a few or all daphnids had 
produced offspring, whereas in others no neonates were found (data not shown). 
Therefore, a second experiment was performed in which the organisms were exposed 
individually. Here, the adults had been separated in advance according to the 
development stadium of eggs in the brood chamber (chapter 2.4.1).  
Daphnids took up only little fractions of the total radioactivity present in the water phase 
(Fig. 3.15). Therefore, a second and higher concentration was also tested with regard to 
later dietary exposure of fish, where prey with fairly high internal concentrations was 
needed to be able to detect the test compound possibly distributed to fish tissues (chapter 
3.4.3). After 24 h of exposure, about 0.7% was found to be associated with one daphnid 
independent of both its initial egg status and the start concentration (Fig. 3.15). All 
daphnids, which were expected to reproduce, had released neonates at that time, i.e. 
within one day. After 48 h, the relative amount of radioactivity was significantly higher in 
daphnids that did not reproduce (1.1 ± 0.1%) compared to those that produced offspring 
(0.9 ± 0.1%) at the two concentrations tested (Fig. 3.15). Similar quantities were adsorbed 
to the glass walls (1.1 ± 0.5%), and if present, only little amounts were detected in the 
neonates (0.3 ± 0.1%). Almost all the radioactivity was found back in the water phase in all 
vessels at all sampling times, giving total recoveries of 97 ± 3%. 
 
Fig. 3.15 Percentage of the total initial amount of radioactivity (RA) detected in daphnids 
(Daphnia magna) after uptake of 14C-17-ethinylestradiol (EE2) from the water 
phase over time. The low and high exposure concentrations were 85 Bq/mL (23 
µg EE2/L) and 340 Bq/mL (92 µg EE2/mL), respectively. The whiskers indicate 
the standard deviation on the mean of 5 replicates. The asterisks show 
significant differences between the relative amounts of RA in daphnids with 
and without offspring. 
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The internal concentrations in the daphnids amounted to 44 ± 13 and 52 ± 14 Bq/mg dw 
after 24 and 48 h of uptake in the first bioconcentration experiment (data not shown). 
Similar internal concentrations were obtained when daphnids were exposed to the same 
water concentration (23 µg 14C-EE2/L) individually. In contrast to the first test, the amounts 
of radioactivity incorporated in the organisms were significantly different at 24 and 48 h, 
resulting in daphnid contents of 42 ± 6 and 58 ± 5 Bq/mg dw, respectively (Fig. 3.16, A). 
Afterwards, no further uptake was observed. The difference in the percentage of the total 
radioactivity incorporated in daphnids with and without offspring (Fig. 3.15) was not 
reflected in the internal concentrations, since daphnids that moulted and released 
neonates were lighter (0.24 ± 0.01 mg dw) than the others (0.30 ± 0.04 mg dw) after 48 h. 
Daphnids cannot be famished for longer than 72 h, since from then on, their condition is 
seriously affected and they considerably start to lose weight. Hence, 24 h exposed 
daphnids (CB (t0): 40 Bq/mg dw; chapter 2.9.1, equation 2.5) were transferred to fresh 
uncontaminated medium and allowed to eliminate radioactivity for maximal 48 h (Fig. 3.16, 
B). Care was taken that all daphnids reproduced during the uptake phase by selecting only 
daphnids with a high egg status. In this way, influences on the elimination of the test 
compound due to release of neonates during the clearance period could be avoided. 
Within about one day (25 h), 50% of the radioactivity initially associated with the daphnids 
was transferred to the water phase (Fig. 3.16, B). A one compartment model with an 
uptake rate constant of 27 L*kg-1*h-1 and an elimination rate constant of 0.028 h-1 could be 
fitted to the data of the bioconcentration and depuration tests (Fig. 3.16). Hence, a BCF for 
EE2 in D. magna of 964 L/kg dw was calculated (equation 2.7; chapter 2.9.1).   
 
Fig. 3.16 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in Daphnia 
magna over time after (A) uptake of 14C-17-ethinylestradiol out of the water 
and (B) elimination of radioactivity (RA) back to the water phase after transfer 
of 24 h-exposed daphnids to clear water. The plots and equations are derived 
from a one compartment model fitted to the data (R²: coefficient of 
determination).  
As can be derived from the relative amounts of radioactivity detected in the daphnids (Fig. 
3.15), uptake did not differ between the two concentrations tested. Also at the higher 
concentration, maximal internal concentrations were detected in the daphnids after 48 h. In 
contrast to after exposure to the lower test concentration (Fig. 3.16, A), there was a 
significant difference in the internal concentration between daphnids that did not reproduce 
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(258 ± 18 Bq/mg dw) and those that had released neonates (209 ± 31 Bq/mg dw) at that 
time (Fig. 3.17). Hence, the uptake of lower amounts of radioactivity after having produced 
offspring (Fig. 3.15) was not completely compensated by the loss in weight when neonates 
were released. The ratio between the high and low water concentration (actual: 315 and 
83 Bq/mL) was about 3.8, resulting in internal concentrations in the daphnids of about the 
same factor higher at a given sampling time (compare Fig. 3.16 to Fig. 3.17). 
Consequently, a similar model with an uptake rate constant of 26 L*kg-1*h-1 could be fitted 
to the data. However, it underestimated the internal concentrations in organisms that had 
not produced offspring at 48 h (Fig. 3.17). 
 
Fig. 3.17 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in Daphnia 
magna over time after exposure to 14C-17-ethinylestradiol via the water phase 
(92 µg/L). The whiskers indicate the standard deviation on the mean of 5 
replicates. The asterisk shows significant differences between the relative 
amounts of RA in daphnids with and without offspring. The plot and equation 
are derived from a one-compartment model fitted to the data (R²: coefficient of 
determination).  
Qualitative analysis of the water phase by means of HPLC showed that the radioactivity in 
the medium of the uptake experiments consisted for 100% of 14C-EE2 at all sampling 
times (data not shown). Hence, daphnids did not release any detectable biotransformation 
products in these tests.  
3.2.2 Bioaccumulation 
In this experiment, uptake of 14C-EE2 by daphnids was investigated in the presence of 
algae. More than 94% of the initial radioactivity was found back at all sampling times, of 
which the largest part was detected in the water phase, whereas the fraction associated 
with the glass wall was under the limit of detection (Fig. 3.18, A).  
After two days, 10% of the radioactivity in the system was associated with the algae (Fig. 
3.18, A). This is about half the amount algae incorporated from the medium in the 
bioconcentration test with D. subspicatus alone (chapter 3.1.1, Fig. 3.1, A), although the 
initial algal density was about five times lower in the present test (0.7 * 106 cells/mL; 
chapter 2.4.2 vs. 3.6 * 106 cells/mL; chapter 2.3.2). Furthermore, it was shown that instead 
of an increase of the cell concentration due to growth (chapter 3.1.1, Fig. 3.2, C), 50% of 
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the algae population was consumed by the daphnids over the course of the experiment 
(Fig. 3.19, B). Altogether, algae quickly accumulated a lot of the test compound under 
predator pressure, which resulted in high internal concentrations as will be shown below 
(Fig. 3.19, A).  
Only little fractions of the initial radioactivity were incorporated by the daphnids, i.e. 1.3% 
and up to 2% after 24 and 48 h, respectively (Fig. 3.18, B). Still, at both time points, this is 
about twice the amount detected in daphnids exposed via water only (chapter 3.2.1, Fig. 
3.15). Therefore, it seems that the contribution of dietary uptake to 14C-EE2 accumulation 
in the daphnids was considerably high. Five of fifteen daphnids produced offspring 
between 24 and 48 h after being added to the exposure suspension. The internal amount 
of radioactivity in these organisms decreased from 24 Bq (1.3%; Fig. 3.18, B) after 24 h to 
17 Bq (0.8%; Fig. 3.18, B) after 48 h. This shows that daphnids eliminated a large fraction 
of the internalized radioactivity during moulting and the associated release of neonates. 
The final content was more than two times lower compared to that of daphnids, which had 
not reproduced (Fig. 3.18, B). This difference is much more obvious as observed above in 
the bioconcentration test without algae (chapter 3.2.1, Fig. 3.15). 
 
Fig. 3.18 Distribution of radioactivity (RA) from 14C-17-ethinylestradiol-spiked water to 
daphnids (Daphnia magna) and algae (Desmodesmus subspicatus) over time, 
expressed as the percentage of the initial amount of RA present in the system 
(A; only daphnids: B). ∑: sum of recovered RA at sampling time. The whiskers 
indicate the standard deviation on the mean of 15 replicates. 
As was mentioned above, the amount of radioactivity associated with the algae increased 
over time (Fig. 3.18, A), whereas more and more cells were filtered out of the medium (Fig. 
3.19, B). Consequently, very high internal concentrations were observed in the algae, 
amounting to 750 Bq/mg dw after 48 h (Fig. 3.19, B), which was about 10,000 times the 
actual concentration in the water phase at that time (about 75 Bq/mL). Chemical analysis 
revealed that the radioactivity in the medium consisted for 28% of Br-EE2 and for 72% of 
EE2 at the end of the experiment (Fig. 3.19, C). Since the product was not detected after 
exposure of daphnids via water only (chapter 3.2.1), the appearance of monobrominated 
EE2 was strictly due to the presence of algae. When algae were exposed to a similar 
concentration at higher cell densities without daphnids, both Br-EE2 and Br2-EE2 were 
detected in the water phase and accounted for 90% of the radioactivity in the water after 
two days (chapter 3.1.2, Fig. 3.9, C and E). Both the high uptake by little algal cells and 
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the low fraction of transformation products in the water, indicate that comparably little 
radioactivity was released by the algae over time.  
 
 
 
Fig. 3.19 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in the alga D. 
subspicatus (A), the amount of algal cells present in the system (B), and the 
percentage of 14C-17-ethinylestradiol (EE2) and its monobrominated product 
(Br-EE2) available in the water phase (C) over time, after uptake of 14C-17-
ethinylestradiol from the medium in the presence of a predator. The whiskers 
represent the standard deviation on the mean of 15 replicates.  
The internal concentrations in the daphnids without offspring amounted to 20 ± 7, 58 ± 13, 
and 82 ± 10 Bq/mg dw, after 7, 24, and 48 h, respectively (Fig. 3.20). Organisms that 
released neonates between 24 and 48 h, had both a significantly lower weight (0.34 ± 0.05 
vs. 0.49 ± 0.06 mg dw) and radioactivity content (17 ± 3 vs. 40 ± 5 Bq) after 48 h 
compared to those that did not reproduce. Their subsequent internal concentration 
amounted to 46 Bq/mg dw in average, i.e. far below the value of daphnids without 
offspring (Fig. 3.20). Using the one compartment model for bioconcentration derived above 
(chapter 3.2.1, Fig. 3.16, A; CB = CW * k1/k2 * e-k2*t = CW * 27/0.028 * e-0.028*t), internal 
concentrations after exposure via water only at the current water content (CW) can be 
estimated. The concentration of the suspension (algae and water) amounted to 95 Bq/mL 
and remained more or less constant over time, since maximal 2% was removed by the 
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daphnids. Hence, it can be derived that in the absence of algae, uptake from the water 
would have resulted in internal concentrations in daphnids of 16, 45 and 68 Bq/mg dw. 
Especially at the end of the experiment, the true daphnid concentrations were clearly 
higher than these values. At that time, a lot of algae, which contained large amounts of 
radioactivity, were filtered out of the medium (Fig. 3.19, A and B). Between 24 and 48 h, 
the amount of algae was reduced from 69% to 49% of the original population, which 
corresponds to consumption of about 0.08 mg algal dw by the daphnids (derived from Fig. 
3.19, C and chapter 2.3.1, Fig. 2.3). The minimal internal concentration in the algae in this 
time frame amounted to 361 Bq/mg dw (i.e. the value after 24 h; Fig. 3.19, B). Hence, at 
least 30 Bq was ingested by the daphnids via the diet, although the difference in the 
absolute amount of radioactivity associated with daphnids without offspring was only 16 Bq 
(40 Bq after 48 h – 24 Bq after 24 h). Considering the additional uptake from the water 
phase, it is shown that the net accumulation was highly influenced by contemporaneous 
elimination. The maximal observed ratio between the concentration in the daphnids (82 
Bq/mg dw) and the suspension (95 Bq/mL) was 863 L/kg dw after 48 h, but no equilibrium 
was reached in the system. It can be assumed that this value would be again lower one 
day later, since in all performed experiments with daphnids at least one brood hatched 
within three days. Therefore, it would be interesting to extend the duration of this 
experiment in order to investigate whether the organisms obtain higher concentrations, in 
spite of fluctuations due to periodic moulting and release of neonates. 
 
Fig. 3.20 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in Daphnia 
magna over time after uptake of 14C-17-ethinylestradiol out of the water in the 
presence of algae. The whiskers represent the standard deviation on the mean 
of 15 replicates (n=15), except for at the last time point (48 h), where n=5 and 
n=10 for daphnids with and without offspring. 
3.2.3 Biomagnification 
In this experiment, algae were first exposed to a 14C-EE2 concentration of 400 Bq/mL to 
obtain spiked cells with a high content of radioactivity. Afterwards, the algae were 
separated from the water phase by means of centrifugation and resuspended in fresh 
uncontaminated medium. Then, five daphnids were introduced to the system to examine 
possible transfer of radioactivity from the algae to their predators. Additionally, the original 
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suspension was diluted 1:5 and 1:25 (v:v) to test uptake by daphnids at different algal 
densities. In the highest dilution, the cell concentration was calculated to correspond to the 
amount of cells filtered from the given water volume (100 mL) by five daphnids within one 
day (chapter 2.4.3).  
Algae eliminated large fractions of the incorporated radioactivity to the water phase. At 
high and medium algal density, about 60 and 70% of the initial radioactivity was detected 
in the medium after 24 h (Fig. 3.21, A, 24a and 24b). As was intended, no algae were left 
at that time at low initial algal density and about 90% of the radioactivity was found back in 
the water (Fig. 3.21, A, 24c). The daphnids filtered about 0.9% of the radioactivity out of 
the suspension with the high algal concentration within 10 h (Fig. 3.21, B). Afterwards, 
elimination compensated for further uptake and only 0.7% of the initial amount was 
present in the daphnids after 24 h. In this treatment, consumption of algae by the daphnids 
did not completely balance algal growth, resulting in 4, 5, and 6% more algae after 10, 18 
and 24 h than at the beginning (Fig. 3.21, B). Interestingly, relatively more radioactivity 
was taken up by the daphnids when fewer algae, and thus less total radioactivity, were 
available in the medium. About 1.5% of the radioactivity was detected in the daphnids at 
medium initial algal density. Here, 20% of the initial algal dry weight was removed by the 
daphnids from the water phase after one day. Where the amount of algae was restricted to 
the filtration capacity, even 7.2% of the total radioactivity was detected in the daphnids 
after 24 h (Fig. 3.21, B). This is the highest uptake by these organisms observed in all 
performed daphnid tests (compare to chapter 3.2.1, Fig. 3.15; chapter 3.2.2, Fig. 3.18, B).  
 
Fig. 3.21 Distribution of radioactivity (RA) from 14C-17-ethinylestradiol spiked algae 
(Desmodesmus subspicatus) to their surrounding medium, the glassware and 
five daphnids (Daphnia magna) over time, expressed as the percentage of the 
initial amount of RA present in the system (A; only daphnids: B). a, b, and c: 
high, medium, and low initial algal density (3.2 * 106, 0.6 * 106, and 0.1 * 106 
cells/mL), respectively. ∑: sum of recovered RA at sampling time. The whiskers 
indicate the standard deviation on the mean of 4 replicates. 
The initial internal concentration in the algae amounted to 283 Bq/mg dw (Fig. 3.22, B). 
The highest algal density was 3.2 * 106 cell/mL, which corresponds to 10 mg dw/100 mL 
(chapter 2.3.1, Fig. 2.3). Hence, a total amount of 2830 Bq was present in these algae at 
the beginning of the experiment, and the concentration of the suspension amounted to 
28.3 Bq/mL. According to the one compartment model derived above (chapter 3.2.1, Fig. 
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3.16, A; CB = CW * k1/k2 * e-k2*t = CW * 27/0.028 * e-0.028*t), uptake via water only at this 
concentration would have led to internal concentrations in the daphnids of 6.6, 11.7, and 
13.3 Bq/mg dw after 10, 18, and 24 h, respectively. However, here a maximal internal 
concentration of 14.5 Bq/mg was already observed after 10 h (Fig. 3.22, A). Eight hours 
later, part of the radioactivity was eliminated by the daphnids resulting in a lower internal 
concentration (about 10 Bq/mg dw; Fig. 3.22, A), which remained constant afterwards. It 
should be mentioned that there was a significant difference in the weight of the daphnids 
after 10 h (0.33 ± 0.02 mg dw/daphnid) compared to after 18 and 24 h (0.39 ± 0.02 mg 
dw/daphnid), due to ingestion of algae. However, depuration by the daphnids was shown 
by the detection of lower absolute amounts of radioactivity in the organisms over time, and 
accounted for 80% of the reduction of the internal concentration between 10 and 24 h. 
Furthermore, no offspring was produced over the course of the experiment, which was 
assured in advance by selecting adults with a low egg status. Compared to the 
bioconcentration experiment, the radioactivity accumulated in the daphnids in this test 
originated from both the spiked algae and the water phase due to release by the algae. To 
recapitulate, it seemed that uptake was faster as long as algae with high contents of 
radioactivity were present, i.e. in the first hours of the experiment. After 18 h, both daphnid 
and algal internal concentrations were lower than after 10 h, and remained constant till the 
end of the experiment (Fig. 3.22). About 80 Bq/mg dw (Fig. 3.22, B) and 10 Bq/mg dw 
(Fig. 3.22, A) were present in the algae and the daphnids, respectively. In this time frame 
(18 to 24 h), algal growth was negligible (Fig. 3.21, B) and the fraction of radioactivity in 
the water column did not change (Fig. 3.21, A). Since equilibrium was reached, a BMF 
(chapter 1.2.3) of 0.125 on dry weight basis could be calculated. At 10 h, the ratio of the 
concentration in the daphnids (14.5 Bq/mg dw) and the algae (126 Bq/mg dw) was similar 
and amounted to 0.115. No biomagnification was thus observed, as the concentration in 
the predators did not exceed that in the diet (BMF < 1). As was mentioned above, both 
bioconcentration and food uptake led to accumulation of about 0.7% of the total initial 
radioactivity in the daphnids. Since the amounts distributed to the consumers were so low, 
the concentration of the algal suspension remained more or less constant (28 Bq/mL). 
Given the internal concentration of 10 Bq/mg daphnid dw at steady state, a BAF of 357 
L/kg dw could be calculated (chapter 1.2.3). 
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Fig. 3.22 Internal concentrations of radioactivity (RA; Bq/mg dry weight) over time in 
daphnids (A) and algae (B) in an experiment, in which 14C-17-ethinylestradiol-
exposed algae were transferred to clear water (density: 3.2 * 106 cells/mL) 
containing five daphnids. The whiskers indicate the standard deviation on the 
mean of 4 replicates.  
As was already shown in the elimination experiment with D. subspicatus (chapter 3.1.2, 
Fig. 3.9, D and F), the algae only excreted the brominated products of EE2 to the water 
phase (Fig. 3.23). After 24 h, 29% of Br-EE2 and 71% of Br2-EE2 were present in the 
medium. In the absence of daphnids, only dibrominated EE2 was detected in the water at 
that time (Fig. 3.9, F), although a similar fraction (60%) of the associated radioactivity was 
released by the algae (compare Fig. 3.21, A to Fig. 3.1, B). Between 10 and 24 h after 
daphnids had been added to the medium and started filtering the suspension, elimination 
of radioactivity from the algae to the water was slow (Fig. 3.22, B). Furthermore, growth of 
the algae population was more or less restricted in this time frame (Fig. 3.21, B). It seems 
that this caused further transformation of Br-EE2 to Br2-EE2 to be slower than when no 
predators were present.   
 
Fig. 3.23 Percentage of mono- and dibrominated products of 14C-17-ethinylestradiol 
(Br-EE2 and Br2-EE2) available in the water phase over time, after transfer of 
EE2-exposed algae to clear medium (density: 3.2 * 106 cells/mL) containing five 
daphnids. 
The total amount of spiked algae, and thus the total amount of radioactivity, available in 
the systems with lower algal density, was about 5 and 25 times lower than at high algal 
density (chapter 2.4.3). At medium cell concentration, the initial amount of algae amounted 
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to about 2 mg dw, from which 20% or 0.4 mg were removed at the end of the experiment 
(Fig. 3.21, B). Similarly, all algae (0.4 mg dw in total) were ingested by the daphnids after 
24 h, at low initial algal density. At the beginning of the test, the concentrations of the 
suspensions were 5.4 and 1.1 Bq/mL. Due to the observed higher uptake by the daphnids 
at lower algal density (1.5 and 7.2%; Fig. 3.21, B), equal amounts of radioactivity were 
incorporated in both treatments within one day. Hence, similar internal concentrations 
were measured in the daphnids at that time, i.e. 4.1 ± 0.2 and 4.3 ± 0.4 Bq/mg dw at 
medium and low algal density, respectively. The average weight of the daphnids fed with 
the lowest amount of algae was lower (0.36 ± 0.01 mg dw/daphnid) after 24 h than when 
more algae were present (0.39 ± 0.02 mg dw/daphnid). Using the bioconcentration model 
(chapter 3.2.1, Fig. 3.16, A), it could be calculated that exposure of daphnids for 24 h to 
5.4 and 1.1 Bq/mL via water only would have resulted in internal concentrations of 2.6 and 
0.5 Bq/mg daphnid dw. Since the true contents were about 1.6 and 8.6 times higher at 
medium and low algal density, the contribution of accumulation of radioactivity in daphnids 
via the diet seemed to be larger with lower algal cell concentrations. Accordingly, higher 
BAFs at medium and low than at high algal density could be derived, amounting to 774 
and 4300 L/kg daphnid dw, respectively. These are only valid if it is assumed that steady 
state in the distribution of radioactivity to the different compartments of the system was 
again reached at the end of the experiment (actual CW: 5.3 and 1.0 Bq/mL). 
3.2.4 Metabolism  
Whereas no products were detected in the water, in which daphnids had been exposed to 
14C-EE2 (chapter 3.2.1), the internalized radioactivity consisted mainly of a more 
hydrophilic product of the test compound (Fig. 3.24). With the applied HPLC method 
(chapter 2.7.4), the retention time of this metabolite was 4 min. Traces of an even more 
hydrophilic product were observed in the daphnid extracts at 2.5 min. Furthermore, a small 
peak was observed in the HPLC chromatogram at 15.5 min, i.e. at the retention time of the 
parent compound that was derived by analysis of a 14C-EE2 standard and is similar to 
previously presented results (chapter 3.1.2, Fig. 3.3). Since only little amounts of 
radioactivity were incorporated by daphnids, regrettably too little material was available to 
clarify the structure of the detected metabolites. 
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Fig. 3.24 HPLC chromatogram of an extract of 14C-17-ethinylestradiol exposed adult 
daphnids (Daphnia magna). 
3.2.5 Effect of EE2 and algal transformation products 
Daphnids were exposed to EE2 and its algal transformation products at concentrations up 
to 1 mg EE2/L and 1 nM (i.e. 375 ng Br-EE2 /L and 454 Br2-EE2 ng/L), respectively. No 
mortality of both control and test organisms was observed in all acute toxicity tests. 
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3.3 Accumulation, metabolism and elimination of 
EE2 by a primary consumer of the sediment: 
Chironomus riparius 
3.3.1 Uptake and elimination 
Exposure of chironomid larvae to 14C-EE2 via the medium in a sand-water system led to 
gradual uptake of the test compound by the organisms over time during the first day (Fig. 
3.25, A). After 24 h, 16% of the total amount of radioactivity was associated with the 
larvae. The average incorporated fraction was a little lower after 48 h. Only at that time, a 
considerable part was detected in the sand (1.7%), i.e. the direct environment of the 
larvae. Hence, elimination was shown to compensate for further uptake between day one 
and two. After transfer of 24 h-exposed larvae to uncontaminated medium, the radioactivity 
was quickly returned to the water phase (Fig. 3.25, B). Within one day, only about 25% of 
the internalized amount was still detected in the organisms. In both the uptake and 
elimination experiment, the part of the radioactivity associated with the glass wall was 
maximal 0.4%, and therefore negligible. Between 94 and 102% of the initially spiked 
amount was recovered from the larvae and the water at all sampling times (Fig. 3.25). 
 
Fig. 3.25 Percentage of the initial amount of radioactivity (RA) detected in the different 
compartments of a sand-water system over time after (A) uptake of 14C-17-
ethinylestradiol by Chironomus riparius larvae out of the medium and after (B) 
elimination of RA back to the water phase by 24 h-exposed larvae transferred 
to clear medium. ∑: sum of recovered RA in water, sand and larvae at sampling 
time. The whiskers represent the standard deviation on the mean of 3 
replicates. 
The mean internal concentration of radioactivity in the larvae amounted to 135 Bq/mg dw 
after 24 h of exposure. A much lower concentration was obtained after the uptake phase of 
the elimination experiment, i.e. 53 Bq/mg dw on average (Fig. 3.26, B), although the test 
setup was exactly the same. From the radioactivity content in the larvae during the 
subsequent clearance period, an elimination rate constant of 0.053 h-1 could be derived. 
Using this k2 value and the measured internal concentrations in the chironomid larvae after 
uptake over time, including all above mentioned 24 h values, an uptake rate constant (k1) 
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of 108 L*kg-1*h-1 was calculated (according to chapter 2.9.1, equation 2.6). The resulting 
uptake curve fitted to the data of 10 h- and 48 h-exposed larvae, but underestimated 
uptake in the first four hours (Fig. 3.26, A). From the applied one compartment model, a 
BCF (k1/k2) of 2038 L/kg dw could be estimated. Since the water concentration remained 
constant between 24 and 48 h in the uptake experiment, which is indicated by the equal 
fractions of radioactivity in the larvae and the water (Fig. 3.25, A), the system could be 
considered to be at steady state after 24 h. Hence, the BCF could alternatively be derived 
by dividing the concentration in the larvae (CB: 117 Bq/mg dw) by the actual water 
concentration (CW: 61 Bq/mL) at 48 h (chapter 2.9.1, equation 2.7), and amounted to 1918 
L/kg dw. Since the results of both calculations are in the same range, the parameters of 
the bioconcentration model are verified. It should be mentioned that the average mass of 
the test larvae did not significantly vary over time during the test period, and did not differ 
from the weight of control organisms. The dry weight of ten larvae added to one test bottle 
amounted to 8.2 ± 0.9 mg. Furthermore, no emergence of adult midges was observed. 
Prolonging the test duration was however not possible, firstly due to starvation in the 
present test, and secondly due to development of larvae to pupae in this as well as in 
further experiments where food was provided (chapter 3.3.3).  
 
Fig. 3.26 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in C. riparius 
over time after (A) uptake of 14C-17-ethinylestradiol out of the water and (B) 
elimination of radioactivity (RA) back to the water phase after transfer of 24 h-
exposed chironomid larvae to clear water. The plots and equations are derived 
from a one-compartment model fitted to the data (R²: coefficient of 
determination).  
HPLC analysis of the water phase during exposure of chironomid larvae showed that the 
radioactivity in the medium consisted for 100% of 14C-EE2 at all sampling times (data not 
shown).  
3.3.2 Distribution of 14C-EE2 in a sediment-water system   
Bioavailability in the presence of sediment  
In order to study the influence of the presence of sediment on the bioavailability of 14C-EE2 
for Chironomus riparius, uptake of the test substance by the larvae after both water and 
sediment spiking was compared.  
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After application of the compound to the medium, it was mainly distributed to the sediment 
over time (Fig. 3.27, A). Within three days, almost 50% of the total radioactivity was 
partitioned from the water to the solid phase of the sediment. Only very small amounts 
were detected in interstitial water (<0.2%). Furthermore, a relatively large part was shown 
to be adsorbed to suspended solids in the overlying medium (up to 3%). The fraction 
associated with the larvae was much less compared to after water exposure with only 
sand present in the system (chapter 3.3.1, Fig. 3.25, A), and was maximal after 24 h (2.3 ± 
0.0%; Fig. 3.27, A). This indicates that the presence of sediment lowers the bioavailability 
of 14C-EE2 to C. riparius larvae. At the following two days of the experiment, even smaller 
amounts of radioactivity were detected in the organisms, and hence, elimination was 
shown to predominate over possible further uptake.  
After sediment spiking, the amount of radioactivity distributed to the larvae, pore water, 
suspended solids and the glass wall surface was less than 1% in total at all sampling times 
(Fig. 3.27, B). About 5% of the radioactivity was detected in the aqueous phase at the last 
two days of the experiment, but most of the radioactivity remained in the sediment. The 
organisms concentrated only a little part, i.e. 0.3% after 24 h, which is less than after water 
spiking. This reconfirms that the overlying medium is the predominant uptake route for C. 
riparius. Due to subsequent elimination, the fraction associated with the sediment dwelling 
larvae was again lower at the end of the experiment (0.1%) compared to after the first day.    
Sorption to the glass wall surface was negligible, and practically 100% of the initially 
spiked radioactivity was recovered at all sampling times in both tests (Fig. 3.27). 
 
Fig. 3.27 Distribution of the radioactivity (RA) to ten larvae of the midge Chironomus 
riparius and the different compartments of a sediment-water system over time, 
expressed as the percentage of the total amount of 14C-17-ethinylestradiol 
(6750 Bq) initially spiked to (A) the water phase or (B) the sediment. ∑: sum of 
recovered RA at sampling time. The whiskers indicate the standard deviation 
on the mean of 3 replicates. 
The internal concentration in the larvae was maximal, 24 h after both water and sediment 
spiking, and amounted to 17 and 1.9 Bq/mg dw, respectively (Fig. 3.28). Afterwards, the 
radioactivity was strongly eliminated by the organisms, which is reflected in lower contents 
measured at 48 and 72 h. It should be mentioned that the total mass of the organisms did 
not significantly vary over time (data not shown).  
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Fig. 3.28 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in Chironomus 
riparius larvae over time after application of 14C-17-ethinylestradiol to (A) the 
water phase or (B) the sediment of a sediment-water system. The whiskers 
indicate the standard deviation on the mean of 3 replicates.  
EE2 was shown to preferentially move towards the solid phase of the system. This 
becomes particularly clear when comparing the radioactivity content of the sediment and 
the suspended solids after water spiking (Fig. 3.29, A; 10-fold difference between the scale 
of the primary and secondary Y-axis). The concentration of EE2 associated to particles 
present in the aqueous phase, to which the compound was applied, was more than twenty 
times higher compared to the sediment concentration. At the beginning of the experiment, 
the ratio between both amounted even to 250, which shows that waterborne EE2 quickly 
sorbed to particles in its direct environment. As was shown above, the fraction of the total 
radioactivity in the sediment was much larger than the part associated with suspended 
solids (Fig. 3.27, A). However, the total mass of these particles was rather low compared 
to the sediment mass (about 20 g dw), and increased over time ranging between 12 and 
35 mg dw. It should be mentioned that suspended solids separated from the overlying 
water at the different sampling points by filtration, concerned sediment particles, which 
were transported to the water phase due to aeration. A part of the sediment’s clay fraction 
was dissolved in the medium, and thus, present in the filtrate, and another part gathered 
on the filter. Furthermore, a small amount of the hydrophobic peat particles were stripped 
from the sediment, and collected on the filter as well since they floated on top of the water 
phase. The heavy sand grains were logically not transported to the aqueous phase. 
When 14C-EE2 was spiked to the sediment, the concentrations of both solid phases were 
in the same range and the content of the sediment remained more or less constant over 
time (Fig. 3.29, B). This shows that EE2 sorbed to solids remained associated to this 
material even after suspension in the initially uncontaminated overlying medium.  
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Fig. 3.29 Concentrations of radioactivity (RA; Bq/mg dry weight) sorbed to the sediment 
(primary Y-axis) and suspended solids (secondary Y-axis) over time after 
application of 14C-17-ethinylestradiol to (A) the water phase or (B) the 
sediment of a sediment-water system. The whiskers indicate the standard 
deviation on the mean of 3 replicates. 
From the second day after sediment spiking on to the end of the experiment, equilibrium 
was reached in the system, since the concentrations of the radioactivity in the water (CW: 
3.4 Bq/mL), the sediment (CS: 0.29 Bq/mg dw; Fig. 3.29, B) and the biota (CB: 0.75 Bq/mg 
dw; Fig. 3.28, B) were constant in that time frame. Hence, a biota-sediment accumulation 
factor (BSAF = CB/CS; chapter 1.2.3) could be calculated, which amounted to 2.6 based on 
dry weight of both compartments. However, it is unclear whether the fraction of the 
radioactivity associated with the sediment was bioavailable for the larvae. It is possible that 
the little part concentrated in the larvae after sediment spiking was only due to uptake from 
the water phase, to which only 5% of the test compound was partitioned (Fig. 3.27, B). 
Considering the low CW (1/85 CS), the subsequent BAF (CB/CW) of 221 L/kg dw is larger 
than the BSAF, but about ten times smaller than the above derived BCF (chapter 3.3.1) 
due to the tendency of the test compound to remain sorbed to sediment particles. As was 
the case in the sand-water system, the overlying water did also not contain any EE2 
metabolites, when sediment was present.   
Distribution of 14C-EE2 in the sediment after water spiking 
Distribution of 14C-EE2 over the depth and the different constituents of the sediment was 
investigated 72 h after water spiking in two different tests. To examine vertical transport of 
the test compound in the sediment, it was divided in three layers, from which 
representative subsamples were separately analyzed. About 90% of the total radioactivity 
was found to be associated with the upper part of the sediment, i.e. in the layer where the 
larvae were dwelling (Fig. 3.30, A). In the partitioning study, it was shown that about 90% 
was bound to the organic fraction, although only 5% of the total sediment mass consisted 
of peat (Fig. 3.30, B). The least of the radioactivity was present in the largest mass fraction 
of the sediment, i.e. 2% in the sand.   
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Fig. 3.30 Vertical distribution of the radioactivity (RA) present in the sediment over the 
depth divided in three layers (A) and partitioning of the RA among the sediment 
constituents, presented together with their percentage of the total sediment dry 
mass (B), 72 h after spiking 14C-17-ethinylestradiol to the water phase of a 
sediment-water system. Upper layer: 0 - 0.8 cm; Middle layer: 0.8 - 1.6 cm; 
Bottom layer: 1.6 - 2.4 cm. The whiskers indicate the standard deviation on the 
mean of 3 replicates. 
3.3.3 Bioaccumulation 
It was shown above that the bioavailability of 14C-EE2 was lower in the presence of 
sediment due to partitioning of the test compound especially to the organic fraction of this 
solid phase (chapter 3.3.2). Here, it was tested whether the addition of a food source 
resulted in higher accumulation of the radioactivity in the test organisms. Therefore, 100 
mg of the peat in the sediment was replaced by the same amount of an organic nutrition 
source. The distribution pattern of the radioactivity after both water and food spiking was 
similar as in the systems without food, presented above (chapter 3.3.2, Fig. 3.27). Only 
50% was detected in the medium two days after water spiking and almost all radioactivity 
remained in the sediment after food/sediment spiking (data not shown). Between 94 and 
104% of the initially applied amount were found back at all sampling times. 
Once more, it was shown that uptake via the water resulted in higher internal 
concentrations in the larvae than when they were mainly exposed via the sediment (Fig. 
3.31, A vs. B). The radioactivity content was again higher at 24 h than at 48 h due to 
elimination in between both time points. 
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Fig. 3.31 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in Chironomus 
riparius larvae over time after application of 14C-17-ethinylestradiol to (A) the 
medium or to (B) an organic food source added to a sediment-water system. 
The whiskers indicate the standard deviation on the mean of 3 replicates. 
Although dietary uptake could not be proven, accumulation of radioactivity in the larvae 
was significantly higher when the sediment contained food (Fig. 3.32). This was the case 
after both water and sediment spiking, and can be derived from the results of the present 
bioaccumulation experiments (Fig. 3.31, A and B) compared with those of the former 
bioavailability tests (Fig. 3.28, A and B). 24 h after application of the test substance to the 
medium, the internal concentration in the chironomid larvae amounted to 37 and 17 Bq/mg 
dw in the presence and absence of food, respectively (Fig. 3.32). Similarly, a higher 
radioactivity content was detected in the organisms when spiked food was added to the 
system (3 Bq/mg dw) than when the sediment contained no explicit nutritional source (2 
Bq/mg dw).  
 
Fig. 3.32 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in Chironomus 
riparius larvae, 24 h after application of 14C-17-ethinylestradiol to one of the 
compartments (marked with #) of different systems (Y-axis). The whiskers 
represent the standard deviation on the mean of 3 replicates. The asterisks 
indicate significant differences between equal treatments with different 
nutritional qualities (all concentrations were statistically different). 
3.3.4 Metabolism 
Whereas traces of the parent compound were found in extracts of daphnids (chapter 3.2.4, 
Fig. 3.24), no 14C-EE2 was detected in 24 h water exposed Chironomus riparius larvae 
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(Fig. 3.33, A). All internalized radioactivity in larvae homogenates consisted of two more 
hydrophilic compounds that had again retention times of 2.5 and 4 minutes. Treatment of 
the samples with -glucuronidase (chapter 2.7.8) revealed that the second metabolite (at 4 
min) was produced by conjugation of 14C-EE2 with glucuronic acid (Fig. 3.33, B). The 
identity of the compound at 2.5 min remains to be clarified.  
 
Fig. 3.33 HPLC chromatogram of an extract of 14C-17-ethinylestradiol exposed 
Chironomus riparius larvae before (A) and after (B) enzymatic hydrolysis with 
-glucuronidase. 
3.3.5 Effect of EE2 
All larvae survived exposure to EE2 concentrations up to 1 mg/L during 48 h. Furthermore, 
no chronic effects on C. riparius were observed after spiking EE2 to the overlying medium 
of a sediment-water system. An effect test using spiked sediment was not performed, 
since it was shown above that the bioavailability of the test compound was even lower 
after application of EE2 to the sediment (chapter 3.3.2).  
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3.4 Accumulation, distribution, metabolism and 
elimination of EE2 by a secondary consumer and 
target organism: Danio rerio 
3.4.1 Uptake and elimination 
14C-EE2 uptake by male zebrafish was observed over time (Fig. 3.34, A). After 48 h of 
exposure, 18% of the initial amount spiked to the water phase was detected in the fish. 
Practically all radioactivity was recovered from the medium and the organisms at all 
sampling times (Fig. 3.34, A). The applied EE2 concentration was quite high, i.e. 6.7 
Bq/mL or 1 µg/L (chapter 2.6.1), which is about 1000 times higher than the previously 
reported LOEC for different endpoints (chapter 1.3.1, Table 1.4). Working with lower EE2 
contents was not an option due to the detection limits of analytical equipment. It was 
shown that the production of VTG was induced after exposure of male zebrafish to this test 
concentration for 72 h (Lögers, 2010). However, the condition factor of the organisms did 
not differ from that of control animals or exposed fish sampled at the different time points 
(data not shown). The wet and dry weight of all exposed fish amounted to 254 ± 58 mg, 
and 60 ± 15 mg, respectively. Male fish of the same weight excreted about half of the 
incorporated radioactivity within 48 h after they were transferred to uncontaminated water. 
After 72 h, the fraction of the average initial amount associated with the fish was 41% (Fig. 
3.34, B). The sum of the radioactivity detected in the fish and the water after elimination 
was more or less equal to the average internalized amount in the fish after 48 h of 
exposure (recovery of about 95%; Fig. 3.34, B), but large scatter in the data was observed. 
The standard deviations on both the mean water concentration and the total fish radio-
activity content were rather high, and uptake did not correlate to the fish weight.   
 
Fig. 3.34 Percentage of the spiked amount of radioactivity (RA) detected in water and 
fish (Danio rerio) over time after (A) uptake of 14C-17-ethinylestradiol by the 
fish out of the medium and after (B) elimination of RA back to the water phase 
after transfer of 48 h-exposed fish to clear medium. ∑: sum of recovered RA at 
sampling time. The whiskers indicate the standard deviation on the mean of 5 
replicates. 
RESULTS 
119 
 
Consequently, the variability between replicates was reflected in the fish concentrations 
after elimination (Fig. 3.35, B). In the beginning of the uptake experiment, the data showed 
little scatter (coefficient of variation < 10%), whereas large differences between individuals 
were observed after 24 h of exposure on (coefficient of variation of about 22%) (Fig. 3.35, 
A). The internal concentrations after 48 h from both the uptake experiment and the uptake 
phase of the elimination experiment were pooled, as there were no significant differences 
between both data sets (Fig. 3.35). The resulting fish content amounted to 14.0 ± 2.9 
Bq/mg dw. Since the standard deviation on the internal concentration was already high 
after uptake, as was indicated above, the even higher variability after transfer of the fish to 
fresh medium could be explained. Coefficients of variation on the elimination data of the 24 
and 48 h sampling times were as large as 40 and 55%, respectively (Fig. 3.35, B). 
However, less scatter was observed after 72 h and the internal concentration was 
significantly lower (4.9 ± 1.1 Bq/mg dw) compared to at the beginning of the clearance 
test, i.e. after 48 h of exposure (14.0 ± 2.9 Bq/mg dw). Although the coefficient of 
determination of the exponential curve fitted to the elimination data was low, the obtained 
rate constant (k2: 0.017 h-1) allowed estimation of an uptake curve (k1: 69 L*kg-1*h-1) that 
fitted fairly well to the concentrations measured in the fish after exposure (Fig. 3.35, A). 
From the above mentioned rate constants, a bioconcentration factor for EE2 in D. rerio of 
4059 L/kg dw was derived (equation 2.7; chapter 2.9.1). This corresponds to a BCF of 959 
L/kg based on wet weight (= 4.2 * dry weight). 
 
Fig. 3.35 Internal concentrations of radioactivity (RA; Bq/mg dry weight) in Danio rerio 
over time after (A) uptake of 14C-17-ethinylestradiol out of the medium and (B) 
elimination of radioactivity (RA) back to the water phase after transfer of 48 h-
exposed fish to clear water. The plots and equations are derived from a one 
compartment model fitted to the data (R²: coefficient of determination).  
The results of HPLC analysis of the water phase showed that the fish did not excrete any 
biotransformation products. The radioactivity in the medium consisted for 100% of 14C-EE2 
at all sampling times (data not shown). An example of a chromatogram of a water sample 
extracted after exposure of fish is presented below (chapter 3.4.3, Fig. 3.40, A).  
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3.4.2 Biomagnification 
In order to be able to compare elimination after dietary and water exposure, fish were fed 
with the same amount of radioactivity as they had incorporated after 48 h of exposure via 
the water phase. About 18%, or 965 Bq, of the initial 5360 Bq 14C-EE2 (6.7 Bq/mL * 800 
mL; chapter 2.6.1) was detected in the fish after uptake via the water at that time (chapter 
3.4.1, Fig. 3.34, A). One spiked worm contained 169 ± 36 Bq, and hence, the number of 
worms fed to each fish was set to six (chapter 2.6.2). The dose applied to the fish could 
thus be estimated to amount to about 1014 Bq. However, the recovered radioactivity from 
both the organisms and the water phase at sampling time ranged between 704 - 1118 Bq, 
i.e. 74 - 108% of this value. This variability was most probably due to the high standard 
deviation on the radioactivity content in the worms. Since the substance did not degrade in 
any of the previously performed experiments (e.g. chapter 3.4.1), it was supposed that no 
losses of the compound occurred here as well. Therefore, the sum of the radioactivity in 
the fish and the medium at the different time points was considered to be the initial amount 
in the worms, and thus in the fish, since they directly consumed this artificial prey. From 
these values and the average fish weight, the initial internal concentration could be 
estimated at 13.6 ± 3.8 Bq/mg fish dw. This value is comparable with the content in the 
fish after 48 h of water exposure, and thus, the one at the beginning of the first elimination 
experiment (chapter 3.4.1, Fig. 3.35). Because of the large differences in the total amount 
of radioactivity in the system available at the beginning of the present test, not the internal 
concentrations, but the fractions associated with the fish over time were used to compare 
excretion after water and dietary exposure (Fig. 3.36). Elimination rate constants (k2) 
derived from these data were 0.013 and 0.023 h-1, respectively. It was shown that the 
radioactivity was significantly faster returned to the water phase after application via the 
food. After 48 h, 47% of the total amount was still present in the fish after exposure via the 
water, whereas 74% was detected in the medium after dietary exposure at that time. In the 
latter case, elimination was actually quicker within the first two days (k2: 0.028 h-1) than 
when calculated over the whole time period (k2: 0.023 h-1; Fig. 3.36), since no further 
elimination was observed between 48 and 72 h. The internal radioactivity content of the 
fish (CB: 3.5 Bq/mg dw) and the concentration in the water (CW: 0.89 Bq/mL) remained 
constant in that time frame, and hence, a bioaccumulation factor of 3933 L/kg dw could be 
derived.  
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Fig. 3.36 Radioactivity (RA) left in fish, expressed as the percentage of the total amount 
initially present in the organisms over time, which were transferred to clear 
medium after being exposed to 14C-17-ethinylestradiol (14C-EE2) via the water 
or to a 14C-EE2-spiked diet. 
It was already shown in tests with daphnids and chironomids that invertebrates metabolize 
14C-EE2 to more hydrophilic compounds (chapter 3.2.4, Fig. 3.24; chapter 3.3.4, Fig. 3.33, 
A). Similarly, two products were detected in extracts of the blackworm at 2.5 and 4 min 
(Fig. 3.37, A). Treatment of the samples with sulphatase and -glucuronidase resulted in 
complete conversion of the products into the parent compound (at 15 min, Fig. 3.37, B). 
14C-EE2 glucuronide was shown to have a retention time of 4 min since only that peak was 
diminished (and not the one at 2.5 min) when chironomid extracts were hydrolyzed with 
the corresponding enzyme only (chapter 3.3.4, Fig. 3.33). Since blackworm homogenates 
were additionally treated with sulphatase, it can be concluded that the second metabolite 
at 2.5 min (shown not to react with glucuronidase) disappeared due to cleavage by this 
enzyme. Hence, the latter product was shown to be a sulphate ester of the test compound.  
 
Fig. 3.37 HPLC chromatogram of an extract of 14C-17-ethinylestradiol exposed worms 
(Lumbriculus variegatus) before (A) and after (B) enzymatic hydrolysis.  
Consequently, the fish diet consisted of 14C-EE2 conjugates and not of the parent 
compound itself. This might have resulted in different distribution and be an explanation for 
the subsequent quicker elimination of EE2 after dietary compared to after water exposure. 
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It will be shown that the composition of metabolites present in the gall bladder of the fish 
differed between both treatments (chapter 3.4.4, Fig. 3.41). The radioactivity present in the 
bile after 48 h of exposure via the water, i.e. at the beginning of the depuration period, 
mainly consisted of EE2 glucuronide (chapter 3.4.4, Fig. 3.41, A). When the fish were fed 
with the two conjugates via the worms, both metabolites were found in the gall bladder 
(chapter 3.4.4, Fig. 3.41, B). It is possible that the presence of the EE2 sulphatide might 
have facilitated excretion of EE2, since it is more water soluble than the other conjugate. 
Furthermore, the extent to which glucuronized EE2 is deconjugated and reabsorbed in the 
bloodstream after release of the bile in the gut might be larger than the degree of possible 
cleavage of the sulphate ester.   
3.4.3 Distribution of 14C-EE2 and metabolites to fish tissues 
after water and dietary exposure 
Tissue residues of radioactivity were measured in fish exposed to 14C-EE2 via the water 
and via a 14C-EE2 spiked diet. The aim was to compare distribution of the test compound 
and/or its transformation products, and to unravel possible differences in their transport to 
target organs. Fish were subjected to both exposure pathways in two test series. In a first 
experiment (next subchapter: distribution under different feeding regimes), water exposed 
fish were fed in several ways. Furthermore, the diet for exposure of fish via the food 
consisted of the invertebrates included in the present work as main test organisms, i.e. 
larvae of the midge Chironomus riparius and adult Daphnia magna. The second 
experiment (next but one subchapter: distribution over time) was performed in the same 
way as the above described bioconcentration (chapter 3.4.1) and biomagnification 
(chapter 3.4.2) tests for water and dietary exposure, respectively. In the latter case, 
blackworms (Lumbriculus variegatus) were spiked and used as a prey for the fish.  
Distribution under different feeding regimes  
As a part of the first experiment, two times five fish were individually exposed for two days 
via the water phase to about 4 Bq/mL (1 µg 14C-EE2/L) in separate tests, further referred 
to as water exposure (WE) approaches one and two, abbreviated WE1 and WE2. The first 
test (WE1) was repeated because the gall bladder of the fish was not visible for dissection. 
In WE1, the fish had been fed two times with 30 mg of brine shrimp nauplii, once directly 
after adding the fish to the exposure solution and once 24 h later. Bile is produced in the 
liver, stored in the gall bladder, and released to the gut when food enters the digestive 
tract to emulsify fats. Hence, feeding was performed only once at the beginning of WE2 in 
order to evaluate transfer of the test compound and/or metabolites to the gall bladder. 
Furthermore, larger fish were selected for the second test to ease the dissection process. 
Despite of both measures, the gall bladder was not detected in WE2 as well. In both WE1 
and WE2, large amounts of partially digested food were observed in the gut, which is most 
probably the reason why the organ was empty and could consequently not be found.  
The wet weight of the fish of WE1 and WE2 amounted to 281 ± 26 and 425 ± 26 mg, 
respectively. Monitoring of the water phase over time showed that the radioactivity 
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concentrations remained more or less stable after 24 h (Fig. 3.38). This was not the case 
in the bioconcentration experiment, where continuous uptake of the test compound by the 
fish from the medium was observed during two days (chapter 3.4.1, Fig. 3.34, A). The 
difference with the present test was that in the latter experiment, no food was applied to 
the animals. Furthermore, part of the test compound was removed from the medium during 
the different sampling events, which resulted in lower amounts of total radioactivity present 
in the system over time. Two aliquots of 10 mL were taken from the medium just before 
the fish were added to the system, and hence, the remaining volume was 780 mL. The 
total amount of radioactivity, initially present in WE1, amounted to 3083 Bq on average. 
The sample volume was reduced to 5 mL at the four subsequent time points. A total 
amount of 143 Bq (in 40 mL) was sacrificed during those sampling events. At the end of 
the experiment, 2397 ± 102 Bq was present in the water phase and 404 ± 77 Bq in total 
was detected in the fish compartments (i.e. 17%; Fig. 3.39). 95% of the initial amount was 
thus allocated to sampling, the organisms and the water over the test duration. After 24 h, 
less radioactivity was available in the water phase (2231 ± 81 Bq) than after 48 h. This 
indicates that elimination prevailed over further uptake of the compound by the fish in that 
time frame. In WE2, the mean total amount of radioactivity present in the medium was 
lower after two days (2226 ± 158 Bq) compared to after one day (2437 ± 158 Bq) of fish 
exposure. However, the difference was not significant and could be dedicated to sampling 
(124 Bq) of the water in between (Fig. 3.38). Again, a volume of 40 mL was removed since 
two times 10 mL was measured at two time points. Altogether, elimination did not 
predominate after 24 h in WE2, but compensated for further uptake. As a consequence, 
the total amount of radioactivity detected in the fish of WE2 was higher than in those of 
WE1 and amounted to 669 ± 157 Bq after two days of exposure (i.e. 22%; Fig. 3.39). From 
the originally applied 3159 Bq, 96% was recovered taking the part sacrificed for sampling 
into account. Since the balance was more or less complete in both WE1 and WE2, but still 
lower as in the former uptake experiment (chapter 3.4.1, Fig. 3.34, A), it was shown that 
only little radioactivity got lost during saturation of pipette tips at sampling and due to 
leakage of body fluids during dissection of the test organisms.  
 
Fig. 3.38 Concentration of radioactivity (RA) in the water phase during exposure of 
zebrafish (Danio rerio) to 14C-17-ethinylestradiol (1 µg/L) in two separate 
experiments, in which the organisms were fed twice (WE1) or once (WE2).  
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Due to the difference in size, the internal concentrations in WE1 and WE2 fish (CB) did not 
significantly differ, and amounted to 1.45 ± 0.31 and 1.58 ± 0.39 Bq/mg ww after two days 
of exposure, corresponding to 1.31 and 1.42 pmol EE2 equivalent/mg ww. The ratios of 
these values and the respective water concentrations (CW) were 447 ± 110 and 535 ± 162 
L/kg ww. In the uptake experiment where fish were not fed at all, the 48 h CB/CW value 
amounted to 637 ± 145 L/kg ww (chapter 3.4.1). The concentration of the test compound 
in mass per volume was the same in all experiments (1 µg/L), but the specific radioactivity 
of the applied 14C-EE2 in the present test was lower (ethinyl labelled; chapter 2.1). To 
compare, the CB of 14.0 Bq/mg dw obtained after 48 h in the first uptake experiment 
(chapter 3.4.1, Fig. 3.35) corresponds to 3.3 Bq/mg ww or 1.75 pmol EE2 equivalent/mg 
ww. Neither the CB nor the CB/CW data of the three approaches are significantly different, 
but the values indicate a trend of higher 14C-EE2 concentration via the water with lower 
food availability, which is ascertained by the observed and above described difference in 
bioaccumulation processes (i.e. uptake and elimination) over time.  
As for dietary exposure in the first experiment, i.e. parallel to WE1, two batches of again 
five fish were provided with 14C-EE2-spiked prey of chironomids (CE) or daphnids (DE).  
The spiked chironomids used for exposure of fish via the food contained 199 ± 27 Bq per 
larva. According to the results of the formerly described biomagnification experiment, it 
was expected that about half the radioactivity would be eliminated by the fish within one 
day after dietary exposure (chapter 3.4.2, Fig. 3.36). To obtain comparable total amounts 
of test compound in the fish as after water exposure, i.e. about 500 Bq, five larvae were 
applied to each fish, which were then analyzed 24 h later. Most of the prey was 
immediately consumed, but in the end, only about 25% of the total radioactivity present in 
the system was detected in the fish, i.e. 255 ± 97 Bq of 988 ± 158 Bq (Fig. 3.39). Hence, 
elimination was quicker here after ingestion of spiked chironomid larvae, than was 
predicted from the test where fish were fed blackworms. The dry weight of one larva 
amounted to 0.7 mg on average, which corresponds to 2.5 mg wet weight (Harkey et al., 
1994). To obtain a total diet mass of 30 mg wet weight, as was also applied to water 
exposed fish, the animals of the CE treatment were additionally fed 17.5 mg 
uncontaminated brine shrimp nauplii. On the contrary, no extra food was provided to fish 
exposed using six spiked blackworms (wet weight < 15 mg). The availability of higher 
amounts of food might have accelerated elimination, which has been suggested above as 
a reason for the observed differences in bioconcentration processes between WE1 and 
WE2 fish as well. The gall bladder of CE fish was again empty (Table 3.13), whereas this 
organ was clearly visible in fish 24 h after consumption of blackworms, which can be 
derived from the second distribution experiment presented below (Table 3.15). 
Furthermore, feeding of fish with other prey might have led to differences in the distribution 
and subsequent excretion of the radioactivity, depending on the composition of 14C-EE2 
metabolites in the diet. However, it was previously shown that chironomid larvae and 
blackworms convert 14C-EE2 to the same more water soluble conjugates (chapter 3.3.4, 
Fig. 3.33, A; chapter 3.4.2, Fig. 3.37, A). 
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The experiment, in which spiked daphnids were used as a food source, basically failed, 
since the fish had problems consuming their prey. This was unexpected because daphnids 
of the same size were directly eaten when applied to the stock culture. Nevertheless, 
some interesting findings can be extracted from the combined results of this DE test, 
chemical analyses afterwards (Fig. 3.40, D and E), and the effect test described later on 
(chapter 3.4.5). Twenty-four daphnids, each of them containing 41.5 Bq on average, were 
given to one fish. Due to the fact that most attacks by the fish on this prey were 
unsuccessful, about half of the daphnids were still alive after 24 h. The remaining 
radioactivity in these organisms amounted to about 8 Bq only (80 Bq in total). Excretion of 
radioactivity by the daphnids was quicker than observed before (50% within one day; 
chapter 3.2.1, Fig. 3.16, B), most probably due to filtration in a larger water volume and 
under predator pressure. It is obvious that fish were exposed via both the daphnids they 
managed to consume and via the water phase to the fraction eliminated by those they did 
not eat. At the end of the experiment, the largest portion of the radioactivity present in the 
system was found back in the water phase, and only 4.5 ± 0.9% was detected in the fish 
(Fig. 3.39). It will be shown later on that even when all applied daphnids were consumed 
by the fish, no effects on the VTG induction were observed (chapter 3.4.5, Fig. 3.42). 
Altogether, it seems that the little fraction in the fish of the present experiment mainly 
originated from water exposure.  
 
Fig. 3.39 Percentage of the total radioactivity (RA) present in the system that was 
detected in male zebrafish (Danio rerio), which were exposed for 48 h to 14C-
17-ethinylestradiol (14C-EE2, 1 µg/L) via the water and fed twice (WE1) or once 
(WE2), or which were dietary and water exposed over 48 h after application of 
14C-EE2-spiked daphnids (DE), or which were analyzed 24 h after consumption 
of a 14C-EE2-spiked diet of chironomid larvae (CE). The whiskers represent the 
standard deviation on the mean of five replicates.  
As was also the case in the first uptake experiment (chapter 3.4.1), only 14C-EE2 was 
detected in the medium surrounding the fish of both the WE1 and WE2 treatment (Fig. 
3.40, A). Since it could be derived from WE1 that the organisms eliminated part of the 
incorporated radioactivity during the last day of the experiment, it is proven that water 
exposed fish do not excrete metabolites, but only the parent compound.  
About 90% of the radioactivity in the larvae used for feeding CE fish consisted of 14C-EE2 
glucuronide (Fig. 3.40, B). Furthermore, both EE2 sulphatide and traces of the parent 
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compound were detected in chironomid extracts. After exposure of the fish via spiked 
larvae, almost all radioactivity in the water phase consisted of unconjugated 14C-EE2 (Fig. 
3.40, C). However, little amounts of both EE2 products were present in the water extract 
as well. Since the relative amount of the sulphate conjugate in the diet and the fish 
medium was similar, it seems that it was excreted by the fish without being converted to 
the parent compound. The glucuronide on the other hand was almost completely 
deconjugated before it was released to the water phase.  
The chromatogram obtained from HPLC analysis of extracted daphnids, co-exposed to 
those used to feed the fish, was similar as the one presented before (chapter 3.2.4, Fig. 
3.24). It shows that the internal radioactivity in the organisms consisted mainly of one 
unknown product with a similar retention time as 14C-EE2 glucuronide (4 min; Fig. 3.40, D). 
Although the fraction of the most hydrophilic compound in the daphnids was very small, a 
large amount of this product was detected in the water phase after fish exposure (2.5 min; 
Fig. 3.40, E). Analysis of the medium, in which daphnids had been exposed, revealed that 
the latter 14C-EE2 metabolite was also largely present in the test solution (data not shown). 
Therefore, it was assumed to be mainly available in the fish medium as an elimination 
product of the daphnids. This is in contrast with the results of previously described tests, 
where only the parent compound was detected in the water after daphnid exposure 
(chapter 3.2.1; 3.2.4). According to its retention time (2.5 min), the metabolite might 
concern EE2 sulphatide, which was also detected in blackworms (chapter 3.4.2, Fig. 3.37, 
A). The sulphate conjugate of EE2 has already been suggested to be quickly eliminated by 
the fish after being ingested (chapter 3.4.2). Here, fish were mainly exposed to this product 
via the water phase (Fig. 3.40, E), and only to a small extent via the diet (Fig. 3.40, D), and 
the percentage of the radioactivity associated with the fish was little (Fig. 3.39). Therefore, 
it seems to be subject of lower uptake and/or facilitated elimination compared to the parent 
compound, which might be explained by its relatively higher water solubility. Since the 
metabolite with the higher retention time present in the daphnid extract was not detected in 
the fish medium (4 min; Fig. 3.40, D and E), it was either converted to 14C-EE2 in the 
daphnids or in the fish after consuming parts of the diet. The fraction of the parent 
compound in the water phase, surrounding the fish after DE treatment, might then have 
been excreted by both prey and predator.   
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Fig. 3.40 HPLC chromatogram of water extracts after exposure of zebrafish to 14C-17-
ethinylestradiol (14C-EE2) via the water phase (A) or via a diet of 14C-EE2 spiked 
C. riparius larvae (C) or adult D. magna (E), and of extracts of 14C-EE2-exposed 
chironomids (B) and daphnids (D) before feeding them to the fish.  
Water exposure of the fish to 14C-EE2 resulted in distribution of the radioactivity to all fish 
compartments (Table 3.12). Of all inner organs, the largest fraction of radioactivity was 
detected in the gut, and was significantly higher in WE1 fish (42%) compared to WE2 fish 
(32%). It was mentioned above that the organisms of WE1, fed two times over the course 
of the experiment, clearly excreted (elimination > uptake) the test compound after the 
second food application, i.e. from 24 h on. The passage of more food through the gut 
might have resulted in enhanced metabolism of the test compound, and thus, quicker 
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release with the digested organic mass to the water phase via the intestinal tract. This 
explanation for the difference in bioconcentration between the organisms of the two tests 
is enforced by the higher relative amount in the liver of WE2 fish compared to WE1 fish 
(Table 3.12). A further difference was observed comparing the radioactivity content in the 
gills of both animal groups, which was significantly higher in WE2 fish. This might imply 
that further uptake of the test compound via branchial respiration was larger than in WE1 
fish. However, this was not reflected by the fractions of radioactivity in the blood current. 
The fact that the portions in the gut were much larger than those in gill tissue, can either 
indicate that 14C-EE2 passing the counter-current mechanism in gills is very efficiently 
transported to the fish interior, or that even during water exposure, large amounts are 
directly taken up via the alimentary system. It is generally known that freshwater fish do 
not drink for osmoregulation like saltwater fish do, but oral uptake of the test compound 
might have occurred during feeding on the applied brine shrimp nauplii. However, it will be 
shown below that the fraction associated with the gut was again the largest even after 
shorter exposure (24 h) via the water, when no food was provided to the fish (Table 3.14). 
Since a lot of the radioactivity was present in the leftover fish, which concerns the skin and 
the filet of the animals, dermal absorption of 14C-EE2 might have largely contributed to 
incorporation of the test compound. Little, but considerable amounts were also detected in 
the gonads and the brain. As was mentioned in the introduction (chapter 1.3.1), distribution 
of EE2 to these tissues should be considered since they contain estrogen receptors (ERs).  
Table 3.12 Percentage of the total amount of radioactivity (RA) detected in zebrafish, 
associated with different fish compartments, after exposure of the organisms 
to 14C-17-ethinylestradiol (14C-EE2) via the water for 48 h and feeding them 
twice (WE1) or once (WE2). 
Fish compartment WE1 (% of total RA) WE2 (% of total RA) 
 mean SD mean SD 
Liver 6.4 1.9 11.9 4.5 
Gut 41.8 3.7 32.1 4.0 
Gall bladder n.d.  n.d.  
Gonads 1.6 1.2 1.9 1.2 
Gills 2.1 0.1 6.4 2.8 
Blood 2.5 1.5 2.2 2.3 
Brain 0.6 0.2 0.6 0.1 
Leftover 43.7 11.0 44.1 3.3 
SD: standard deviation on the mean of 5 replicates; n.d.: organ not detected 
The relative amounts of incorporated radioactivity in the different tissues of both CE and 
DE fish (Table 3.13) did not appreciably differ from those of water exposed fish (Table 
3.12). Only the animals of the CE treatment were initially exclusively dietary exposed, but 
uptake via the water cannot be ruled out afterwards due to excretion of the parent 
compound over time. The fish of the DE approach were largely exposed via the medium 
already quickly after daphnids were inserted. This is reflected in larger fractions of 
radioactivity in the gills and circulating in the blood of DE compared to CE fish (Table 
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3.13). The total relative amount associated with organs of the gastrointestinal system 
added up to more than 50% of the internalized radioactivity. It is important to mention that 
partitioning of the test compound and its metabolites to ER possessing organs, i.e. the 
liver, the gonads and the brain did not significantly differ between the treatments.    
Table 3.13 Percentage of the total amount of radioactivity (RA) detected in zebrafish, 
associated with different fish compartments, after consumption of a 14C-17-
ethinylestradiol-spiked diet of chironomid larvae (CE) or daphnids (DE). 
Fish compartment CE (% of total RA) DE (% of total RA) 
 mean SD mean SD 
Liver 10.4 4.0 7.1 1.5 
Gut 42.7 7.3 44.6 8.0 
Gall bladder n.d.  n.d.  
Gonads 1.9 1.2 1.7 0.5 
Gills 2.3 0.9 7.0 1.9 
Blood 2.5 1.0 4.4 0.8 
Brain 0.7 0.2 0.6 0.2 
Leftover 42.1 0.3 44.6 8.0 
SD: standard deviation on the mean of 5 replicates; n.d.: organ not detected 
Distribution over time 
A more profound analysis was performed in a second test series, in which the distribution 
of radioactivity in water and dietary exposed fish was studied over time. Application of the 
test substance via the medium (WE) or its metabolites via a diet of spiked blackworms 
(BE) was performed as in the uptake (chapter 3.4.1) and biomagnification (chapter 3.4.2) 
experiment, respectively. Fish tissues were analyzed 24, 48, and 72 h after introduction in 
the test solution or after being fed six spiked worms. No (additional) food was provided to 
the fish.  
As was expected from the results of the above mentioned accumulation tests, a lot of 
variability between individuals was observed in the data (Table 3.14; Table 3.15). As was 
described in the introduction (chapter 1.2.3), EE2 was shown to be subject of entero-
hepatic recirculation. This involves that the compound might be partly redistributed to 
different tissues via the blood after being released with the bile into the gut instead of 
being eliminated with the faeces. Next to variability in the incorporated and eliminated 
amount of the test substance over time, this might have led to the even larger differences 
between the fractions of radioactivity in each organ amongst the fish.  
It is reaffirmed that water exposure leads to quick transport of the radioactivity into the gut 
(Table 3.14). More than 60% was associated with the gut after 24 h of exposure in three 
out of five WE fish. Afterwards, the fraction in the gut decreased over time, while the 
portion in the gall bladder increased. From the beginning of the experiment on, a rather 
high amount of the radioactivity was also present in the liver of WE fish, i.e. about 13% 
after 24 h. Altogether, it seems that waterborne 14C-EE2 was rapidly distributed to the gut, 
transformed to its conjugates in the liver and gradually directed to the gall bladder. After 
RESULTS 
130 
 
dietary exposure, the largest amount of radioactivity was detected in the gall bladder after 
24 h (Table 3.15). Hence, it seems that the metabolites entering the gut via the diet are 
quickly partitioned to the latter organ for storage. Afterwards, a high amount of the 
radioactivity was redistributed to the gut, where the largest fraction was present after 48 h. 
The percentage of the radioactivity in the liver remained more or less constant over time in 
both treatments (Table 3.14; Table 3.15). Only at the first sampling time, the relative 
amount in the liver was significantly higher in WE compared to BE fish. Since the liver is 
the target organ for the induction of VTG through estrogen exposure, this might involve 
earlier effects after water compared to dietary exposure. On average 80% of the 
radioactivity was present in the organs of the digestive system of all fish, independent of 
the sampling time and the exposure pathway. From the remaining radioactivity, the largest 
part was detected in the skin and filet of the animals in a ratio of about 1:1. The relative 
amount associated with the skin was higher 48 h after dietary exposure, although less 
radioactivity was present in the medium compared to during water exposure. Less than 6% 
in total was associated with the gills, the blood, the brain and the gonads of WE fish (Table 
3.14). The mean portions of radioactivity detected in these tissues showed a minimum 
after 48 h of water exposure. Significant differences between the fraction after 24 and 48 h 
were determined for the gonads and the blood. Significantly higher fractions were detected 
after 72 h compared to after 48 h in the gonads, the brain and the blood of WE fish. In 
case of dietary exposure, the relative amounts of radioactivity detected in the gills, the 
blood, the brain, and the gonads all showed an increasing trend over time (Table 3.15). 72 
h after application of the spiked diet, the sum of the fractions in these tissues of BE fish 
was about twice the total amount in those of WE fish exposed for three days, i.e. about 
12%.   
Table 3.14 Percentage of the total amount of radioactivity (RA) detected in zebrafish, 
associated with different fish compartments over time, after exposure to 14C-
17-ethinylestradiol via the water phase. 
Fish 24 h (% of total RA) 48 h (% of total RA) 72 h (% of total RA) 
compartment mean SD mean SD mean SD 
Liver 12.9 5.3 12.4 3.5 7.4 6.8 
Gut 49.9 22.9 45.8 10.0 28.0 10.1 
Gall bladder 7.7 8.4 25.1 11.3 45.8 24.8 
Gonads 1.0 0.1 0.4 0.0 1.7 0.7 
Gills 1.5 0.8 0.8 0.3 1.0 0.6 
Blood 0.6 0.0 0.2 0.0 1.5 0.9 
Brain 0.8 0.5 0.4 0.2 1.3 0.5 
Skin 7.4 2.0 5.1 1.9 4.4 2.1 
Filet 6.4 2.4 6.1 4.0 5.1 1.5 
SD: standard deviation on the mean of 5 replicates 
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Table 3.15 Percentage of the total amount of radioactivity (RA) detected in zebrafish, 
associated with different fish compartments over time, after consumption of a 
14C-17-ethinylestradiol-spiked diet of blackworms. 
Fish 24 h (% of total RA) 48 h (% of total RA) 72 h (% of total RA) 
compartment mean SD mean SD mean SD 
Liver 4.4 1.8 7.2 5.0 5.8 3.7 
Gut 30.3 10.2 48.3 14.1 39.6 19.5 
Gall bladder 45.3 15.2 26.2 4.2 34.5 9.9 
Gonads 0.9 0.1 1.7 1.3 2.3 1.7 
Gills 1.2 0.5 2.0 1.6 3.1 2.0 
Blood 2.0 1.3 2.8 3.0 4.0 3.0 
Brain 1.0 0.3 1.7 1.3 2.2 1.4 
Skin 7.3 2.2 10.9 1.8 7.5 2.4 
Filet 6.9 3.7 7.5 2.9 7.8 2.0 
SD: standard deviation on the mean of 5 replicates 
During the last two days of both experiments, the radioactivity concentration measured in 
the water phase (CW) remained constant and amounted to 5.0 and 0.9 Bq/mL after water 
and dietary exposure, respectively (data not shown). Since the total amount of radioactivity 
present in the test systems differed between the treatments, the tissue content (CTissue; 
Bq/g dw or Bq/mL bile or blood) was divided by the final water concentration (CW; Bq/mL) 
in order to compare bioaccumulation in the organs of WE and BE fish (Table 3.16). The 
CTissue data are presented elsewhere (Deutschmann, 2009). It was shown that the mean 
accumulation factors were generally higher after dietary compared to after water exposure. 
The highest CTissue/CW values were determined for the organs of the alimentary system, 
where the radioactivity concentration was between 104 and 105 times the one in the 
medium (Table 3.16). From the organs of the hypothalamus-pituitary-gonad-liver axis, the 
least was concentrated in the brain and the most in the liver. Although comparably low 
values were obtained for the filet of both WE and BE fish, accumulation of 14C-EE2 or its 
metabolites in this compartment is important with regard to human consumption of fish 
derived from EE2 polluted water bodies. 
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Table 3.16 Ratio between the concentrations in the different fish tissues (CTissue) and the 
water (CW) 48 h after exposure of male zebrafish to 14C-17-ethinylestradiol (14C-
EE2) via the water phase (WE) or via a diet of 14C-EE2 spiked blackworms (BE).  
Fish compartment CTissue/CW in WE fish CTissue/CW in BE fish 
 mean SD mean SD 
Liver 19,255 8,895 12,855 8,185 
Gut 51,771 14,819 62,221 28,424 
Gall bladder 40,954 19,129 103,841 70,835 
Gonads 1764 810 3182 1667 
Gills 815 121 2748 1944 
Blood 143 73 1941 1345 
Brain 852 422 2064 966 
Skin 452 75 1296 454 
Filet 267 104 544 188 
SD: standard deviation on the mean of 5 replicates 
3.4.4 Metabolism in Danio rerio 
The radioactivity in gall bladder extracts of fish exposed to 14C-EE2 via the water consisted 
for more than 95% of a product with a retention time of 4 min. Furthermore, a small peak 
of the parent compound (at 15 min) and traces of a second metabolite (at 2.5 min) can be 
observed in the respective chromatogram (Fig. 3.41, A). Fish, which were fed spiked 
blackworms, were not exposed to 14C-EE2, since this diet only contained its sulphate and 
glucuronide conjugates, i.e. at a ratio of about 2:1 (chapter 3.4.2, Fig. 3.37, A). Although 
not available in the food, 31% of the radioactivity in the bile of these fish consisted of the 
parent compound. Furthermore, both above mentioned products were detected in the gall 
bladder in the same proportion, in which they were present in the prey (46%:23%; Fig. 
3.41, B). The nature of the conjugates was confirmed by treatment of the bile samples with 
sulphatase and -glucuronidase (data not shown). In the same way, it was shown that the 
second metabolite was also present in the gall bladder of water exposed fish. Altogether, 
waterborne EE2 was mainly stored in the bile after conversion of the parent compound to 
EE2-glucuronide, which occurred gradually over time (chapter 3.4.3; Table 3.14). When 
EE2-conjugates were applied via the diet, it seems that most of the products were quickly 
directed as such to the gall bladder without being deconjugated at the beginning of the 
gastrointestinal tract. This assumption is enforced by the large amounts of radioactivity 
present in this organ within 24 h after dietary exposure of fish (chapter 3.4.3; Table 3.15). 
It remains to be clarified however, whether the large fraction of the parent compound, 
present in the bile of these animals, was due to partial cleavage of the conjugates before 
or during storage in the gall bladder.  
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Fig. 3.41 HPLC chromatogram of bile extracts from male zebrafish (Danio rerio) after 
exposing them to 14C-17-ethinylestradiol (14C-EE2) via the water phase (A) or 
via a diet of 14C-EE2 spiked blackworms (B).  
3.4.5 Effect of EE2 on the VTG induction in male zebrafish after 
water and dietary exposure 
Fish were individually exposed for 14 days via the water (16 ng in 800 mL), or via spiked 
daphnids (8 ng EE2-equivalent) applied once a day, or via a diet of chironomid larvae (16 
ng EE2-equivalent) applied every second day. The test was performed semi-statically with 
renewal of the medium or test solution at a frequency of once per 48 h. Afterwards, the 
VTG content in the blood plasma of exposed fish was measured and compared to values 
of control fish. The test concentration of 20 ng EE2/L, used for water exposure, is an 
environmentally realistic concentration, which has been detected in surface waters 
(chapter 1.2.1, Table 1.1). According to the literature summarized above (chapter 1.3.1, 
Table 1.4), induction of VTG in male adult zebrafish was expected at this EE2 content. The 
consequences of ingestion of EE2-contaminated prey, however, remain unstudied till now.  
The plasma VTG levels observed in water exposed fish and fish, which were fed spiked 
chironomids, did not significantly differ (Fig. 3.42). About 50% of the total protein mass in 
the plasma of these animals consisted of VTG, which was much higher than in control 
animals (0.40 ± 0.09 ng VTG/µg protein). The VTG content in fish that were exposed via a 
diet of spiked daphnids was similar as in control animals (Fig. 3.42). These results are in 
agreement with the observed low uptake of radioactivity by fish, to which 14C-EE2-exposed 
daphnids were applied (DE), and the higher accumulation in water (WE2) and chironomid 
(CE) exposed fish in the corresponding distribution experiments (chapter 3.4.3, Fig. 3.39). 
It was already mentioned that during the former test a lot of living prey was left over in the 
medium, which might have led to water exposure of the fish. In the present test, practically 
all daphnids were consumed by the fish. Since the consequent ingestion of metabolites in 
this diet did not result in the production of VTG, it seems that the products present in 
daphnids were either not available to the target organ or not distributed to the liver in an 
active form, i.e. with the ability to bind the estrogen receptor. The identity of the main 
transformation product in daphnids remains to be clarified, but it has a similar retention 
RESULTS 
134 
 
time as EE2-glucuronide, which was detected in chironomids (chapter 3.4.3, Fig. 3.40, B 
and D). Still, it might concern different compounds of similar polarity, while dietary 
exposure to EE2-glucuronide via chironomid larvae resulted in clear effects on the fish. 
Furthermore, the administration of conjugates in a different matrix might have influenced 
the elimination rate and bioavailability of EE2 to the estrogen receptors in the liver.  
 
Fig. 3.42 Plasma vitellogenin (VTG) content of male zebrafish (Dano rerio) after being 
subjected to different treatments for 14 days: solvent control (SC), exposure to 
17-ethinylestradiol (EE2, 20 ng/L) via the water (WE), application of 8 ng EE2-
equivalent per day via a diet of spiked daphnids (DE), application of 16 ng EE2-
equivalent every second day via a diet of spiked chironomid larvae (CE). The 
whiskers represent the standard deviation on the mean of five replicates.  
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4 Discussion 
4.1 Uptake, elimination and biotransformation of EE2 
by the green alga Desmodesmus subspicatus 
and associated effects on its growth 
As was mentioned in the introduction (chapter 1.2.3), bioconcentration and transformation 
of EE2 by primary producers in surface waters remain practically unstudied. In monitoring 
studies, chemical analysis is generally performed after pretreatment, in which phyto-
plankton is filtered out of the water. However, the fraction of hydrophobic compounds 
associated with these organisms might be large, since algae are lipid-rich and often highly 
abundant in aquatic ecosystems. They may therefore act as important sinks for 
environmental chemicals. Furthermore, they represent a link to higher organisms, like 
grazing zooplankton and herbivore fish, by transfer of substances along the food chain. In 
the present study, D. subspicatus cultures were exposed to EE2 to obtain information 
about the relevance of the presence of algae in the aquatic environment on the fate of this 
substance. 
4.1.1 Uptake and elimination 
D. subspicatus was shown to highly incorporate EE2 from its surrounding medium. In an 
uptake experiment, where algae were exposed to 20 µg 14C-EE2/L, 23% of the initially 
applied radioactivity was detected in the algae after 24 h (chapter 3.1.1; Fig. 3.1, A), 
resulting in an internal concentration of 145 Bq/mg dw (or 0.13 nmol EE2-equivalent/mg, 
i.e. ca. 40 ng/mg dw; chapter 3.1.1, Fig. 3.2, A). Afterwards, no higher concentrations in 
the algae were observed, since further uptake was masked by growth dilution and 
compensated by elimination (chapter 3.1.1, Fig. 3.2, C). The uptake process could also be 
estimated from the measured EE2-concentrations in the effect test (chapter 3.1.3). Here, 
even up to 68% of the initially applied amount of EE2 was found to be associated with the 
algae, and in contrast to the uptake test described above, both the relative amount and the 
internal concentration of EE2 and its products in the algae increased over time (Table 3.7; 
Table 3.8). This can be explained by the only difference in the test setup of both 
experiments, i.e. the light regime. In the effect test, where neither growth nor elimination 
seemed to completely compensate for further uptake, algae were subjected to non-stop 
illumination of high light intensity, whereas in the uptake experiment a 16 h/8 h light/dark 
cycle was established. During periods of darkness, algae switch from photosynthesis to 
respiration and return significant amounts of organic carbon to the water column through 
the excretion of photoassimilates. This can lead to simultaneous release of hydrophobic 
compounds sorbed to these exudates (Swackhamer and Skoglund, 1993; Sijm et al.,
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 1998). The absence of no-light periods during the effect test might thus have restricted 
elimination of the test compound and its products, resulting in a clear increase of the 
internal concentration over time under continuous light exposure. The light/dark rotation in 
the uptake experiment on the other hand, might have led to alternated uptake and 
elimination phases. Next to conditions of darkness, also high cell densities initiate the 
excretion of extracellular products and associated compounds by algae (Sijm et al., 1998). 
This might explain the high uptake rate observed during the first 24 h, where a lag phase 
in the growth curve was observed, and the decrease in the internal concentration after 72 
h, where higher algae cell numbers might have triggered elimination (chapter 3.1.1, Fig. 
3.2, A&C).  
Lai et al. (2002a) evaluated bioconcentration of several steroid estrogens by Chlorella 
vulgaris. In contrast to this study with D. subspicatus, the concentration of EE2 (2.5 µg/L) 
in the medium remained unchanged. 17-estradiol (E2) and estrone (E1), however, were 
partitioned to the algal cells after exposure both in complete darkness and under 
continuous illumination. Consistent to the above discussed results of the present study 
with EE2, the incorporated amount of both estrogens was higher in the light than in the 
dark, amounting to maximal 12% of the available hormone mass. The percentage of the 
hormones associated to the algae fluctuated over time. A similar uptake pattern as the one 
presented here for EE2 by D. subspicatus was observed in case of E2. The hormone 
fraction in the algae was maximal after 24 h compared to at the other sampling times, i.e. 
higher than after 3 and 48 h of exposure, and no equilibrium was reached (Lai et al., 
2002a). EE2 was shown to be associated with cells of the marine diatom Navicula incerta, 
but for only 1% of the initial amount applied to the medium after 96 h (Liu et al., 2010). 
According to their findings, the 96 h BCF (460 L/kg dw) was the same at concentrations of 
1, 10 and 100 µg EE2/L. From these results, it can be derived that the concentration in the 
diatoms after exposure to 20 µg/L for 96 h would have been 0.03 nmol EE2/mg dw, which 
is about four times lower as the presented maximal observed concentration in D. 
subspicatus, i.e. 0.13 nmol/mg, after 24 h of exposure to the same water concentration 
under equal illumination conditions (16/8 light/dark cycle). Next to both studies described 
above, no other studies are available that quantified uptake of EE2 by algae. So this is the 
first study showing considerable partitioning of the test compound (up to 58%) from the 
water to the cells. Bioaccumulation studies with D. subspicatus are scarce, but this alga 
was previously shown to concentrate high amounts of a compound of similar hydro-
phobicity as EE2, i.e. diflubenzuron (Log Kow: 3.9), at a similar concentration (200 µg/L) as 
in the effect test of this work with EE2 (chapter 2.3.4, Table 2.7) and low initial algal 
density (< 5 * 103 cells/mL). 60% was shown to be distributed from the medium to the 
algae after 5 days under continuous light exposure (Tan et al., 1993). Besides, several 
other algal strains were shown to highly incorporate different xeno-estrogens. For 
example, 77% of the initially applied amount of nonylphenol (NP; 100 µg/L) was 
incorporated in the marine microalga Isochrysis galbana within one hour in the light, and 
another 5% was surface adsorbed (Correa-Reyes et al., 2007).  
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Elimination of radioactivity after transfer of 14C-EE2-exposed algae to clear M4-medium 
was fast during the first half day, and slowed dramatically down afterwards (Fig. 3.1, B). 
Such two-stage release patterns with a short initial phase of fast elimination (minutes to 
hours), followed by an extended period of much slower release have often been described 
for hydrophobic compounds (Koelmans et al., 1993). The elimination rate constants (k2; 
chapter 3.1.1, equation 3.1) were 0.068 h-1 (1.63 d-1) and 0.009 h-1 (0.22 d-1), respectively. 
As growth dilution accounted for 10% of the elimination rate in the beginning and for 70% 
in the second phase, the true elimination rate constants (ke) amounted to 0.061 h-1 (1.48  
d-1) and 0.003 h-1 (0.07 d-1) (chapter 3.1.1, Fig. 3.1, D and equation 3.1). It is noteworthy 
that the observed growth rate (µ: 0.15 d-1) is similar to previously determined values for 
Scenedesmus held under the same conditions (16 h/8 h light/dark; 20°C) in the laboratory 
and in the range of reported growth rates for phytoplankton of lakes in summer 
(Swackhamer and Skoglund, 1993). Only the brominated derivatives of EE2 were detected 
in the water phase during the whole elimination period (chapter 3.1.2, Fig. 3.9, D&F). The 
first quick elimination phase was most probably dominated by desorption of both products 
from the algae cells. No k2 or ke values of EE2 or other xeno-estrogens from algae 
experiments are available for comparison, but release of brominated EE2 (ke: 1.48 d-1) 
occurred at similar rates as calculated for desorption of different chlorobenzenes from 
Scenedesmus cells (Koelmans et al., 1993). It seems that release of the most lipophilic 
compound was especially slow, as the start of the slower elimination phase corresponded 
to the time point where EE2 was completely transformed to dibrominated EE2 (i.e. ke of 
Br2-EE2 = 0.07 d-1). However, the apparent equilibrium might also have been a result of 
the diurnal light rhythm with alternating elimination and renewed uptake of Br2-EE2 after a 
steady state between the fraction in the algae and their surrounding medium was settled 
(after 13 h). In that case, the residual real elimination in the second phase would not have 
been due to hydrophobicity-dependent desorption only, but might have been mainly due to 
coexcretion with exudates. This was previously assumed to be the predominating 
elimination process for hydrophobic compounds (Sijm et al., 1998). It is important to 
mention that growth is seldom taken into account, although reported rate constants for 
elimination of lipid-soluble substances by algae are often in the same range as the 
respective growth rates. The dilution effect associated with algal growth was also shown to 
be largely responsible for the observed reduction in the content of hexachlorobenzene in 
C. vulgaris over time, i.e. for 63% (Munoz et al., 1996). This is comparable to its 
demonstrated influence in the present study during excretion of Br2-EE2 by D. 
subspicatus. Munoz et al. (1996) reported an elimination rate constant of 0.43 d-1, and 
hence, a ke of 0.16 d-1 can be derived. This is about twice as fast as the release of Br2-EE2 
(ke: 0.07 d-1) by D. subspicatus under the same light/dark cycle condition, but at half the 
initial algal density.  
It is obvious that besides (initial) cell density, light availability and consequent growth, 
biotransformation of the test compound to more hydrophobic, brominated products might 
have influenced both uptake and elimination processes (chapter 4.1.2). The affinity of Br-
EE2 and Br2-EE2 for the cell wall might be higher compared to EE2, but transport of these 
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large molecules across the cell membrane lipid bilayers during uptake may be limited. EE2 
concentration in the algae during the effect test in bromide-free OECD medium was not 
quantified, as the total amount of EE2 that could be calculated from the determined actual 
water concentrations was fluctuating over time (chapter 3.1.3, Table 3.4). Therefore, the 
results of these chemical analyses should be interpreted with caution. Nevertheless, it can 
be derived from the data that only at the lowest concentration (nominal: 75 µg/L) a fraction 
of the initially available EE2 (13%) was associated with the algae after 72 h, whereas 
algae exposed to 150 up to 600 µg/L did not show any uptake. Higher concentrations are 
not taken into account because of the observed effects on the growth of the algae (chapter 
3.1.3, Table 3.10, Test 3). It should be mentioned, that the algal density in this effect test 
was a lot lower (initially: 5 * 103 cells/mL) than in the effect test in M4 medium (4 * 106 
cells/mL or 0.1 g dw/L) performed under conditions adapted to those of the uptake 
experiment (chapter 2.3.4, Table 2.7). Lai et al. (2002a) did not observe any uptake or 
transformation of EE2 (2.5 µg/L) by C. vulgaris at a cell density of 2 g dw/L, which is about 
20 times higher than applied to the tests in M4. Considering these results and the fact that 
in the present study only brominated EE2 was detected in the algae cells, and never the 
parent compound itself (chapter 3.1.2, Fig. 3.11), it could be that the described 
transformation process is a prerequisite for the internalization of EE2 in algae cells. Della 
Greca et al. (2008) examined biotransformation of EE2 by eleven different algal strains. 
They suggested that EE2 was only adsorbed onto the algal cell wall, since the missing 
EE2 in the water phase after exposure was recovered from the supernatant after 
centrifugation of the algae cultures and no EE2 was found within the algal cells. Further 
research is required to clarify whether EE2 is incorporated in the cells of D. subspicatus 
when bromide is not available or only present in restricted amounts. The fact that 
biobromination could have occurred either intracellularly, at/in the outer surface of the 
algae, or in the water phase will be further discussed below (chapter 4.1.2). In the effect 
test in M4 medium, high amounts of EE2 were still found to be associated with the algae 
after the whole bromide reserve was used for EE2 transformation (chapter 3.1.3, Table 
3.7). The maximal observed internal concentration in unaffected algae cells amounted to 
4.4 nmol/mg dw, i.e. 1.3 µg EE2-equivalent/mg (chapter 3.1.3, Table 3.8 and Table 3.10, 
Test 3). Hence, the affinity of EE2 for the cell wall must be high, at least at elevated algal 
densities, in case biosorption to the cell wall was the only mechanism for partitioning of 
EE2 itself to the algae.  
Bioconcentration of organic pollutants by microalgae is often considered as a mainly 
passive diffusion process, driven by chemical partitioning of the substances into the 
hydrophobic biomass (Tang et al., 1998; Lai et al., 2002b). However, lots of previous 
studies showed that the liposolubility (Log Kow) of persistent organic pollutants is not 
linearly correlated to the degree of bioconcentration (BCF) (Sijm et al., 1998; Seto and 
Handoh, 2009). Sorption to the cell surface is believed to be much faster than sorption to 
the cell content, as chemicals may have different binding affinities towards different 
classes of lipids in outer membranes and internal lipid storage depots. Moreover, the 
production, composition and accumulation of lipids in algae will differ depending on its 
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growth conditions or cell densities. For example in the exponential growth phase, algae do 
not accumulate storage lipids but produce the more hydrophilic starch instead. Afterwards 
at high densities, algae will obtain a larger lipid pool than at lower densities (Koelmans et 
al., 1993; Sijm et al., 1998). As many parameters influence the thermodynamics of algal 
growth, equilibrium concentrations of hydrophobic contaminants in the biomass and the 
water would never be reached in the field (Swackhamer and Skoglund, 1993). This was 
illustrated and discussed above reflecting the observations of both accumulation and 
elimination experiments with EE2 and its transformation products in the present laboratory 
study. As in many other studies dealing with bioconcentration of organic chemicals, uptake 
and release rates varied over time and a true BCF could not be calculated since no 
equilibrium was reached (Lai et al., 2002a; Correa-Reyes et al., 2007; Li et al., 2009). 
Therefore, only the removal of the compound due to the presence of algae is described in 
a lot of research reports. Often the BCF is simply estimated by dividing the algal cell 
content of the substance by the initial (CW-i) or actual (at sampling; CW-a) water 
concentration at the end of an exposure period. This can be done to gain insight in the 
capability of algae to concentrate a given chemical, and to assess the possibility of food 
web transfer. However, it is obvious that care should be taken when comparing such data 
of different studies, which will be demonstrated below. 
In the uptake experiment, the ratio between the concentrations of EE2 and its products in 
the algae and the water (CB/CW-a) was maximal at 24 h and amounted to 2700 L/kg dw. 
Most studies that investigated bioconcentration of chemicals in algae use the dry weight of 
the biomass to express the body burden (e.g. Koelmans et al., 1993; Munoz et al., 1996; 
Sijm et al., 1998; Tang et al., 1998; Lai et al., 2002a; Liu et al., 2010). Given the average 
cell volume of 70 µm³ (OECD, 2006) for D. subspicatus and the cell dry weight of 1.64 * 
10-8 mg (derived from the equations in chapter 2.3.1, Fig. 2.3), the cell dry weight can be 
estimated as 23% of the cell wet weight. No data are available for comparison of this 
conversion factor, but it is similar to the dry to wet weight ratio of 20% reported for 
Chlorella species (Geyer et al., 1981). Hence, the 24 h CB/CW value based on dry weight 
mentioned above (2700 L/kg dw) equals 620 L/kg algal wet weight, and can be used for 
comparison of EE2 concentration in other organisms than algae. In the effect test, where 
EE2 was only partially transformed (chapter 3.1.3), algae concentrations were up to 9500 
times (based on dry weight, equals 2200 L/kg ww) higher than the water content, i.e. after 
exposure to a nominal concentration of 300 µg EE2/L (TWA: 175 µg/L) for 72 h (chapter 
3.1.3, Table 3.9). It should be mentioned that this concentration corresponds to the 72 h 
NOEC for algal growth inhibition under the tested conditions (chapter 3.1.3, Table 3.10, 
Test 3). At the 72 h LOEC (nominal: 600 µg/L, TWA: 498 µg/L) and higher concentrations, 
the relative amount of EE2 and/or its brominated products associated to the algae was 
again lower (chapter 3.1.3, Table 3.7). Effects on algal growth might influence uptake and 
elimination processes, due to differences in algae numbers, as was discussed above, and 
by release from dying cells. Therefore, only bioconcentration in unaffected algae will be 
considered in the following.  
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The only reported BCF for accumulation of EE2 in algae is the one mentioned above of a 
survey with the marine diatom Navicula incerta, amounting to 460 L/kg dw (Liu et al., 
2010). This value was calculated as the concentration of EE2 measured in the diatom after 
96 h divided by the initial water concentration (CW-i). Since the content in the algae was not 
determined over time, this is only a 96 h snapshot. When the CB of the present uptake 
experiment with D. subspicatus are divided by the initial CW, values of 870, 1880, 1860, 
and 1500 L/kg dw are obtained for the situation after 8, 24, 48, and 72 h, respectively. 
Using the actual water concentration (CW-a), the CB/CW amount to 980, 2700, 2400 and 
2010 L/kg. Therefore, this green alga seems to have a higher EE2 concentration 
capability, be it in the form of brominated products, than the diatom. This is reaffirmed 
when taking the initial algal density of both studies into account, which was a lot lower (5 * 
103 cells/mL) in the survey of Liu et al. (2010) compared to the present study (4 * 106 
cells/mL). It has been shown that BCFs decrease with increasing cell densities, due to 
enhanced elimination with photoassimilates (Sijm et al. 1998). It is obvious that 
bioconcentration capacities among various algal species might differ due to several factors 
like the lipid content and cell size. Diatoms and green algae have for example another cell 
wall composition. It was shown that the BCFs of atrazine (Log Kow: 2.6) for several green 
algae were always higher than the values for different diatoms (Tang et al., 1998). The 
algae were exposed to this substance (40 µg/L) for 24 h at the same initial algal density 
(0.1 mg dw/mL) and with a similar light/dark cycle (14 h/10 h) as in the uptake experiment 
of the present study. BCFs (CB/CW-a at equilibrium) of atrazine for the green algae were in 
the range of 130 - 320 L/kg dw, and thus much lower than estimated here for EE2. 
Using the same alga, Liu et al. (2010) showed that bisphenol A (BPA) and E2 were less 
bioconcentrated than EE2, with 96 h CB/CW-i values of 260 and 40, respectively. NP 
accumulated to a greater extent, as the ratio of CB to CW-i amounted to 2080, which is in 
the same range as calculated above for D. subspicatus after 2 and 3 days of EE2 
exposure. However, much higher NP concentration and faster uptake were observed in 
the marine microalga Isochrysis galbana, with a CB/CW-i of 10,000 L/kg dry weight after 
only 3 h of exposure to 100 µg NP/L in the light (Correa-Reyes et al., 2007). A CB/CW in 
the same range was only observed after exposure of D. subspicatus to 300 µg EE2/L for 
72 h under continuous illumination (chapter 3.1.3, Table 3.9). This value is based on the 
actual water concentration though, and CB/CW-i was only about half CB/CW-a. Like in the 
present study with EE2, the algal NP content was fluctuating over time, resulting in lower 
CB/CW-i before and after 3 h (Correa-Reyes et al., 2007). Similarly, the internal 
concentration of BPA in cells of the marine diatom Stephanodiscus hantzschii was 
maximal after 8 days of exposure to 10 µg/L and lower thereafter (light/dark 12 h/12 h). 
Here, a maximal BCF (i.e. 8 days CB/CW-a) of 460 L/kg based on wet weight was reported 
(Li et al., 2009). Although BPA uptake by this diatom was much slower compared to EE2 
uptake by D. subspicatus, this value is comparable to the maximum CB/CW-a (24 h) of EE2 
(620 L/kg algal wet weight) observed in the present study. BCFs in the same range were 
obtained for NP, BPA, and E2 in periphyton of the Tama River (Japan) after measuring 
both biota and water concentrations, i.e. 160 - 650, 18 - 650, and 64 - 1200 L/kg wet 
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weight, respectively (Takahashi et al., 2003). Furthermore, the EE2 bioconcentration 
potential of D. subspicatus seems to be much higher than predicted by Lai et al. (2002b) 
for phytoplankton after food web modelling (BCF: 70 L/kg; chapter 1.2.3, Fig. 1.1). 
Although hydrophobicity is definitely not the only factor involved in uptake and elimination 
of organic compounds by algae, the value of 575 L/kg ww derived from a linear equation 
between BCF and Log Kow (Lai et al., 2002b; chapter 1.2.3, Table 1.3) fits better to the 
present observations. Nevertheless, it was discussed that many parameters concerning 
the growth condition and the physiology of the algae may play a role in algal uptake of 
EE2. It can be concluded from the results that EE2 can get highly concentrated in algae, 
i.e. to a greater extent than can be extracted from previous research. This clearly shows 
the need for further investigations with different species and for monitoring of the algal EE2 
content in the field. Anyway, D. subspicatus was shown to present a good test species for 
assessing the potential of EE2 transfer from phytoplankton to predators (chapter 4.2.2 and 
4.2.3), which was one of the further objectives in the present study.  
In case the algae were exposed to 14C-EE2 in the presence of a predator, internal 
radioactivity concentrations were much (about five times) higher than when no daphnid 
was present (compare chapter 3.2.2, Fig. 3.19, A to chapter 3.1.1, Fig. 3.1, A). After 48 h, 
CB/CW-a amounted to about 10,000 L/kg dw, which is the highest value obtained for D. 
subspicatus in all test series. In this experiment, growth could not compensate for the 
amount of algae filtered out of the medium by the daphnids, resulting in a lower cell 
number at the end of the test than at the beginning (chapter 3.2.2, Fig. 3.19, B). This 
shows again that bioconcentration is higher at low algal densities due to little release of 
radioactivity by the cells.  
4.1.2 Biotransformation 
Exposure of the green alga Desmodesmus subspicatus to EE2 in M4 medium led to 
transformation of the substance into two more lipophilic compounds, which were identified 
as its brominated analogues: Br-EE2 and Br2-EE2 (chapter 3.1.2). Bromide was available 
in the test medium as a trace element in the form of NaBr (0.15 µmol/L equivalent to 12 µg 
Br-/L) and no transformation of EE2 was observed in the absence of this salt. Furthermore, 
it was shown that formation of brominated EE2 required the presence of algae, as these 
metabolites were not detected in sterile experiments (chapter 3.1.2; Table 3.1) and after 
exposure of chironomids (chapter 3.3.1) and daphnids (chapter 3.2.1) to EE2 in the same 
medium and under the same conditions in absence of algae. Where algae were added as 
a food source for the latter invertebrate, brominated EE2 was again found to be present in 
the water phase (chapter 3.2.2; 3.2.3). As was mentioned in the introduction (chapter 
1.2.3), little research has focused on biotransformation of EE2 by algae. Only one recent 
study showed hydroxylation and/or glucosylation of the compound by different algae 
species, but the majority of the tested strains did not metabolize the compound (Della 
Greca et al., 2008). Amongst the four species that gave bioproducts, two belonged to the 
Scenedesmaceae, the same family to which D. subspicatus is classified (chapter 2.2.1; 
Table 2.2). In the present study with the latter test species, no transformation of EE2 into 
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more polar derivatives was observed. The three strains from the Chlorella genus tested by 
Della Greca et al. (2008) did not induce biotransformation, which confirms former results of 
Lai et al. (2002a), who found that EE2 was persistent in cultures of Chlorella vulgaris. In 
both available studies described above, bromide-free test medium was used. Therefore, it 
remains unclear, whether other algae species than D. subspicatus are able to induce 
substitution of bromide to the EE2 molecule. After all, this is the first report showing biotic 
bromination of EE2.  
Bromide is present in practically all surface waters in the form of bromide salts or organic 
bromine substances. It is a natural constituent of saltwater. Next to geochemical and 
marine sources, agricultural runoff and industrial effluents might contribute to bromide 
entry in freshwater, as bromine has many applications: in medicine, in photography, in oil 
production, in flame retardants, in paints and in pesticides. It has also been introduced into 
the groundwater through the use of brine for the extraction of crude oil. In earlier days, 
bromide was mainly used to synthesize dibromoethane, a constituent of lead-containing 
fuel. Because of its damaging effects to the environment, this product is no longer added. 
Bromide levels in surface water, wastewater and drinking water in the range of 10 to 
several hundred µg/L and up to 3 mg/L have been reported (Sollars et al., 1982; 
Richardson et al., 1999; Lu and Korshin, 2008; Lee and Von Gunten, 2009; and references 
therein). For example, the average bromide concentration in the river Rhine amounts to 2 
µmol/L, i.e. 160 µg/L (Düsseldorf waterworks, personal communication). EE2 was 
detected in natural waters at concentrations up to about 40 ng/L (0.13 nmol/L; chapter 
1.2.1, Table 1.1). Therefore, bromide will probably be available in excess in all EE2-
polluted surface waters. Hence, the finding that algae can brominate EE2 might be very 
relevant for the aquatic environment, as the appearance of its brominated derivatives is 
possible. In this context, it should be investigated whether other freshwater algae are 
capable of biosynthesizing these products as well. Furthermore, D. subspicatus and 
possibly other algae might biobrominate a variety of compounds, which might again lower 
the occurrence of brominated EE2 due to competition for bromide binding sites. For 
example, it is likely that the structurally closely related natural steroid estrogens, such as 
E2 and E1, which are often present at much higher concentrations (µg/L range) in surface 
waters than EE2, are biotransformed in the same way.   
Over the past three decades, it was debated whether or not organohalogens are strictly 
man-made (Gribble, 2003). Nowadays, the natural production of halogenated organic 
compounds is well documented. More than 3800 substances, mainly containing chlorine 
and/or bromine but few also with iodine and fluorine, are known to be of natural origin. 
Most of them are discovered in plants, animals and bacteria of marine ecosystems and 
many others are found in terrestrial organisms (Gribble, 2003). Literature on the 
occurrence of natural organic halogen compounds in freshwater is very scarce. 
Apparently, the production of organohalogens by freshwater organisms is rare, or has 
received only little research attention. However, two monitoring studies both at Berlin lakes 
are available, in which it is demonstrated that the natural production of brominated organic 
compounds requires the presence of phototrophic organisms (Putschew et al., 2003; 
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Hutteroth et al., 2007). Bromination of organic matter could be simulated in batch 
experiments with cultures of D. subspicatus (Putschew et al., 2003) and the cyanobacteria 
Microcystis aeruginosa (Hutteroth et al., 2007).  
In the present study, a time-dependent bromination of EE2 by D. subspicatus at an initial 
algal density of 3.6 * 106 cells/mL was observed, resulting in complete conversion of the 
compound in the water phase within 72 h (chapter 3.1.2, Fig. 3.9, C&E). The half-life of 
EE2 in this experiment could be estimated at 14 h. Only brominated EE2 (and not the 
parent compound) was detected in the cells of 48 h- and 72 h-exposed algae (chapter 
3.1.2, Fig. 3.11). As the algal cells were thoroughly rinsed before extraction, it is most 
likely that the products were present within the cells, and not or not only sorbed to the cell 
wall. In the elimination test, again only the brominated EE2 derivatives were found to be 
released from the cells. Thirteen hours after transfer of 28 h-exposed algae to clear 
medium, all the radioactivity detected in the water phase consisted of Br-EE2 and Br2-EE2 
in a 1:1 ratio, although no Br2-EE2 was found in the water after the uptake period (chapter 
3.1.2, Fig. 3.9, E&F). Regrettably, the fractions of both compounds in the algae could not 
be determined, as the different applied TLC methods could not satisfyingly separate them 
(chapter 3.1.2, Fig. 3.11). After testing several mobile phases, amongst others an 
ethylacetate/chloroform 20:80 mixture, which had been successful for the separation of 
EE2, norethynodrel, norethisterone and mestranol (Liebig et al. 2005), one algae extract 
was subjected to HPLC after 0.2 µm filtration. The sample originated from one of the tests 
performed in the dark under sterile conditions (chapter 3.1.2, Table 3.1). While the 
radioactivity in the water phase consisted for 60% of EE2 and for 40% of Br-EE2, only Br-
EE2 was detected in the algae (data not shown). Furthermore, no other products at low 
retention times could be detected by means of HPLC, although a peak appeared at the 
plotting line of the plate after analysis of the same sample with TLC. Therefore, this 
radioactivity remaining at the start front that occurred in all tested algae extracts (chapter 
3.1.2, Fig. 3.11) could not be explained. Most probably, part of the brominated EE2 
derivatives, and possibly EE2 itself, was associated to algal material in the extract that 
remained immobile using the selected eluent.  
Although brominated EE2 was shown to be internalized by the algae cells, more research 
is required to clarify whether bromination took place intra- or extracellularly. It is possible 
that the products accumulated in the algae after biogenic formation in the water. Hutteroth 
et al. (2007) showed that phototrophic organisms incorporate bromide, which is partially 
used for the formation of organobromines in the cell. In general, biobromination involves 
the oxidation of bromide to bromine (and hypobromous acid, HOBr) or to an enzyme-
bound bromine complex by a haloperoxidase in the presence of hydrogen peroxide (H2O2) 
(Gribble, 1999). These enzymes have been detected in a wide range of marine and 
terrestrial organisms. Next to bromoperoxidases, also chloroperoxidases and other 
peroxidases have the ability to oxidize bromide. Other reported halogenating enzymes are 
the halogenases that require reduced flavin adenine dinucleotide (FADH2) instead of H2O2 
(Gribble, 1998, 1999; Laturnus et al., 2000; van Pee, 2001). Bromination of organic 
compounds by marine algae has been reported to occur both intracellularly and after 
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release of extremely reactive HOBr formed by haloperoxidases located near the algal 
surface (Laturnus et al., 2000). The function of biotic organobromines production has only 
been unravelled in a few cases. They are assumed to play a role in the chemical 
protection mechanisms of the organism, e.g. for its defence against bacteria, fouling or 
predators or to scavenge excess H2O2 during oxidative stress (Gribble, 1999). The most 
prevalent bromoperoxidases are vanadium-dependent, and have been isolated from a 
variety of marine algae, including chlorophyta (green algae) (Butler and Carter-Franklin, 
2004). The used M4 medium contains ammoniummetavanadate (NH4VO3; 0.6 µg/L) as a 
trace element, but it is unknown whether D. subspicatus possesses the discussed 
enzymes. The identification of a haloperoxidase in a freshwater alga has been reported 
only once, in a species belonging to the green algae as well, i.e. Cladophora glomerata 
(Verdel et al., 2000). Chemical analysis revealed that the isolated enzyme was unlike the 
vanadium-dependent haloperoxidases from marine algae. However, Putschew et al. 
(2003) showed accelerated organobromine production after addition of vanadium to batch 
experiments with D. subspicatus, and therefore, assumed the contribution of a vanadium-
peroxidase most likely. The results of the latter and the current study evidence the ability 
of this alga species to biobrominate organic compounds, but further research is necessary 
to show whether EE2 is brominated in vanadium-free M4 medium as well.  
It was shown in various experiments that EE2 transformation by D. subspicatus and 
subsequent release of brominated derivatives depends on the availability of bromide in the 
medium, on the dark/light cycle and on the algal density. Chemical analysis of the water 
phase in the effect study revealed that EE2 was no longer converted if the bromide source 
was exhausted (chapter 3.1.3, Table 3.7). Additionally, it was already mentioned that no 
products were detected in Br--free OECD medium (chapter 3.1.2, Table 3.1). Algae can 
survive for a limited time in the dark, but they no longer grow due to arrested 
photosynthesis. Exposure in the dark still enabled the formation of brominated EE2 (Table 
3.1), and thus, light is not a prerequisite for this biotransformation process. Similarly, 
Hutteroth et al. (2007) found continued organic bromine production under the condition of 
darkness in lake water inoculated with M. Aeruginosa. Furthermore, it was shown that 
Antarctic macroalgae held in the dark for several months still released considerable 
amounts of volatile organohalocarbons (Laturnus et al., 1998). If bromination of EE2 by D. 
subspicatus is catalyzed by a peroxidase, the process requires hydrogen peroxide. H2O2 is 
intracellularly available as a by-product of oxygen metabolism. It is produced in 
phototrophic organisms as a result of both photosynthetic and mitochondrial electron 
transfer. In a study dealing with the bromoform (CHBr3) production by the green seaweed 
Ulva lactuca, it was shown that CHBr3 release was constrained in the light in the presence 
of a photosynthesis inhibitor as well as in the dark with a respiration inhibitor (Manley and 
Barbero, 2001). The observed bromination by D. subspicatus during respiration in the dark 
might therefore rely on mitochondrially produced H2O2. After exposure of algae under 
continuous illumination, less brominated products were detected in the water phase 
compared to in the test in the dark with the same initial algal density (chapter 3.1.2, Table 
3.1). The percentages of radioactivity in the algae at the end of the incubation period were 
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20% and 13% after exposure in the light and the dark, respectively (data not shown). The 
algae from the non-stop light exposure showed rapid growth, which resulted in a final algal 
density of 11.4 * 106 cells/mL, i.e. about 40 times higher than the unchanged density of the 
dark test culture. This implies that the internal concentrations were much higher in algae 
exposed in the dark than in the light, considering the little difference in the fractions of 
radioactivity detected in the algae (13% vs. 20%). Next to comparatively high uptake by 
little cells, more Br-EE2 was released to the water phase. In the light, both Br-EE2 and 
Br2-EE2 were detected in the water phase, but the total fraction of excreted products was 
lower (chapter 3.1.2, Table 3.1). In contrast, most studies with marine algae show higher 
release of organobromine compounds in the light compared to in the dark (Goodwin et al., 
1997; Laturnus et al., 2000; Manley and Barbero, 2001). The presence of dibrominated 
EE2 indicates that the bromination process had advanced further in the light. Therefore, it 
seems that there is a delay in the release of the products under continuous light exposure. 
Unfortunately, the composition of the substances present in the algae, holding 20% of the 
radioactivity, could not be determined to confirm this. In the uptake experiment (Fig. 3.9, 
C), all EE2 had been converted within the same incubation period (72 h). Here, a light/dark 
regime of 16/8 was set and the initial and final algal densities were 3.6 * 106 and 4.4 * 106 
cells/mL, respectively (chapter 3.1.1, Fig. 3.2, C). It should be mentioned that the EE2 
concentration was lower (75 vs 100 Bq/mL) in the latter experiment, but not appreciably 
given the large differences in the transformed fraction. As the converted EE2 fraction in the 
uptake experiment compared to this test (initial algae density: 0.3 * 106 cells/mL) was 
already higher after three hours, in which the light had not been switched off, the 
conversion seems to mainly depend on the algal density. The influence of the algal density 
was confirmed by the results of two tests performed under no-growth (dark) conditions. 
The higher the algal density, the higher was the relative amount of Br-EE2 detected in the 
water phase after three days (chapter 3.1.2, Table 3.1).  
It can be summarized that EE2 bromination is a quick process, positively correlated to the 
algal density. The process seems to be faster in the light, as was indicated by the 
presence of Br2-EE2 and is consistent with the literature. However, release of the products 
into the water phase appears to be slow or delayed under continuous light exposure and is 
fast in the dark and at high algal densities. As was mentioned above (chapter 4.1.1), 
during respiration as well as when cell numbers are high, algae release photoassimilates 
and associated hydrophobic compounds (Sijm et al., 1998). Therefore, it is assumed that 
in case of exposure under non-stop illumination, brominated EE2 was first stored 
intracellularly until the algae had grown to high numbers, after which it was excreted. In the 
dark, respiration may have led to high elimination rates combined with possible release of 
the compounds following growth stagnation and cell death. Furthermore, it has been 
suggested that organic bromine compounds can be produced extracellularly after the 
organism’s death, if they possess haloperoxidases, due to release of both unbound 
inorganic bromide and the enzymes (Hutteroth et al. 2007). 
In case the alga D. subspicatus was exposed to EE2 in the presence of a predator, a lot of 
radioactivity was incorporated over time by a gradually downsized algal population 
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(chapter 3.2.2, Fig. 3.19, A&B). After 48 h, about 30% of the radioactivity detected in the 
water phase consisted of Br-EE2 and no Br2-EE2 was found (chapter 3.2.2, Fig. 3.19, C). 
Without daphnids and at much higher cell densities, 88% of the radioactivity in the water 
comprised of products and the Br2-EE2 fraction was the largest (chapter 3.1.2, Fig. 3.9, E). 
It was mentioned above that elimination is limited at low algal densities (chapter 4.1.1). 
Therefore, constrained release of bromination products by the algae under predator 
pressure was expected. This is consistent with the results of the test where EE2 spiked 
algae were allowed to eliminate in the presence of daphnids. Similar amounts of 
radioactivity (60%) as in the elimination experiment without daphnids were excreted by the 
algae within 24 h (compare chapter 3.2.3, Fig. 3.21, A to chapter 3.1.1, Fig. 3.1, B), but 
both EE2 derivatives were present in the water phase, whereas without daphnids only Br2-
EE2 was detected at that time (chapter 3.2.3, Fig. 3.23 vs. chapter 3.1.2, Fig. 3.9, F). It 
can be observed that the Br-EE2:Br2-EE2 ratio in the water decreased from 50:50 to 30:70 
between 10 and 24 h with daphnids and from 50:50 to 0:100 between 13 and 24 h in the 
absence of daphnids. In the test where daphnids were filtering the algae suspension, the 
initial cell density was much lower (3.2 * 106 vs. 4.8 * 106 cells/mL) and remained more or 
less constant over time (chapter 3.2.3, Fig. 3.21, B). This indicates a lower bromination 
rate and a more gradual release of exudates, which explains the slower observed 
transformation of Br-EE2 into Br2-EE2 and subsequent slower release of the dibrominated 
product (chapter 3.2.3, Fig. 3.23).  
Although biosynthesis of brominated EE2 derivatives has not been reported before, the 
possibility of their abiotic formation during wastewater treatment was recently described 
(Flores and Hill, 2008; Lee et al., 2008; Lu and Korshin, 2008; Lee and Von Gunten, 
2009). The use of ozone, chlorine, chloramine, and/or chlorine dioxide as oxidants in water 
disinfection processes is widely applied and leads to the formation of a variety of 
chlorinated and brominated disinfection byproducts (Richardson et al., 1999). The 
presence of bromide contributes to the formation of brominated compounds through its 
reaction with ozone or chlorine (i.e. HOCl + OCl-), which results in the formation of highly 
reactive hypobromous acid (HOBr) and/or bromate (BrO3-). HOBr subsequently reacts with 
amines or phenolic moieties of dissolved organic matter (DOM) (Richardson et al., 1999; 
Lee and Von Gunten, 2009). Both chlorine and bromine can attack aromatic compounds, 
but the reactivity of the latter halogen towards phenols was shown to be the highest. 
Furthermore, the rapid conversion of bromide to reactive bromine by chlorine, results in 
the formation of inactive chloride (HOCl + Br-  HOBr + Cl-) (Acero et al., 2005; Lee and 
Von Gunten, 2009). Lee and Von Gunten (2009) studied the kinetics and pathways of the 
transformation of EE2 during chlorination and bromination. Bromine was shown to be 
about 1000 times more reactive toward EE2 than chlorine. In the absence of bromide, EE2 
was chlorinated at the aromatic ring (A-ring; chapter 2.1, Fig. 2.1) in the two ortho-
positions with respect to the hydroxyl group. With the addition of bromide, the brominated 
analogous were formed with 2-Br-EE2 (Fig. 4.1, left) and 4-Br-EE2 (Fig. 4.1, right) as 
primary intermediates, and 2,4-diBr-EE2 (Fig. 4.2) as a secondary product (Lee and Von 
Gunten, 2009).  
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Fig. 4.1 Molecular structures of brominated 17-ethinylestradiol (EE2) with the bromine 
atom in second (2-Br-EE2: on the left) and fourth (4-Br-EE2: on the right) 
position   
 
Fig. 4.2 Molecular structure of dibrominated 17-ethinylestradiol (2,4-Br2-EE2)  
As was described above, biobromination also involves the oxidation of bromide to HOBr, 
but the reaction is enzymatically catalyzed (Gribble, 1999). Both mono- and dibrominated 
EE2 were identified in extracts of water in which algae had been exposed, but no further 
structural clarification was performed to determine the exact positions of bromine on the 
EE2 molecule. The mass spectra of Br-EE2 (chapter 3.1.2, Fig. 3.5, B) and Br2-EE2 
(chapter 3.1.2, Fig. 3.5, C) contained the mono- and dibrominated fragments that are 
known to remain after cleavage of the D- and the C-ring of the respective molecules. This 
means that the A- or B-ring had been subject of electrophilic substitution, which is known 
to be activated in ortho- or para-position of a hydroxyl group in an aromatic ring (Flores 
and Hill, 2008). Furthermore, it is known that phenols are excellent bromoperoxidase 
substrates for biobromination (Manley and Barbero, 2001). If such enzymes are involved, 
EE2 presents a suitable substrate due to its A-ring. Additionally considering the described 
kinetics of abiotic bromination of EE2, it is suggested that the molecule was also 
brominated at position 2 and/or 4 by D. subspicatus (Fig. 4.1; Fig. 4.2). However, the 
chromatograms of different separation methods showed only one Br-EE2 peak (chapter 
3.1.2, Fig. 3.3 & Fig. 3.4 & Fig. 3.7). Hence, either separation of 2-Br-EE2 and 4-Br-EE2 
was not fulfilled with the performed methods, or only one of both products had been 
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synthesized by the algae. Abiotic bromination as well as chlorination initially resulted in the 
substitution of one halogen atom to the EE2 molecule at position 2 or 4 with 20 and 80% 
yield, respectively (Lee and Von Gunten, 2009). If biokinetics are similar, 4-Br-EE2 might 
have been formed rather than 2-Br-EE2. The estrogenic potency of the monobrominated 
compound purified in the present study seems to confirm this, as will be discussed below 
(chapter 4.1.4). Chlorinated EE2 was not detected, neither after exposure of algae in the 
bromide-free OECD medium, which contains several chloride salts, nor in M4 medium, 
containing about 26,000 times more chloride (4100 µM) than bromide (0.16 µM). 
Therefore, D. subspicatus does not seem to subject organic compounds to biochlorination. 
Similarly, some marine plants apparently make use of the facile oxidation of bromide to 
bromine, although the ocean contains much more chloride than bromide (19,000 vs. 65 
mg/L) (Gribble, 1999). 
The occurrence of brominated EE2 in natural waters, drinking water and wastewaters will 
depend on the presence of bromide and a variety of other factors. Since bromine is more 
reactive than chlorine, bromine will be more rapidly consumed by other pollutants and 
natural DOM with reactive moieties in abiotic water treatment. These substances might 
also be favoured over EE2 as substrate for biotic bromination. The role of the latter 
process will especially depend on the density of brominating organisms. In the present 
study, exposure of algae at an initial density of 3.6 * 106 cells/mL (= 113 mg dw/L, chapter 
2.3.1, Fig. 2.3) to 20 µg EE2/L resulted in complete transformation of the compound within 
72 h (chapter 3.1.2, Fig. 3.9, C&E). Considering that environmental EE2 concentrations 
are in the low ng/L range (chapter 1.2.1), and thus about a 20,000 fold lower, the 
corresponding required biomass density would amount to about 6 µg/L. D. subspicatus 
densities in eutrophic ponds as high as 3.6 mg/L have been reported (Messyasz, 2006). 
Cell numbers of this order of magnitude (8 mg/L, 0.3 * 106 cells/mL) were shown here to 
convert a large fraction (25%) of EE2 at a high concentration of the compound (chapter 
3.1.2, Table 3.1). This data indicate that EE2 might be subjected to biobromination under 
real environmental conditions, but further testing with lower EE2 concentrations, a 
representative organic matrix and different algae species is necessary to confirm this. To 
our knowledge, the occurrence of brominated EE2 derivatives has not been evaluated in 
natural waters so far. However, they were detected in disinfected municipal drinking water 
once (Flores and Hill, 2008). Furthermore, other halogenated aromatics, including 
chlorinated and/or brominated E1, BPA and NP, have been detected in drinking water, 
wastewater and surface water (Diaz et al., 2002; Fukazawa et al., 2002; Petrovic et al., 
2003; Smith and Hill, 2004; Nakamura et al., 2006). The presence of such substances in 
treatment plant effluents indicates that brominated EE2 might be transported to 
environmental waters as well. Since the present study shows that Br-EE2 and Br2-EE2 
may additionally be biosynthesized in an EE2 contaminated water body itself, and as 
bromine containing compounds are generally toxic and resistant to biodegradation 
(Hutteroth et al., 2007), it is recommendable to include them in future monitoring surveys.  
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4.1.3 Effects of EE2 on the growth of D. subspicatus 
The results of the different algal growth inhibition tests were rather inconsistent, but it can 
be derived from the data that algal growth was inhibited only at concentrations close to  
1 mg/L (chapter 3.1.3). Statistically significant effects compared to control organisms were 
observed at concentrations as low as 75 µg EE2/L (Table 3.10, Test 2), but the ErC10 
were always higher, which theoretically means that less than 10% of the algal population 
was affected. At standard conditions (OECD medium) and considering actual 
concentrations, an ErC50 of 2 mg EE2/L was calculated. Recently, median effective 
concentrations for the growth rate of D. subspicatus of 0.5 and 0.8 mg/L were reported 
(Caldwell et al., 2008; Hense et al., 2008). In M4 medium and at high algal density, some 
effect on algal growth was observed at lower concentrations in the beginning of the 
experiment, but the algae recovered afterwards (chapter 3.1.3). The 24 h NOEC amounted 
to 81 µg/L, and therefore, it was assured that algae in the bioconcentration and 
biotransformation experiments (CW: about 20 µg/L) were not influenced by the test 
substance. It was previously shown that EE2 has no specific effects on photosynthesis of 
D. subspicatus (Escher et al., 2005). Considering EE2 concentrations detected in surface 
waters (chapter 1.2.1, Table 1.1), it can be concluded that EE2 does not pose a risk to this 
algal species. As for algae in general, no concentration dependent effects of EE2 on 
phytoplankton were observed in microcosm studies at environmentally relevant 
concentrations. Some shifts in the species composition, like a bloom of certain cyano-
bacteria and a decline in the relative density of Chlorophyceae were observed, but this 
was mainly explained by the adverse impact of EE2 on predator zooplankton (Hense et al., 
2004; 2008).  
4.1.4 Estrogenic potency of EE2 and its brominated products 
The relative potencies (RPs) of EE2 were 0.7 and 1.9 derived from the results of the YES 
and ER CALUX assay, respectively (chapter 3.1.4, Table 3.11). These values are in 
agreement with the literature. The same RP of 0.7 was obtained from the YES by 
Matsumoto et al. (2004) and values between 0.5 and 1.8 have been reported elsewhere 
(Tanaka et al., 2001; Segner et al., 2003; Schultis and Metzger, 2004; Van den Belt et al., 
2004; Thorpe et al., 2006). Sonneveld et al. (2006) also found an RP of 1.9 for EE2 in the 
ER CALUX assay, whereas others reported RPs in the range of 1.0 - 1.2 (Legler et al., 
2002; Houtman et al., 2004; Van der Linden et al., 2008). In general, EE2 appears to be 
more or less equipotent to E2 in in vitro reporter gene assays. Monobrominated EE2 was 
found to be a weaker agonist than EE2, with RPs of 8 * 10-3 and 4 * 10-3 derived from the 
YES and the ER CALUX, respectively (chapter 3.1.4, Table 3.11). Flores and Hill (2008) 
recently reported an RP of 9 * 10-3 for 4-Br-EE2 and of 53 * 10-3 for 2-Br-EE2 in the YES 
assay. As the value of 4-Br-EE2 is similar to the RP found for the purified Br-EE2 used in 
the present study, it seems that the alga Desmodesmus subspicatus only produces the 
kinetically advantaged and less estrogenic 4-Br-EE2 or at least to a greater extent than 2-
Br-EE2. Concentrations up to 0.25 µM (114 µg/L) of dibrominated EE2 did not induce -
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galactosidase activity (chapter 3.1.4, Fig. 3.14, A). However, this compound was shown to 
be estrogenic in the YES by Flores and Hill (2008) and Lee et al. (2008), who obtained 
RPs of Br2-EE2 amounting to 5 * 10-4 and 1 * 10-4, respectively. An EC50 of 0.35 µM was 
reported (Flores and Hill, 2008), which is slightly beyond the concentration range tested in 
the present study. Compared to 2-Br-EE2 and 4-Br-EE2, Br2-EE2 was about 110 and 20 
times less potent (Flores and Hill, 2008). It is clear that bromination significantly decreases 
the estrogenic activity of EE2, which might according to the present study occur in surface 
waters in the presence of algae. Nevertheless, it should be mentioned that the RP of Br-
EE2 is still higher, and the RP of Br2-EE2 similar or higher than reported values for other 
known xeno-estrogens. For example, the potency relative to E2 of 4-nonyl-phenol (NP), 4-
octylphenol (OP), and bisphenol A (BPA) in the YES were 1.2 * 10-4 - 4.7 * 10-4 (Van den 
Belt et al., 2004; Thorpe et al., 2006), 5.0 * 10-6 - 4.9 * 10-4, and 6.0 * 10-5 - 8.1 * 10-5 
(Tanaka et al., 2001; Segner et al., 2003), respectively. Similar or lower values are 
obtained with the ER CALUX assay: RP(NP): 2.3 * 10-5 - 3.7 * 10-5; RP(OP): 7.3 * 10-5; 
RP(BPA): 1.1 * 10-5 - 7.8 * 10-6 (Legler et al., 1999; Houtman et al., 2004).  
As was mentioned above, substitution of two bromine atoms on positions 2 and 4 of the 
EE2 molecule resulted in a lower estrogenic potency compared to the monobrominated 
derivative. The same trend was observed for mono- versus dibrominated NP (Hill and 
Smith, 2006), mono- versus dichlorinated EE2 (Nakamura et al., 2006; Lee et al., 2008), 
as well as for other halogenated estrogens (Hu et al., 2003; Nakamura et al., 2006). It was 
also shown that brominated products of EE2, E1, E2 and E3 are less potent in the YES 
than their chlorinated counterparts (Nakamura et al., 2006; Lee et al., 2008). Furthermore, 
iodinated E2 revealed weaker estrogenic activity than brominated E2 (Lee et al., 2008). 
Therefore, addition of larger atoms seems to result in greater hindrance of receptor-ligand 
binding. Lee et al. (2008) established a quantitative structure-activity relationship (QSAR) 
between differences in substituents on the phenolic moiety of EE2 and the relative in vitro 
estrogenic activity. The QSAR results were consistent with the structure of the ligand-
binding domain of the estrogen receptor. It was concluded that steric hindrance was 
mainly responsible for the lower potency of halogenated estrogens (Lee et al., 2008). This 
explains why binding of halogenated estrogens to the receptor is more constrained in case 
of bulky and/or multiple substituents.  
Although in vitro screening assays have shown to be useful to predict in vivo estrogenic 
activity, they involve some evident limitations (Van den Belt et al., 2004). They do not take 
the compound’s metabolic properties, bioaccumulation potential, distribution and 
interactions with the endocrine system, other than binding the estrogen receptor, into 
account. Flores and Hill (2008) demonstrated the high bioavailability of brominated EE2 to 
and its distribution in female roach. The fish were exposed to 30 ng EE2/L in tanks 
containing water supplied from local chalk groundwater sources, which may have been 
subject to brine intrusion. Before distribution, this water had been disinfected by the 
addition of hypochlorite. It was shown that in the absence of fish, only 6.5% of the 
expected EE2 concentration was present in the tank water after 5 h, due to rapid 
bromination of the parent compound. After five days of exposure, the concentrations of 
DISCUSSION 
151 
 
EE2 and its brominated derivatives were determined in the liver and ovaries of the fish. 
Br2-EE2 levels of 92.3 ng/g liver ww (40% recovery) and 2.3 ng/g ovaries ww (59% 
recovery) were measured. The authors reported apparent BCFs of 130 and 7900 for 
bioconcentration in the ovaries and the liver, respectively, assuming 100% conversion of 
EE2 to its dibrominated analogue and taking the low recoveries into account. It seems that 
they divided the tissue concentration by a water concentration of 30 ng/L to obtain these 
values (Flores and Hill, 2008). However, 30 ng EE2/L corresponds to 46 ng Br2-EE2/L due 
to its higher molecular weight. Therefore, the apparent BCFs of the latter compound are 
actually lower amounting to 85 (ovaries) and 5150 (liver). The parent compound was only 
detected at low amounts in both tissues and monobrominated EE2 was not detected at all, 
most probably reflecting the presence or rather absence of both compounds in the water 
phase (Flores and Hill, 2008). As was mentioned in the introduction (chapter 1.2.3), little 
data on bioaccumulation of EE2 are available in the literature. The maximal ratio between 
the concentrations of EE2 in the liver of male zebrafish and the water determined in this 
work was 19,200 L/kg dw and was reached after 48 h of exposure of the fish (chapter 
3.4.3, Table 3.16). This can be recalculated to 4500 L/kg ww, using the experimentally 
obtained ratio between wet and dry body weight, i.e. 4.2 (chapter 3.4.1). This conversion 
factor can be applied, as it was previously shown that the dry weight of the liver of fish is 
about 25% of the liver wet weight (White et al., 1997). After 72 h of water exposure, the 
ratio between liver and water concentration was lower and amounted to 800 L/kg ww 
(3400 L/kg dw, data not shown). Disregarding the difference in sex, species, exposure 
time and concentration and comparing these CLiver/CW values with the apparent BCFs of 
Flores and Hill (2008) for female roach, Br2-EE2 seems to have a higher bioaccumulation 
potential compared to EE2. This is consistent with its more hydro-phobic character, which 
could be derived from the longer retention time on the HPLC column with the performed 
method (chapter 3.1.2, Fig. 3.3). Similarly, Smith and Hill (2004) suggested that 
dibrominated NP bioconcentrates to a much greater extent in fish tissues than NP itself. 
Besides, they found no polar metabolites of the dibrominated derivative in the bile and 
liver, whereas both the parent compound and its glucuronide conjugate were detected in 
these organs (Smith and Hill, 2004). As EE2 is brominated in position 2 and/or 4 of the 
molecule and conjugated at the hydroxyl group in position 3, the formation of brominated 
EE2 glucuronides is likely to be obstructed due to steric hindrance as well. The latter effect 
was already shown to be responsible for decreased receptor binding ability of the 
compound, as was discussed above. Consequently, next to enhanced uptake, excretion of 
these compounds by fish might be impeded. However, this remains currently unstudied.  
Since the liver contains estrogen receptors and is the target organ for VTG synthesis in 
fish, the higher tendency of Br2-EE2 compared to EE2 to concentrate in this organ might 
compensate for its lower estrogenic potency. Moreover, possible endocrine disrupting 
effects of brominated EE2 in vivo are currently unknown and should be subject of further 
research. In general, halogenated organic compounds are characterized as persistent, 
toxic and/or carcinogenic, whereby brominated substances are of greater concern than 
their chlorinated analogues (Richardson et al., 1999; Hutteroth et al., 2007). At low, but 
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environmentally realistic concentrations up to 1 nM, no acute toxicity of both mono- and 
dibrominated EE2 to D. magna was observed (chapter 3.2.5). However, further testing is 
required, as no toxicity data on these compounds and other halogenated estrogens are 
available. Thereby, other test organisms should be selected to compare the effect of EE2 
and its brominated analogues, because it was shown that daphnids are rather insensitive 
to the parent compound (chapter 4.2.5).  
In summary, it remains unclear whether the finding that algae may brominate EE2 in 
contaminated surface water is beneficial for the water quality. On the one hand, the 
estrogenic activity of the products is drastically reduced due to hindered estrogen receptor 
binding, which mediates the mode of action of the parent compound. On the other hand, 
higher uptake and slower elimination are suspected, while the biological activity of the 
compounds and possible consequences for organisms are unknown. Next to the discovery 
in this work that the presence of algae might cause their production, other recent work 
showed that abiotic processes in water disinfection treatment might lead to the formation 
of brominated EE2 derivatives (chapter 4.1.2). Hence, their appearance in the aquatic 
environment is likely and further research is required to deal with above mentioned 
uncertainties. It is obvious though that the formation of brominated products might 
significantly influence the fate of EE2. 
4.2 Accumulation, metabolism and elimination of 
EE2 by a primary consumer of the water phase 
Daphnia magna  
This is the first study dealing with bioconcentration, bioaccumulation and biotransformation 
of EE2 in daphnids. In a polluted water body, these filter feeders might be exposed to the 
freely dissolved fraction of the substance via the aqueous phase, as well as to the fraction 
associated with the diet, i.e. for example phytoplankton (chapter 2.2.2). In this way, 
daphnids present a link between primary producers and their predators (secondary 
consumers) in the aquatic food web. It was shown above that EE2 and its transformation 
products might largely associate with algal cells (chapter 4.1.1). Hence, uptake of the test 
compound by daphnids after exposure via the water and via a diet of spiked algae was 
investigated, and bioaccumulation through both routes was compared, in order to address 
the existing gap in the knowledge about the role of filter feeding invertebrates on the fate 
of EE2. 
4.2.1 Uptake and elimination 
The results of several uptake experiments showed that daphnids took up only a little 
fraction of the radioactivity spiked to the water phase, i.e. about 1% within two days after 
application of 14C-EE2 (chapter 3.2.1, Fig. 3.15). The filtration rate of daphnids is high at 
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low food concentrations. Since no algae were present in the medium during the present 
bioconcentration tests, it can be assumed that more than 10 mL of the test solution was 
filtered by one daphnid in one hour (Preuss et al., 2008; 2009). With a filtration rate of 10 
mL/h and calculating in steps of one hour, it can be determined that the medium (20 mL), 
which had an initial concentration of 85 Bq/mL, would have been diluted a thousand times 
within eleven hours, if daphnids would absorb 100% of the test compound. This would 
involve that practically all applied 14C-EE2 was filtered from the solution at that time. Since 
most of the radioactivity remained in the water phase, it was shown that the reverse was 
true, i.e. that little substance was incorporated by the organisms, or that only a small part 
of the internalized amount stayed associated with the daphnids due to efficient elimination. 
This is supported by the observed formation of hydrophilic metabolites of EE2 in the 
daphnids (chapter 3.2.4, Fig. 3.24), which might have facilitated excretion, and will be 
discussed below (chapter 4.2.4). From the clearance experiment, an elimination rate 
constant (k2) of 0.028 h-1 could be determined. Preuss et al. (2008) previously observed 
slower excretion of radioactivity by p353-NP-exposed adult D. magna, as they obtained a 
k2 of 0.017 h-1. In a further (bioaccumulation) test of the present study, it was observed that 
a lot of radioactivity associated with a daphnid was additionally removed from the 
organism during moulting and the contemporaneous release of neonates (chapter 3.2.2, 
Fig. 3.18, B). Daphnids, which reproduced during the last day of that experiment, 
contained much less radioactivity compared to those that did not produce offspring, and 
even less than the day before. This means that a large fraction was sorbed to the 
carapace, which was removed during moulting, and/or that a part was transferred to 
neonates in the brood chamber, which was thus released with the offspring. By draining 
the ovary of exposed adults, it was previously shown that only a small proportion of the 
radioactivity was present in the eggs due to maternal transfer of 14C-EE2 (Schuster, 2009). 
Larger fractions were detected in freshly hatched neonates, which were directly caught 
after they became free-swimming. This can be explained by the fact that neonates already 
start filtration a few hours before being released to the medium surrounding the adults, 
which is then in exchange with the water of the brood chamber (Kotov and Boikova, 2001). 
However, the fraction of the total radioactivity detected in neonates of 14C-EE2-exposed 
adult daphnids, reported by Schuster (2009), was smaller than the difference between the 
percentage in organisms that reproduced in the present test and those that did not. It can 
thus be concluded that most of the radioactivity, which was released during reproduction, 
was associated with the carapace and removed during moulting. Hence, ad- and 
desorption played an important role in uptake and elimination processes. The fact that the 
difference between daphnids with and without offspring was less obvious in the uptake 
(chapter 3.2.1, Fig. 3.15) compared to the bioaccumulation (chapter 3.2.2, Fig. 3.18, B) 
experiment, is most probably due to the time to which hatching of neonates occurred. In 
the uptake test, release of neonates by one group of adults took place at the beginning, 
and not at the end, but the internalized amount of radioactivity in the daphnids of both 
groups did not significantly differ after the first day. Since less time had been available for 
sorption, it is clear that a lower amount of the test compound was associated with the 
carapace and subsequently removed during moulting. The final incorporated amount of 
DISCUSSION 
154 
 
radioactivity was however lower in 48 h-exposed daphnids that reproduced during the first 
24 h compared to those that did not produce offspring over the course of the experiment 
(chapter 3.2.1, Fig. 3.15). This implies that more radioactivity was taken up between 24 
and 48 h by daphnids that did not moult during the first day. According to the selection 
performed in advance of the test, these daphnids contained eggs in an early stadium at 
the beginning, which evolved to a late stadium towards the end of the test. It was already 
mentioned that each adult daphnid delivers at least one brood within three days (chapter 
3.2.2), and therefore, the presence of neonates in the brood chamber of the considered 
adults during the last hours of the experiment was most likely. Next to the fact that these 
organisms did not moult and sorption could continue, filtration by neonates might explain 
the small, but higher fraction of radioactivity in these daphnids compared to those that had 
produced offspring within 24 h. The latter daphnids possessed newly developing eggs at 
the end, and definitely no filtrating neonates. The difference in the total amount of 
incorporated EE2 in daphnids with and without offspring was not reflected in the internal 
concentration in the organisms exposed to the lower test concentration (chapter 3.2.1, Fig. 
3.16, A). This could be explained by the loss of weight during reproduction. At the higher 
test concentration however, the difference in weight could not compensate for the higher 
uptake by daphnids that did not release neonates (chapter 3.2.1, Fig. 3.17). Due to the 
higher content in the water and consequent sorption and incorporation of larger amounts, 
14C-EE2 uptake by these daphnids showed a more linear pattern compared to organisms 
that reproduced during the first day. To our knowledge, no similar investigations dealing 
with the influence of moulting and the neonate development stage on uptake and 
elimination of hydrophobic organic compounds by adult daphnids have been reported, 
although research performed at our laboratories (the present study; Schuster, 2009) 
clearly shows that ecdysis and release of offspring can have an important impact on the 
bioconcentration process. 
The wet weight (µg) of daphnids can be calculated from the dry weight (µg) using the 
equation: ln(ww) = 2.644 + 1.050*ln(dw) (derived from Preuss et al., 2008). Hence, the wet 
weight of the test organisms could be estimated from the measured average dry weight of 
280 µg (chapter 3.2.1), and was 18.6 times higher amounting to 5213 µg. Using the latter 
factor, the dry weight based BCF presented above (964 L/kg dw; chapter 3.2.1) could be 
recalculated to 52 L/kg ww. Similarly, the uptake rate constants (k1) based on dry weight 
and wet weight were 27 and 1.45 L*kg-1*h-1, respectively. These values are much lower 
than previously reported k1 values for uptake of p353-NP by the same test species, i.e. 
200 L*(kg dw)-1*h-1 and 13 L*(kg dw)-1*h-1 (Preuss et al., 2008). Due to slower uptake of 
14C-EE2 compared to 14C-NP by adult daphnids and quicker elimination of radioactivity 
afterwards, the BCF of EE2 presented here (based on total radioactivity) was more than 
ten times lower than earlier obtained for NP and its metabolites (Preuss et al., 2008). 
However, since the estrogenic potency of EE2 is several orders of magnitude higher than 
the potency of NP (chapter 4.1.4), lower bioaccumulation in invertebrates might still result 
in the induction of more serious adverse effects in predators. A lower BCF (228 L/kg dw) 
than the one of EE2 was reported by Gomes et al. (2004) for bioconcentration of E1 in D. 
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magna. It should be mentioned that in the latter study metabolites were not included, as 
chemical analysis was restricted to the parent compound. Because the biotransformation 
products available in the daphnids were most probably EE2 conjugates (chapter 4.2.4) and 
since the metabolism in, and effect on, target organisms ingesting such compounds was 
not investigated till now (chapter 4.4.4 and 4.4.5), both EE2 and its metabolites were taken 
into account in the present study. 
As was mentioned in the introduction (chapter 1.2.3), only one study reported a BCF for 
accumulation of EE2 in an invertebrate of the aqueous phase, i.e. the Mediterranean 
mussel. The value was obtained by dividing the measured EE2 concentration in mussels 
by the concentration in water of the Venice lagoon, and amounted to 1400 L/kg ww. This is 
about 27 times higher than the BCF determined here for Daphnia magna (52 L/kg ww). 
Moreover, model calculations, which base on the hydrophobicity of the compound only 
(Log Kow) and are presented above (chapter 1.2.3, Table 1.3; Lai et al., 2002b), 
overestimated the BCF of EE2 in daphnids (263 L/kg) compared to the experimentally 
derived value (52 L/kg ww). Altogether, D. magna does not seem to bioconcentrate EE2 to 
a great extent. On the contrary, even though daphnids continuously filter the surrounding 
medium, little radioactivity was incorporated and stored in the organisms. The water 
concentration in the tests (23 and 92 µg EE2/L) was at least three orders of magnitude 
higher than measured environmental concentrations (MECs) in surface waters (chapter 
1.2.1, Table 1.1). According to the derived BCF, the internal concentration in daphnids 
living in a contaminated water body containing 1 ng EE2/L would amount to 52 ng EE2-
equivalent/kg considering water exposure only. Hence, monitoring of EE2 in these 
invertebrates might be complicated due to the high biomass required to meet the current 
detection limits.      
4.2.2 Bioaccumulation 
Uptake of radioactivity by daphnids via both the water phase and the diet was studied after 
application of 14C-EE2 to the medium of an algal suspension. A considerable fraction 
accumulated in the algae over time (chapter 3.2.2, Fig. 3.18, A), which were largely 
consumed by the daphnids (chapter 3.2.2, Fig. 3.19, B). Nevertheless, the internal 
concentrations in the prey exceeded those in the predators at all sampling times (compare 
chapter 3.2.2, Fig. 3.19, A to Fig. 3.20). This means that, according to the definition, the 
substance was not biomagnified (chapter 1.2.3). On the contrary, it was calculated from 
the data that uptake of high amounts of radioactivity by daphnids via the diet in the time 
frame between 24 and 48 h, i.e. when algal contents were elevated, was largely 
compensated by simultaneous elimination. However, the internal daphnid concentration at 
the end of the experiment was higher in the presence of algae than could be derived from 
water exposure only (chapter 3.2.2). Furthermore, a larger percentage of the total initial 
amount of radioactivity was detected in the organisms of this assay than in those of the 
bioconcentration test at all sampling times (compare chapter 3.2.2, Fig. 3.18, B to chapter 
3.2.1, Fig. 3.15). Since the filtration rate of daphnids is lower when more food is available 
in the medium (Preuss et al., 2009), it would be expected that uptake would be slower 
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when algae are present. However, it seems that ingestion of the radioactivity together with 
or as a part of the lipid-rich algal matrix resulted in higher accumulation and/or retention of 
the test substance and/or its brominated algal products in daphnids.  
The presence of the latter compounds might be a first explanation for the observed 
association of higher amounts of radioactivity with daphnids when algae were available. As 
was discussed above, brominated EE2 is produced by, intracellularly available in, and 
released from the alga D. subspicatus (chapter 4.1.1 and 4.1.2). Considerable amounts of 
Br-EE2 were detected in the medium at 24 and 48 h (chapter 3.2.2, Fig. 3.19, C), and 
hence, daphnids were certainly exposed to the monobrominated product via the water 
phase and most probably to both Br-EE2 and Br2-EE2 via the diet. It was already 
mentioned before that these compounds were suspected to have a higher bioaccumulation 
potential than EE2 (chapter 4.1.4). According to its more hydrophobic character (chapter 
3.1.2, Fig. 3.3), transfer of brominated EE2 to lipids as well as sorption to the carapace of 
daphnids might have been higher than in case of the parent compound. The fact that large 
amounts of radioactivity were associated with the exterior of the test organisms is 
confirmed by the lower content in those that underwent ecdysis compared to those that did 
not (chapter 3.2.2, Fig. 3.18, B). Next to enhanced uptake due to higher lipophilicity, the 
brominated products might have been stored in the daphnids to a greater extent than EE2 
itself due to impeded elimination. It will be dealt with below (chapter 4.2.4) that the 
observed metabolism of EE2 to more hydrophilic compounds in D. magna (chapter 3.2.4, 
Fig. 3.24), leading to subsequent depuration, most probably involved conjugation at the 
hydroxyl group in position 3 of the molecule (chapter 2.1, Fig. 2.1). When it concerns 
brominated EE2, steric hindrance with the bromine atoms in position 2 and/or 4 (chapter 
4.1.2, Fig. 4.1 and Fig. 4.2) might have obstructed this biotransformation reaction, and 
might thus have constrained facilitated excretion of those product(s). It is however unlikely 
that only EE2 was eliminated by the daphnids since the consumed algal cells were not 
supposed to contain the parent compound, but only Br-EE2 and/or Br2-EE2 (chapter 3.1.2, 
Fig. 3.11). Large amounts of algae, and thus of these products, were ingested by the 
daphnids, and it was calculated that a large fraction must have been released into the 
water phase. Hence, the assumption that elimination of brominated EE2 was hindered has 
to be omitted. The fact that daphnids were able to excrete the brominated products after 
intake of algae was confirmed by the results of the biomagnification test, where spiked 
cells were fed to the daphnids and only Br-EE2 and Br2-EE2 were available in the system, 
as will be discussed below (chapter 4.2.3).  
Since the gut of the organisms was not purged prior to radioactivity measurements, the 
assimilation efficiency of EE2 and its brominated products could not be evaluated from the 
obtained data. Clearance of the organisms was not performed in neither of the daphnid 
tests, and is often avoided in bioaccumulation experiments with aquatic invertebrates in 
order to obtain conservative accumulation factors including the contaminated gut content 
(Liebig et al., 2005; all literature examples dealing with biomagnification and referred to in 
chapter 4.2.3). In the present work, this fraction was additionally considered to be 
important with regard to further transfer to higher organisms along the food chain (chapter 
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4.4.3). It is possible that the surplus of radioactivity, detected in daphnids that had algae 
available compared to those that were only water exposed, was only present in the gut 
and remained associated with the algal cells. The removal of large amounts of EE2 and its 
products by the organisms would then mainly be explained by excretion of the compounds 
along with digested algae. Similarly, it was shown that benzo[a]pyrene was not assimilated 
from an algal diet into D. magna, but was likely to be released with the faecal pellets 
(Gourlay et al., 2005). The increase in the radioactivity content in daphnids over the course 
of the test was consequently due to the presence of gradually more loaded algae in the gut 
(chapter 3.2.2, Fig. 3.18, A & Fig. 3.19, A). Thereby, the ingestion rate is supposed to be 
constant over time due to quicker filtration of the medium by the daphnids when the cell 
density decreased because of their continuous grazing activity (Preuss et al., 2009). The 
algal density will also determine the assimilation efficiency of the compounds since this 
parameter is known to have an influence on the gut passage time and the subsequent 
food processing rate (Porter et al., 1982). Therefore, the next biomagnification test was 
performed with different cell numbers (chapter 4.2.3).  
Next to excretion of brominated EE2 products, algae might have synthesized and released   
photoassimilates during the dark phases of the light cycle (16 h/8 h light/dark), as was 
described above (chapter 4.1.1). Since these extracellular polymeric substances largely 
consist of organic material, their presence in the medium might have altered the 
bioavailability of EE2, Br-EE2 and Br2-EE2. The fact that EE2 might sorb to dissolved 
solids and colloids is extensively dealt with in the introduction, and it was mentioned that 
the consequences of such interactions regarding its availability for organisms remain 
largely unstudied (chapter 1.2.2). The presence of exudates might be another explanation 
for the observed higher uptake of radioactivity by daphnids when algae were available. 
However, previous research has shown that dissolved and particulate organic matter 
(DOM and POM) reduce accumulation of hydrophobic compounds in daphnids (Gourlay et 
al., 2003; Gourlay et al., 2005; Ruotsalainen et al., 2010). This is mostly the case for 
pelagic organisms in general, but in about one quarter of the studies, an increase in the 
bioavailability of organic substances due to the presence of DOM has been observed 
(Haitzer et al., 1998). Reported exceptions also originate from tests with daphnids exposed 
to a compound at low DOM contents (< 10 mg DOM/L). In comparison to DOM, only little 
is known about the influence of POM on the bioavailability of hydrophobic organic 
compounds, although contaminated particles can be used by organisms as a food source 
and ingestion might result in enhanced uptake. Furthermore, very few data are available 
on the effect of the presence of suspended algae on bioaccumulation of such chemicals in 
daphnids. This is surprising, since these organisms are widely used in toxicity tests, where 
algae are often applied to the medium in order to feed them, for example in the OECD 
Daphnia magna Reproduction Test (OECD, 2008). One study shows that algal and 
bacterial POM reduced benzo[a]pyrene concentration in D. magna. At an algal cell density 
of 6 * 105 cells/mL, juvenile daphnids contained only 1% of the benzo[a]pyrene content 
they accumulated after exposure in water without algae (Gourlay et al., 2005). This is in 
contrast with the obtained results for EE2 of the present study, where daphnids to which a 
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similar algae concentration was applied (7 * 105 cells/mL; chapter 2.4.2) contained twice 
the amount of radioactivity as was detected in daphnids that were not fed (compare 
chapter 3.2.2, Fig. 3.19, A to Fig. 3.20).  
Other literature data concerning transfer of organic compounds from phytoplankton to 
grazing zooplankton involve preliminary exposure of algae, as was performed with the 
present test compound in the biomagnification experiment as well, and will be discussed 
below (chapter 4.2.3). Further considerations concerning the above listed assumptions 
regarding bioaccumulation of EE2 and its algal products will be made there, and general 
conclusions will be drawn afterwards. To summarize the results from this test: it could be 
observed that the uptake of radioactivity, after spiking 14C-EE2 to the medium, by D. 
magna is enhanced due to the presence of D. subspicatus. Although several processes 
might have influenced bioaccumulation, it was clearly shown that the largest part was 
sorbed to the carapace, which was thought to be stimulated by the hydrophobicity of the 
algal products of EE2, and that ingestion of highly contaminated algae led to internalization 
of these compounds. It could be calculated, however, that a lot of the dietary incorporated 
radioactivity was excreted, and therefore, it was assumed that no or only small fractions of 
Br-EE2 and Br2-EE2 were assimilated from the gut during food processing.    
4.2.3 Biomagnification 
When starved daphnids were fed 14C-EE2 spiked algae, they contained the highest 
amount of radioactivity at the first sampling event, i.e. 10 h after being introduced to the 
algal suspension (chapter 3.2.3, Fig. 3.21, B & Fig. 3.22, A). The concentration in the 
algae was maximal at the beginning of the test, decreased over time and remained 
constant during the last hours of the test (chapter 3.2.3, Fig. 3.22, B). This biphasic pattern 
of elimination by algae was also observed in the only water experiment (chapter 3.1.1, Fig. 
3.2, B; chapter 4.1.1), but here, the impact of growth in the second phase was not so 
pronounced since the daphnids kept the algal population under control in that time frame 
(chapter 3.2.3, Fig. 3.21, B, high algal density). The concentration of radioactivity in the 
daphnids decreased from the first sampling time on and remained constant afterwards, 
and thus, followed the same trend as the algal contents (chapter 3.2.3, Fig. 3.22). Hence, 
the incorporated amount in the daphnids was higher when the algae contained a lot of 
radioactivity, i.e. at the beginning of the test. This was also the case in the bioaccumulation 
experiment, where the concentration in the algae increased over time, and consequently in 
that case, the daphnid content was highest at the end of the test (chapter 4.2.2). Thereto, 
it should be mentioned that the concentration of radioactivity in suspension (algae + water) 
did hardly change over time in both tests (chapter 3.2.2, Fig. 3.18, A; chapter 3.2.3, Fig. 
3.21, A). If water exposure would have a greater influence on the run of the accumulation 
curve than uptake via the diet, the daphnid content would have increased over time (up to 
18 h after the start) in the present biomagnification experiment according to the increasing 
water concentration. However, between 10 and 24 h after the beginning of the test, more 
radioactivity was excreted with the algal material in faeces than was simultaneously taken 
up by ingestion of less contaminated cells and filtration of the medium. Therefore, it seems 
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that the compounds associated with the algae simply flew through the gut of the daphnids 
without being assimilated, as was assumed before (chapter 4.2.2). Most probably all the 
radioactivity in the algae, and thus over time in the whole system, consisted of brominated 
EE2, which can be derived from previous tests with spiked cells (chapter 3.1.2; chapter 
4.1.2) and analyses of the water phase in the present test (chapter 3.2.3, Fig. 3.23). 
As was the case in all tests with daphnids, only little percentages of the total amount of 
radioactivity were incorporated by the test organisms. After 24 h, 0.7% was detected in the 
daphnids, which was as much as after one day of exposure via the water only (compare 
chapter 3.2.1, Fig. 3.15 with chapter 3.2.2, Fig. 3.18, B). However, accumulation seemed 
to be dependent on the initial algal density. Although the concentration of radioactivity in 
the algae was always the same at the beginning, higher fractions were internalized by the 
daphnids within equal time periods, when the suspension was more diluted (chapter 3.2.3, 
Fig. 3.21, B). It is known that the gut passage time in daphnids is longer at lower food 
concentrations (Porter et al., 1982). This means that even though the daphnids might have 
ingested similar amounts of algae in the setups with different cell densities by adapting 
their filtration rate, the assimilation efficiency of brominated EE2 might have been higher at 
lower cell numbers due to better processing of the food. Algae can have several traits or 
“strategies” that hinder digestion in consumers, and can even pass intact through the gut 
of predators (Hessen and Vandonk, 1993; Vandonk and Hessen, 1993; Lürling, 2001; 
2003). Phosphorus-limited D. subspicatus, the present test species, was for example 
shown to resist heavy grazing pressure from D. magna by structural and morphological 
changes of the cells involving a thicker and thus less digestible cell wall. Phosphorus-
saturated cells, in contrast, were efficiently assimilated (Vandonk and Hessen, 1993). It is 
possible that the algae were nutrient-stressed in the present work as well, since they were 
introduced in a medium optimal for daphnids (M4; 0.143 mg KH2PO4/L & 0.184 mg 
K2HPO4/L; OECD, 2004a), which contains for example more than 4 times less phosphorus 
(converted: 65 µg P/L) compared to the OECD medium optimal for algae (285 µg P/L; 
OECD, 2006). Considering the presence of more algae in the same medium at higher cell 
densities, the availability of lower amounts of nutrients per cell might also have resulted in 
higher digestion resistance, and add to the shorter gut passage time. Similarly, but the 
other way around, the observed maximal uptake of 7.2 % in the setup where the algal cell 
number was restricted to the filtration capacity of the daphnids (0.1 * 106 cells/mL; chapter 
3.2.3, Fig. 3.21, B) can be explained by a longer food processing time in the predators and 
a higher digestibility of the prey. Another known defence mechanism of amongst others D. 
subspicatus to resist grazing zooplankton, like Daphnia, involves the formation of colonies 
(Hessen and Vandonk, 1993). Since it is believed that this is induced by a chemical cue 
released from the predators (Lürling, 2001; 2003) and since the amount of daphnids was 
the same in all setups, this anti-ingestion measure was not supposed to have influenced 
the assimilation efficiency of the EE2 products.  
At the highest algal density (3.2 * 106 cells/mL), the ratio between the concentrations of 
radioactivity in the algae and the daphnids was again below one (BMF < 1) and amounted 
to 0.125 on a dry weight basis (chapter 3.2.3, Fig. 3.22). Hence, no biomagnification of the 
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brominated EE2 products was observed. At medium density (0.6 * 106 cells/mL), relatively 
more radioactivity was incorporated in both prey and predator, but the algae accumulated 
comparatively much more since lower cell numbers additionally involve reduced release of 
algal products to the water phase, as was explained above (chapter 4.1.1). Due to the very 
high algal content, the BMF amounted to 0.022 only. At the lowest initial cell density (0.1 
cells/mL), no algae were left in the medium, and hence, no BMF could be calculated 
(chapter 3.2.3, Fig. 3.21, B). Although the internal concentration in the daphnids did not 
exceed the initial concentration in the algae (ever), the daphnids of this setup accumulated 
a ten times higher fraction of the initial radioactivity compared to after water exposure (7% 
vs. 0.7%). This reinforces the great influence of the presence of food and dietary exposure 
on uptake of EE2 and its products by daphnids.  
Hitherto, only few studies dealt with the transfer of hydrophobic organic compounds from 
phytoplankton to grazing zooplankton, although it is known that algae concentrate large 
amounts of such chemicals and it is often assumed that they pass them on to higher 
organisms via the food chain. However, in most of the available reports using daphnids as 
predator invertebrate, BMF values lower than one were obtained as well. For example, 
exposure of D. magna to endosulfan, which has a slightly lower Log Kow (3.5) compared to 
EE2 (4.2; chapter 1.2.2), via spiked cells of the freshwater green alga Pseudokirchneriella 
subcapitatum, led to negligible uptake of the compound compared to water exposure 
(DeLorenzo et al., 2002). The BMF calculated by the authors, who assumed steady state 
at 24 h, was as low as 2 * 10-9. To allow comparison with the brominated products of EE2: 
no biomagnification in daphnids was observed in case of more lipophilic substances as 
well. Munoz et al. (1996) daily fed adult D. magna with hexachlorobenzene (HCB)-spiked 
Chlorella vulgaris (4.4 mg/kg dw). After six days, the internal concentration of HCB in 
daphnids amounted to 1.7 mg/kg dw, resulting again in a BMF < 1 (Munoz et al., 1996). 
Furthermore, about 100 times less p353-NP was taken up by D. magna from spiked D. 
subspicatus, available at a rather high density (106 cells/mL), compared to from the water 
in 48 h (Preuss, 2007). This is in clear contrast with the results presented in this work for 
accumulation of brominated EE2 products using the same medium, alga and predator. 
Here, daphnids incorporated the compounds from algal suspensions, containing between 
0.6 and 3.2 * 106 cells/mL, at least to the same extent as from the water. To our 
knowledge, only one study reported a BMF higher than one and showed biomagnification 
of an estrogen. A 48 h BMF of 24 (on dry weight) was determined for partitioning of E1 
from Chlorella vulgaris to D. magna (Gomes et al., 2004). This value was calculated as the 
ratio between the concentration in the daphnids at sampling time and the initial content in 
the algae, and hence, desorption of E1 from the algal cells over time was not taken into 
account. Here as well, the BMF was smaller than the BCF and uptake via the trophic route 
was considered to be less significant compared to concentration from the aqueous 
medium (Gomes et al., 2004). BMFs smaller than one (0.3 - 0.8) were again found for 
transfer of highly lipophilic polychlorinated biphenyls (PCBs) from the diatom Stephano-
discus minutulus to Daphnia pulicaria (Lynn et al., 2007). Interestingly, it was shown in the 
latter study that the nutrient availability of the algae affected biomagnification. The BMFs 
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were higher when the diatoms were phosphorus- or nitrogen-limited (0.6 or 0.8) than when 
they were nutrient-saturated or silica-limited (both 0.3) (Lynn et al., 2007). This seems to 
be in contrast with the content of the previous paragraph, where it was discussed that 
nutrient-limited algae may be more resistant to grazing. In contrast to D. subspicatus, 
however, the digestibility of diatoms is not believed to be affected in case of stress, since 
the siliceous cell wall of these algae is not expected to show morphological changes. The 
authors supposed that transfer of PCBs from the tested diatom to the filter-feeders was 
linked to the assimilation rate of lipids, and thus of lipid-associated PCBs, in daphnids, 
which was assumed to alter depending on the photosynthetic activity, i.e. the chlorophyll 
content of the algae (Lynn et al., 2007). This clearly shows that food chain transfer will not 
only depend on the properties of the substance, but also on the grazing behaviour of the 
predator, the defence mechanisms and quality of the prey, and possible interactions 
between phytoplankton and its consumer.  
In all above described examples, only one algal density was tested. However, the present 
study shows that the latter parameter highly influenced the bioaccumulation process. 
Indeed, the BAFs, calculated as the ratio of the concentrations in the daphnids and the 
algal suspension at sampling time (Cdaphnids/Csuspension), were higher when the initial cell 
number was lower with values of 357, 774, and 4300 L/kg dw at high, medium, and low 
density, respectively (chapter 3.2.3). In the latter case, i.e. when the amount of spiked food 
was limited to the number of algae the daphnids could ingest in one day according to their 
filtration capacity, the BAF was thus even higher than the BCF (964 L/kg dw) obtained 
from only water exposure (chapter 3.2.1). The results of the bioaccumulation experiment 
(where the medium was spiked; chapter 3.2.2) can also be compared to those of the so 
called biomagnification experiment at medium algal density (where the algae were spiked; 
chapter 3.2.3), since the initial cell number was similar in both tests amounting to 0.7 * 106 
and 0.6 * 106 cells/mL, respectively. Within 24 h, these algal densities were reduced due to 
grazing by the daphnids with about 30% in the first (chapter 3.2.2, Fig. 3.19, B) and 20% in 
the second (chapter 3.2.3, Fig. 3.21, B) of both tests. This resulted in similar densities after 
one day. Although no equilibrium was reached in the bioaccumulation test, the internal 
concentration in daphnids with offspring after 48 h did not differ from the content in the 
organisms at 24 h (chapter 3.2.2, Fig. 3.20). Since all daphnids were assumed to 
reproduce sometime soon after 48 h, the latter content can be considered representative 
for the steady state situation. In case of the biomagnification experiment, equilibrium was 
reached within one day at high algal density, where the distribution of radioactivity was 
monitored over time (chapter 3.2.3, Fig. 3.21, A). Therefore, it could be assumed that the 
setup with medium cell density was at steady state after 24 h as well. Calculating the ratio 
in the concentrations of daphnids and their surrounding medium at that time (i.e. the 24 h 
BAF), a larger value was obtained when daphnids were exposed via spiked algae in 
initially clear medium (759 L/kg dw) than when they were exposed via the medium in the 
presence of initially uncontaminated algae (611 L/kg dw). Moreover, these BAFs were both 
higher than the 24 h Cdaphnids/Cw value (506 L/kg dw) of the test where the organisms were 
exposed via the water and not fed (uptake experiment; chapter 3.2.1). Two very recent 
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studies concerning bioaccumulation and biomagnification of PCBs in other crustaceans 
(marine copepods) confirm the general findings of the present work with EE2. They show 
that BAFs of the test compounds were significantly higher when contaminated phyto-
plankton was ingested by the zooplankton than when the animals were exposed only via 
water, even though, here as well, BMFs were below or close to one (Magnusson et al., 
2007; Magnusson and Tiselius, 2010).  
Summarizing the considerations listed above, it can be concluded that the presence of 
algae in a polluted ecosystem, and the number of cells, will largely determine transfer of 
EE2 and/or its algal products to grazing zooplankton. In particular, the availability of low 
densities of contaminated algae was shown to lead to relatively high concentrations of the 
substances in daphnids. In that case, bioaccumulation was even more important than 
bioconcentration (water exposure) only. Prey-predator interactions were assumed to play 
an important role in uptake, assimilation and depuration processes involved during food 
chain transfer. The compounds were however not biomagnified since they were largely 
excreted by daphnids, and since accumulation in suspended phytoplankton was 
comparatively much higher. Nevertheless, the present study clearly shows that 
irrespective of whether the BMF was smaller than one, the consumption of (Br(2)-)EE2-
containing food contributes significantly to the total body burden of the substances in 
zooplankton. Further research concerning dietary transport of EE2 and other hydrophobic 
organic compounds between the lowest trophic levels of the food web should definitely be 
performed with different species of both prey and predator. Moreover, according to this 
and other studies, the nutritional status of the phytoplankton and the algal density should 
be taken into account.  
4.2.4 Metabolism of EE2 in daphnids 
The radioactivity in extracts of daphnids, which were rinsed after exposure to 14C-EE2 via 
the water, consisted mainly of one more hydrophilic product of the test substance (ca. 
90%). Furthermore, the parent compound and traces of another, even less hydrophobic 
metabolite were found in the organisms (chapter 3.2.4, Fig. 3.24 and chapter 3.4.3, Fig. 
3.40, D). It was discussed above that the total amount of radioactivity incorporated by 
daphnids was rather low (chapter 4.2.1). Hence, regrettably too little material was available 
in the samples to clarify the structure of the biotransformation products. Using the same 
HPLC method, the retention times of the metabolites in daphnid extracts were equal to 
those of the sulphate ester (2.5 min) and the glucuronide (4 min) of EE2, which were 
detected in the other tested invertebrates, i.e. exposed chironomid larvae (chapter 3.3.4, 
Fig. 3.33 and chapter 3.4.3, Fig. 3.40, B) and blackworms (chapter 3.4.2, Fig. 3.37). 
However, it was shown by Baldwin and LeBlanc (1994) that glucuronidation did not 
significantly contribute to the metabolism of another steroid hormone, i.e. testosterone, in 
D. magna. The most important biotransformation process of this substance in daphnids 
was conjugation with glucose. Furthermore, next to the formation of both polar and non-
polar phase I metabolites (involving cytochrome P450 enzymes), sulphate conjugates of 
testosterone were generated by daphnids. Especially the major hydrophilic phase I 
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products, namely different hydroxylated metabolites of testosterone, were on their turn 
subjected to phase II metabolism, i.e. again mainly to glucosidation, but also to sulphation 
(Baldwin and LeBlanc, 1994). According to these results and since EE2 contains hydroxyl 
groups (chapter 2.1, Fig. 2.1), which are often used in phase II reactions as the target site 
of the substrate molecule, it is supposed that EE2 was preferentially transformed by D. 
magna to its glucose conjugate, and to a less extent to its sulphate ester. This hypothesis 
is reinforced by the retention time of the smaller peak in the HPLC chromatogram of 
daphnid extracts, which was previously shown to represent EE2 sulphatide (2.5 min), i.e. 
in the above mentioned experiments with other test organisms. The largest peak at 4 min, 
which covered ca. 90% of the area under the curve of the chromatogram, would then be 
allocated to EE2 glucoside. The possible transformation of EE2 to the latter product by 
daphnids instead of to its glucuronide metabolite, generated by chironomids, might be an 
explanation for the observed difference in effect to zebrafish exposed via the different prey 
(chapter 3.4.5, Fig. 3.42), as will be discussed below (chapter 4.4.5).  
Conjugation of xenobiotics or endobiotics with sugar or sulphate is generally followed by 
active cellular efflux with a specific transport protein, resulting in excretion and thus in 
decreased retention of the compound in the organism (Baldwin and Leblanc, 1994). Since 
concentration of radioactivity in the daphnids was low despite of their continuous filtration 
activity, facilitated elimination could be assumed. However, in the uptake experiment none 
of both biotransformation products of EE2 were detected in the water surrounding the 
daphnids (chapter 3.2.1). It is of course possible that the comparably high 14C-EE2 content 
of the test medium masked the possible presence of low amounts of excreted conjugates 
in the water during chemical analysis. Therefore, it remained to be clarified whether 
daphnids released the produced metabolites, or whether only the test compound itself was 
returned to the water phase in its unconjugated form. Unfortunately, the composition of the 
radioactivity in the medium after elimination could not be assessed since only low amounts 
were present in the daphnids at the end of the uptake phase. Hence, transfer of the 
organisms to clear water resulted in excretion of too little material for qualitative analysis 
(chapter 3.2.1). However, when many daphnids had been introduced together in a large 
volume of test solution, which was performed to prepare spiked food for dietary exposure 
of fish (chapter 2.6.3), a large amount of the most water soluble EE2 product was present 
in the daphnid medium, afterwards (chapter 3.4.3, data not shown). This product, 
suggested to be EE2 sulphatide, and only available at trace amounts in the daphnid itself, 
was thus largely excreted. In contrast, the other metabolite, largely present in daphnid 
homogenates and assumed to originate from EE2 conjugation with glucose, was only 
directed to the medium in almost undetectable amounts. Beside both biotransformation 
products, the water still contained a large fraction of the parent compound. After exposure, 
daphnids were transferred from this medium to clear water containing the fish, and had the 
opportunity to eliminate here as well, since not all of them were directly consumed by their 
predator. Analysis of the water at the end of this fish test revealed that the proportion of 
EE2 and its metabolites was similar as in the medium after daphnid exposure (chapter 
3.4.3, Fig. 3.40, E). Combined with the low uptake by fish, to which spiked daphnids had 
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been applied (chapter 3.4.3, Fig. 3.39), it was concluded from these results that the 
presence of EE2 sulphatide in the water surrounding the fish was mainly due to its 
elimination by daphnids. The fact that the product with a retention time of 4 min was highly 
available in the daphnids, but was absent in their surrounding water, while an EE2 peak 
appeared, might indicate that this metabolite was reconverted to the parent compound 
before, or directly after its release into the medium. Considering that the above suggested 
metabolic pathway of EE2 really involved conjugation with glucose, hydrolysis might have 
occurred at the end of the gastrointestinal tract by enzymes of the daphnids themselves or 
by bacteria present in the gut, as was described for human (Desbrow et al., 1998; chapter 
1.2). Deconjugation by microorganisms might also have taken place in the water after 
excretion of the product by the daphnids, as was shown in sewage treatment plants 
(Gomes et al., 2009). Contrary to the glucoside of EE2, its sulphate ester was detected in 
the medium. This infers that the latter conjugate was recalcitrant to similar cleavage 
processes. Evidence for the high resistance of steroid sulphatides to deconjugation was 
previously provided by Gomes et al. (2009).  
Anyway, the observed EE2 metabolism to more water soluble products as well as the 
possible reversed process in case of EE2 glucoside, and the subsequent excretion of the 
parent compound and its sulphatide seemed to be very efficient. Bioconcentration of the 
test compound is thus largely influenced by its biotransformation, and not only determined 
by the partitioning between two phases, i.e. the water and lipids in the organism. This 
might explain why the experimentally derived BCF deviates from the one obtained by 
model calculations based on the Log Kow only (chapter 4.2.1). The latter computation led to 
overestimation of the BCF value of EE2 due to underestimation of the elimination potential 
of the test organism, since detoxification by its metabolism because of its enzymatic 
capacity was not taken into account. As was mentioned above, no studies concerning 
biotransformation of EE2 in daphnids have been performed till now. However, metabolism 
of pyrene and p353-NP to more hydrophilic products by D. magna was previously 
observed to be quick as well (Akkanen and Kukkonen, 2003; Preuss et al., 2008). In both 
studies, only between 10 and 15% of the radioactivity detected in the daphnids consisted 
of the parent compound after 24 h of exposure via the water. After 48 h, the fraction of 
p353-NP in the organisms was even less than 10% (Preuss et al., 2008). This is similar to 
the results of the present study where more than 90% of the radioactivity in daphnids 
comprised 14C-EE2 metabolites within the same exposure period (chapter 3.2.4, Fig. 3.24 
and chapter 3.4.3, Fig. 3.40, D). Furthermore, it was shown that assumed, but unidentified 
p353-NP conjugates were eliminated by D. magna, and accounted for 35% of the total 
radioactivity in the medium after 48 h of clearance (Preuss et al., 2008). This reconfirms 
the capability of daphnids to excrete produced metabolites, and is consistent with the 
observed release of EE2 sulphatide as well as the parent compound itself.  
It can be concluded that biotransformation of EE2 in D. magna resulted in low retention of 
the substance in this species. This implies low availability of the compound for possible 
transfer to predators, and thus, little contribution of daphnids to biomagnification of EE2. 
Still, a little amount of untransformed 14C-EE2 was present in the daphnid extracts (chapter 
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3.2.4, Fig. 3.24 and chapter 3.4.3, Fig. 3.40, D). It might concern the fraction that was not 
transformed yet after uptake, or that was reformed by deconjugation of products in the gut. 
Furthermore, parts of the 14C-EE2 observed in the homogenates might have originated 
from sorption to the carapace or might have been present in the water of the brood 
chamber due to exchange with the exposure medium surrounding the adult. The latter 
occurs when the development of offspring is in a late stadium, as was explained above 
(chapter 4.2.1). This was the case since the extracts were obtained from daphnids that did 
not moult and reproduce during two days. Next to ingestion of a little portion of EE2, 
predators will be mainly exposed to its conjugates when consuming daphnids in an EE2 
polluted surface water. It was already mentioned that the consequences of the presence of 
such metabolites in the diet of target organisms were not studied before (chapter 4.2.1). 
Since the formation of conjugates is reversible, it is for example possible that the products 
are deconjugated in the gastrointestinal tract of predators, which might subsequently lead 
to distribution of the parent compound to target organs and result in the induction of 
adverse affects. Hence, food chain transfer of EE2 conjugates was taken into account in 
the present work (chapters 4.4.2, 4.4.3, 4.4.4, and 4.4.5).  
4.2.5 Effects of EE2 and algal transformation products 
All daphnids, both neonates and adults, survived exposure to EE2 at concentrations up to 
1 mg/L for two days. This is in agreement with results of Clubbs and Brooks (2007), who 
determined a mean lethal concentration (96h-LC50) for D. magna of 2.59 mg EE2/L. 
Furthermore, Goto and Hiromi (2003) reported no effect on the swimming activity (mobility, 
i.e. survival) of daphnids, exposed to 1 - 5 mg EE2/L for two days. The latter value even 
approximates the water solubility of the compound (chapter 2.1, Table 2.1).  
Some chronic toxicity studies with D. magna were previously performed to assess possible 
reproductive impairment caused by EE2, a hormone designed to interact with vertebrate 
estrogen receptors, in invertebrate organisms. Background information about this research 
topic was given above (chapter 1.3, chapter 1.3.2; chapter 2.2.2). EE2 was repeatedly 
shown to affect the fecundity of daphnids, but not the other standard endpoints of the 
Daphnia magna reproduction test (OECD, 1998a; 2008), i.e. mortality and the sex ratio of 
produced offspring (Goto and Hiromi, 2003; Clubs and Brooks, 2007; Dietrich et al., 2010). 
In a first study, it was observed that the total number of offspring produced by daphnids 
exposed for 25 days to 100 and 500 µg EE2/L was 75% lower compared to the amount of 
neonates hatched from control organisms (Goto and Hiromi, 2003). A second study shows 
that the sensitivity to the compound decreased transgenerationally (Clubbs and Brooks, 
2007). Here, daphnids were exposed to concentrations between 62.5 and 1000 µg EE2/L 
over 2 generations (F0 and F1). The size of the third brood of F0 mothers was significantly 
smaller at all treatment levels than the one of control organisms. Neonates of the affected 
brood were further used as second generation test organisms. Only at the highest 
concentration, the same effect was observed in the first and second brood of these F1 
daphnids. Other endpoints used in this extensive study were the intrinsic rate of population 
growth, and the vitellin (VT; egg yolk protein comparable to VTG in vertebrates; chapter 
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1.3.1) and ecdysone (chapter 1.3.2) content in F0 and F1 daphnid homogenates. No effects 
could be determined, except for a higher VT content in F0, but not in F1, daphnids from the 
1 mg/L treatment compared to control organisms. Since ecdysone levels were unaffected, 
it was concluded that EE2 did not act through the ecdysone receptor in D. magna. The 
observed toxicity in the tests was consequently supposed to result from non-endocrine-
mediated responses (Clubs and Brooks, 2007). In a further, very recent, chronic study, a 
low EE2 concentration (0.1 ng/L) was applied to daphnids of six successive generations 
(Dietrich et al., 2010). Even for this environmentally realistic EE2 level (chapter 1.2.1, 
Table 1.1), effects on the age of first reproduction, the body length, and again the number 
of offspring of F0 animals were reported. Similar observations were made later on, but only 
in one of the generations, i.e. F4 or F5 (Dietrich et al., 2010).  
Reported LC50 values for other cladocerans (Ceriodaphnia reticulata and Sida crystallina) 
were in the same range as the ones obtained for D. magna mentioned above (Jaser et al., 
2003). Of all endpoints tested in the multigenerational setup included in the latter study, 
only one was significantly affected per species. At concentrations above 100 and 200 µg/L, 
respectively, the juvenile phase of S. crystallina was significantly shorter, and mortality of 
newly hatched C. reticulata was higher compared to controls. In contrast to results of the 
above mentioned investigations with D. magna, no effect on the fecundity of the latter 
species as well as of Ceriodaphnia dubia was observed after chronic exposure to 5 - 500 
µg EE2 /L (Jaser et al., 2003; Jukosky et al., 2008). Altogether, todays available single-
species studies do not reveal consistent responses of cladocerans to EE2. In case a 
negative impact was demonstrated, no causal explanations were given and an endocrine 
modulated mechanism could not be unravelled so far. Furthermore, the organisms seem 
to acclimatize to the compound showing less impairment at later generations. Moreover, 
reported effects to cladocerans mostly involved exposure to higher EE2 levels than those 
detected in surface waters. However, a series of microcosm studies, performed at EE2 
concentrations in the ng/L range suggests that the test compound might reduce the 
abundance of cladocerans and copepods in freshwater ecosystems (Hense et al., 2004; 
2005; 2008; Schramm et al., 2008).  
The results of bioconcentration and biotransformation experiments performed in the frame 
of the present study are in agreement with the fact that EE2 does not induce acute effects 
on D. magna in only water exposure setups. Daphnids were shown to accumulate EE2 
only to a small extent, and to be able to quickly metabolize and eliminate the compound 
(chapter 4.2.1; 4.2.4). Larger amounts of radioactivity were incorporated by daphnids when 
they had algae available, and thus, in the presence of brominated EE2 (chapter 4.2.2; 
4.2.3). It was verified that the algal products did not result in mortality of daphnids, which 
were exposed for two days to concentrations possibly present in the environment, i.e. 
given the worst case that all EE2 available in a water body would be converted to Br-EE2 
or Br2-EE2 (chapter 3.2.5). Levels higher than 1 µM could not be tested, since the amount 
of purified brominated EE2 was limited. As was discussed above, brominated organic 
compounds can be very persistent and toxic, and hence, future tests including higher 
concentrations might be relevant (chapter 4.1.4). In the same chapter, it was stated that it 
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could have been better to select another test organism than D. magna because of its low 
sensitivity to the parent compound. Thereto, it should be mentioned that this implies 
chronic toxicity studies, since reported LC50 values for EE2 to target organisms like fish 
are equally high as those available for crustaceans (Caldwell et al., 2008).  
4.3 Accumulation, metabolism and elimination of 
EE2 by a primary consumer of the sediment 
Chironomus riparius 
According to monitoring data listed in the introduction of the present work, EE2 
concentrations in sediments are a thousand times higher than those in overlying water 
(chapter 1.2.1, Table 1.1 vs. chapter 1.2.2, Table 1.2). Furthermore, it was mentioned that 
the bioavailability of EE2 for benthic organisms and subsequent transfer to their predators 
remain largely unstudied, although EE2 was previously shown to be the main compound 
responsible for the estrogenicity of sediments, which clearly function as a sink for this 
substance (chapter 1.2.2 & 1.2.3). To gain insight in this research topic, accumulation of 
EE2 in sediment-dwelling Chironomus larvae was investigated in the present study. The 
organisms were exposed via the overlying water layer, the sediment, and organic food 
therein, and the distribution of the compound was determined over time. Afterwards, 
uptake of EE2 by the larvae from the different compartments of the sediment-water system 
was assessed and compared. Furthermore, for the first time, the contribution of 
biotransformation and elimination to the overall bioaccumulation of EE2 in chironomids 
was evaluated. These processes might in the end have a large influence on possible food 
web transport of the test compound (and/or its metabolites) to target organisms. C. riparius 
is an important prey of fish and birds in many aquatic ecosystems (chapter 2.2.3), and 
hence, it was a further goal and subject of the present work to examine the consequences 
of ingestion of EE2-exposed larvae for a predator (chapter 4.4.3 & 4.4.5).  
4.3.1 Uptake and elimination 
In a first setup, fourth instar larvae of the midge C. riparius were exposed to 14C-EE2 via 
the water phase in a system further containing only sand, a rather inert material, as 
sediment surrogate. Survival of test and control organisms did not significantly differ, with 
96 ± 7% and 95 ± 5% of the animals alive after 48 h, respectively (data not shown). As 
was intended, only a little or negligible part of the radioactivity was partitioned to the solid 
phase (chapter 3.3.1, Fig. 3.25). Maximal internal concentrations of radioactivity were 
detected 24 h after introducing the larvae to the test solution (chapter 3.3.1, Fig. 3.26, A). 
The total incorporated amount did not increase afterwards, indicating that possible further 
uptake between day one and two was compensated by elimination (chapter 3.3.1, Fig. 
3.25, A). In that time frame, a little, but considerable fraction of the radioactivity was 
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associated with the sand, i.e. the direct environment of the larvae. For that reason, it can 
be assumed that excretion actually occurred during the last day of the uptake phase. If this 
was the case, an equal amount must have simultaneously been internalized, since the 
fractions detected in overlying medium and larvae remained more or less constant 
between time points 24 and 48 h (chapter 3.3.1, Fig. 3.25, A). Similarly, steady state was 
quickly reached, when C. riparius larvae were exposed via the water to benzo[a]pyrene 
and anthracene, i.e. within 8 and 20 h, respectively (Leversee et al., 1982; Gerould et al., 
1983). Uptake of organic chemicals by this test organism from the water phase in the 
absence of a food source or carbon-containing sediment has only been examined to a 
limited extent. In case of bioconcentration of EE2 in benthic organisms, this is the first time 
such data are presented (chapter 1.2.3), mainly with regard to further food chain transfer 
studies with fish (chapter 4.4.3), but also for later comparison of bioaccumulation in the 
test species via water only and in the presence of sediment (chapter 4.3.2). Within two 
days after transfer of 14C-EE2 exposed chironomids to uncontaminated medium, about 
90% of the radioactivity was detected in the water phase (chapter 3.3.1, Fig. 3.25, B). 
Hence, both uptake and elimination by C. riparius larvae were rapid processes.  
By means of a one compartment model, rate constants of 108 L*(kg dw)-1*h-1 (k1) and 
0.053 h-1 (k2) could be determined (chapter 2.9.1; chapter 3.3.1, Fig. 3.26). From these 
parameters, a BCF of 2038 L/kg dw (k1/k2) was derived. According to Harkey et al. (1994), 
the ratio between wet and dry weight of fourth instar C. riparius larvae amounts to 3.5. 
Hence, the k1 and BCF could be recalculated to 31 L*(kg ww)-1*h-1 and 582 L/kg ww, 
respectively. The uptake rate constants of different organochlorines (dichlorodiphenyl-
dichloroethylene, chlorobenzenes, dieldrin and lindane) were a factor 4 to 22 higher than 
the one obtained for EE2 in the present study (Lohner and Collins, 1987). k1 values 
available for polycyclic aromatic hydrocarbons (PAHs) were larger as well, but k2 values 
were in the same range amounting to about 0.06 h-1 (Leversee et al., 1982; Gerould et al., 
1983). This means that compared to that class of highly lipophilic substances, uptake of 
EE2 by chironomid larvae was less efficient, but biotransformation (chapter 4.3.4) and 
excretion of the compound occurred at the same rate. However, in contrast to substances 
of similar hydrophobicity (Log Kow (EE2) = 4.2; chapter 1.2.2), EE2 concentration in the test 
organism was quite high. For example, BCF values of 458 and 900 L/kg on a dry weight 
basis were obtained for pentachlorophenol (Log Kow = 4.2; Lydy et al., 1994) and tributyltin 
(TBT; Log Kow = 4.1; Looser et al., 2000), respectively. It should be mentioned though, that 
in case of TBT, the compound was efficiently metabolized by the larvae, and the BCF was 
calculated from the concentrations of the parent compound in the water and the larvae 
(Looser et al., 2000). In the present study, the value was based on the total amount of 
incorporated radioactivity, which was shown to consist completely of EE2 products in 24 h-
exposed C. riparius (chapter 3.3.4, Fig. 3.33, A), as will be discussed below (chapter 
4.3.4). At least one of the metabolites was shown to be a conjugate of EE2 (with 
glucuronic acid; chapter 3.3.4, Fig. 3.33, B), which might be hydrolyzed in larvae-
consuming target organisms. Hence, they were taken into account in the present work for 
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the same reasons, which were inserted above as a remark to the uptake test with 
daphnids (chapter 4.2.1).  
Due to efficient biotransformation of for example PAHs in chironomids, BCFs based on 
total radioactivity are often higher than would be obtained considering accumulation of the 
parent compound only (Leversee et al., 1982; Gerould et al., 1983). Reported values for 
benzo[a]pyrene and anthracene in the latter studies, for instance, amounted to 650 and 
1860 L/kg ww including metabolites. Chemical analysis of larvae extracts, however, 
revealed that benzo[a]pyrene actually concentrated to a higher extent in the organisms 
than anthracene with BCFs of 200 and 50 L/kg ww, respectively. From the above 
mentioned value of 582 L/kg ww, it can be derived that EE2 products were concentrated in 
C. riparius to a similar extent as benzo[a]pyrene and its metabolites, but in contrast to the 
latter compound, EE2 did not accumulate in the larvae at all.  
Biotransformation of the test substance might also explain why measured internal 
concentrations deviated from the plotted one compartment model at the beginning of the 
uptake phase (4 h; chapter 3.3.1, Fig. 3.26, A). In case the products were not 
enzymatically cleaved at the end of the gastrointestinal tract (chapter 4.3.4), the k2 value 
concerns excretion of (one of) the EE2 conjugates by the larvae and not of the parent 
compound itself. As was already mentioned, k2 was determined measuring the remaining 
radioactivity over time in 24 h-exposed organisms after they were transferred to clear 
water and contained hydrophilic EE2 products only. At the beginning of the uptake period, 
the metabolites were still to be formed. Calculations with the model on the other hand 
included the large k2 at all time points assuming 100% availability of the product(s). 
Therefore, the radioactivity content in the larvae was always estimated from the case 
where these compounds were excreted, possibly after being deconjugated (chapter 4.3.4). 
However, after 4 h of exposure, these metabolites might not have been present at all, or 
EE2 transformation in the organisms might not have been completed yet, which might 
explain the observed underestimation of the incorporated amount at that time point. 
Because of a similar deviation between the plotted one-compartment model and data of 
early sampling, originating from experiments dedicated to p353-NP concentration in D. 
magna, a pseudo two-compartment model was developed by Preuss et al. (2008), in 
which metabolism and elimination were described by two rate constants. This was beyond 
the frame of the present work, since EE2 products were involved in the interpretation of 
accumulation tests. The obtained equilibrium between the amount of radioactivity in the 
water and the larvae allowed validation of the BCF derived from the one-compartment 
model (chapter 3.3.1).  
It was already mentioned above that no other bioconcentration studies are available, in 
which EE2 was applied to endobenthic invertebrates in the absence of organic matter. 
However, probably contemporaneously to the present work with C. riparius, Dussault et al. 
(2009) exposed freshly hatched larvae of the closely related midge C. tentans for 21 days 
to different water EE2 concentrations (0.02 - 3.1 mg /L). In order to guarantee survival over 
the long-term course of the test, the authors daily administered 6 mg of uncontaminated 
fish food in suspension to the overlying medium. At the end of the experiment, BAFs were 
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determined as the EE2 content in the larvae divided by the actual water concentration, 
without assurance that steady state was reached. Reported values ranged between 18 
and 31 L/kg dw, except for a higher value obtained after exposure to ca. 0.6 mg EE2/L, i.e. 
215 L/kg dw (Dussault et al., 2009). These BAFs are substantially lower than the BCF of 
2038 L/kg dw derived in the present study. Besides the fact that a different species was 
tested, comparability might be limited by both the different technique used for chemical 
analysis and the feeding regime. Dussault et al. (2009) discussed possible conjugation of 
EE2 by chironomids, and addressed the need for further research on this topic, but used 
an EE2 selective method for quantification and did not analyze metabolites. It is also 
possible that the addition of external uncontaminated food to the overlying water, which 
was not performed in our short-term experiment, led to lower internal concentrations in the 
larvae and higher EE2 contents in the water, i.e. to lower BAFs (CB/CW), than would be 
obtained in an experiment with C. tentans using the test setup applied here (sand only; 
chapter 2.5.1). Thereto, it should be mentioned that both designs are unrealistic since 
neither completely clean food will be deposited on the sediment in a polluted aquatic 
environment nor will a chironomid population exist in the absence of food. The fact that 
chironomids selectively feed on the supplied uncontaminated food (e.g. TetraMin®) in 
Sediment-Water Chironomid Toxicity Tests (chapter 2.2.3; OECD, 2004b,c), which might 
mask the effects of contaminants, has repeatedly been shown (Ristola, 1995; Lacey et al., 
1999; Akerblom and Goedkoop, 2003; Forbes and Cold, 2005; Jungmann et al., 2009). 
This topic will be subject of the discussion of bioaccumulation experiments with a more 
realistic exposure design (chapter 2.5.2; 2.5.3), in which sediments were a part of the test 
system (chapter 4.3.2; 4.3.3). In the absence of sediment, one would expect that addition 
of food to EE2 contaminated water would lead to higher uptake by the larvae, due to 
distribution of the compound to the diet, which may then represent an extra source of 
exposure. This was suggested by Dussault et al. (2009), but not quantified. In that case, 
however, the reported BAFs of EE2 for C. tentans would even overestimate the BCF. 
From an additional experiment performed with C. riparius (data not shown), it was derived 
that the presence of food in the overlying water, which did not contain another organic 
substrate, reduced the bioavailability of EE2. In separate tests, algae and TetraMin® were 
applied to the larvae. At all sampling times, less radioactivity was taken up by the animals 
of both setups as in the uptake experiment with sand although an equal amount of 14C-
EE2 was initially spiked to the medium. Large amounts of EE2 were associated with 
suspended algae cells, which was conform to results of previously discussed bio-
concentration examinations with D. subspicatus (chapter 4.1.1). Furthermore, it was 
observed that the fish food (TetraMin®), also used by Dussault et al. (2009), inevitably 
partly dissolved, and thus, remained in the water phase. A large fraction of the compound 
was detected in the medium, most probably due to sorption of EE2 to this dissolved 
organic matter, a topic addressed before (chapter 1.2.2). This fraction might have been 
inaccessible for the midge larvae. Moreover, the availability of freely dissolved EE2 was 
shown to be lessened by binding of the compound to excess food, i.e. suspended and 
deposited particles which remained unconsumed by the organisms. These leftovers 
represent an organic substrate. This might also have resulted in quicker excretion of 
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radioactivity by the larvae, since it was previously shown that elimination of organic 
compounds by chironomids is enhanced in the presence of sediment (Leversee et al., 
1982; Lydy et al., 1992), as will be further discussed below (chapter 4.3.2). All these 
reflections were made to support the statement posed above that external feeding might 
lead to lower body burdens than would be obtained in a water-only system, which might 
explain the rather low BAFs of EE2 for C. tentans derived by Dussault et al. (2009) 
compared to our BCF for C. riparius.  
This example clearly shows that application of food might not only confound the output of 
toxicity tests. Since addition of organic material causes alterations in the bioavailability of a 
compound, the feeding regime should of course also be considered when comparing data 
of different bioaccumulation experiments. The extent of the influence of providing a diet 
might depend on a large series of factors, like the nature of the food source, the amount of 
surplus food given to the organism, its ingestion rate and gut passage time, and the 
desorption efficiency of the chemical from food in the gut. These parameters will be further 
considered below in the true bioavailability (chapter 4.3.2) and bioaccumulation (chapter 
4.3.3) studies of the present work. To summarize this bioconcentration section, EE2 was 
shown to be largely taken up from the water phase (and metabolized) by C. riparius larvae. 
The BCF of this endobenthic organism was clearly higher compared to the one previously 
derived for the filter-feeding lentic invertebrate D. magna (chapter 4.2.1), exposed to the 
same EE2 concentration under the same conditions.  
4.3.2 Distribution of 14C-EE2 in a sediment-water system 
It was shown that the presence of sediment lowers the bioavailability of EE2 to C. riparius 
(chapter 3.3.2). Whereas about 16% of the radioactivity was detected in the larvae after 
one day of water exposure in the absence of formulated sediment (chapter 3.3.1, Fig. 
3.25, A), only 2.3 and 0.3% were associated with the organisms of a sediment-water 
system within 24 h after water and sediment spiking, respectively (chapter 3.3.2, Fig. 3.27, 
A and B). Since the total amount of applied radioactivity was similar in all setups, the same 
conclusion could be drawn from the comparison of the internal concentrations measured in 
chironomids of the different scenarios. Clearly higher contents were detected in larvae, 
which were introduced in spiked medium, than in those exposed via the sediment (chapter 
3.3.1, Fig. 3.26, A vs. chapter 3.3.2, Fig. 3.28 A vs. B). The fraction of radioactivity present 
in the water phase was correspondingly lower, and in case 14C-EE2 was initially applied to 
the sediment, only about 5% was distributed to the overlying water over time (chapter 
3.3.2, Fig. 3.27). According to these results, it can be supposed that only the freely 
dissolved part of the test compound was available for the organisms, which will be further 
discussed below. Anyway, it is obvious that exposure via the water column will result in 
accumulation of relatively more EE2 in C. riparius than its presence in the sediment. The 
latter finding is in agreement with the results of the above mentioned recent similar study 
concerning bioaccumulation of EE2 in larvae of C. tentans (Dussault et al., 2009). From 
their investigations, it was also derived that EE2 sorbed to sediment was considerably less 
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bioavailable to benthic organisms (C. tentans and Hyalella azteca) than EE2 dissolved in 
water.   
The tendency of EE2 to move to the solid phase was clearly demonstrated by its quick 
partitioning to the sediment and suspended material after water spiking (chapter 3.3.2, Fig. 
3.27, A and Fig. 3.29, A). 90% of the radioactivity present in the sediment after three days, 
was found in the top layer of this compartment (chapter 3.3.2, Fig. 3.30, A). Since this is 
the part of the system where they dwell, the larvae were largely exposed to the test 
compound. Together with the observed low uptake by sediment-exposed larvae, this 
reaffirms that EE2 associated to solids was almost not available for the organisms. After 
separation of the different sediment constituents using a drastic methodology (chapter 
2.5.2), practically all radioactivity was detected in the peat fraction (90%; chapter 3.3.1, 
Fig. 3.30, B). Therefore, it can be concluded that EE2 preferentially and strongly binds to 
the organic phase, which comprised only 5% of the total sediment dry mass. From the 
remaining 10% of radioactivity detected in the sediment, 8% was associated with kaolin, 
the second smallest sediment constituent (20% on dry mass). Uptake of EE2 by kaolin 
clay in suspension was previously quantified and was lower than 20%, and both sorption 
and desorption of the compound to the external surface of the mineral were shown to be 
rapid (Shareef et al., 2006). This implies that the fraction of EE2 distributed to kaolin might 
have been underestimated due to repartitioning of the compound from the clay mineral to 
clear water, which was added to separate the sediment constituents. If it was assumed 
that all radioactivity detected in that fresh medium was initially sorbed to kaolin clay, and 
that desorption of the test compound from peat was negligible, the percentages of EE2 
associated to sand, kaolin clay, and peat could be recalculated to 2, 18, and 80%, 
respectively (data not shown). It was described in the introduction (chapter 1.2.2) that 
sorption of EE2 to sediments has been shown to be positively correlated to the organic 
carbon (OC) content (e.g. Lai et al., 2000) and/or to the mass fraction of small particles 
(Holthaus et al., 2002). However, no former studies are available, in which the distribution 
of EE2 to clay, silt and sand were quantified. The results of the present study clearly show 
that a larger fraction of the compound, initially spiked to the overlying water, was 
associated with the fine organic phase of the sediment than with small clay particles, which 
is even more obvious when taking the mass proportions of peat and kaolin into account. A 
similar partitioning of the radioactivity over the different constituents was obtained after 
sediment spiking (>90% associated with peat), where 14C-EE2 was initially applied to the 
sand (data not shown). It should be mentioned that other clay materials than the one 
provided in the standard artificial OECD sediment might be more attractive sorbents, as 
was for example reported after comparing the sorption kinetics of EE2 to montmorillonite 
and to kaolinite (Holthaus et al., 2002; Shareef et al., 2006). 
By now, little research has been performed on the distribution of organic compounds in 
sediment-water systems serving as a habitat for chironomid larvae, in which the substance 
is applied to the medium, in other words using the spiking strategy of OECD guideline 219 
(OECD, 2004c). One study available deals with the bioavailability of lindane (Log Kow = 
3.85), a compound of slightly lower hydrophobicity than EE2 (Goedkoop and Peterson, 
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2003). The presented results are in agreement with those of this study. Most water spiked 
14C-lindane was associated with sediment particles at the end of the exposure period (30 
days). Moreover, relatively more radioactivity was detected in the sediment (up to 60% of 
the initially added 14C-lindane) and less in the overlying water (2 - 16%) when the solid 
phase contained more organic material (10, 20 or 40%) and less organisms (2000, 6000 or 
18.000 individuals/m²) (Goedkoop and Peterson, 2003). Mass balances of 14C-lindane 
were not complete. It was suggested by the authors that large amounts of the compound 
were lost due to volatilization. In preliminary experiments using flow through systems that 
consisted of one bottle containing the larvae-sediment-water system connected to further 
gas wash flasks amongst which a trap for volatile compounds and one for 14C-CO2, it was 
assured that 14C-EE2 was neither volatilized nor mineralized within the exposure duration 
(data not shown). This finding is supported by the results of a 35 days study with a similar 
setup, in which bioaccumulation of 14C-EE2 in the blackworm L. variegatus was examined 
(Liebig et al., 2005), and confirmed in each single experiment of the present work 
(independent of the test organism), since the sum of recovered radioactivity was always 
around 100%. It was reported that uptake of water spiked 14C-lindane by C. riparius was 
little (<0.5%), but that its fate was affected by the burrowing and feeding activity of the 
larvae (Goedkoop and Peterson, 2003). From the inverse relationship between larval 
density and partitioning of the compound to the sediment, it was derived that bioturbation 
led to remobilization of particle-associated test compound to the interstitial and overlying 
water, thereby increasing the bioavailability of lindane. Up to 2% and maximal 0.8% of the 
initially added amount of lindane were detected in the pore water at 18.000 and 2000 
individuals/m², respectively (Goedkoop and Peterson, 2003). Since the larval density in our 
experiment with EE2 was high (10 larvae/(0.0178*0.0178* m²) = ca. 10.000 larvae/m²), it 
can be assumed that the organisms largely reworked the sediment and that a possible 
influence of the larval activity on release of the test compound from the sediment should 
have become measurable. Still, irrespective of the compartment the compound was 
initially applied to, and the sampling time, negligible amounts of radioactivity were detected 
in interstitial water (<0.4%; chapter 3.3.2, Fig. 3.27). Hence, the larvae were not 
considerably exposed via the latter compartment. This is in agreement with the observed 
low uptake of radioactivity by the organisms in the presence of sediment (chapter 3.3.2, 
Fig. 3.28) since, according to the bioconcentration test, exposure via water would have led 
to high internal concentrations (chapter 4.3.1). In only one recent field monitoring study 
measurements of EE2 in pore water from sediments of Xiamen Bay, China, were included 
(Zhang et al., 2009). Where the compound was detected in both the sediment and its 
interstitial water, concentrations in the solid phase (940 - 2180 ng/kg) were several 
thousand times higher than in pore water (0.1 - 1.0 ng/L) (Zhang et al., 2009). Till now, no 
data were available on the role of interstitial water on accumulation of EE2 in benthic 
organisms. From the results of the present study and the one of Zhang et al. (2009), it can 
be extracted that the estrogen will only be scarcely distributed to the pore water of 
sediments in polluted aquatic ecosystems. Hence, it seems that the influence of this 
compartment on the bioavailability of EE2 will be little. 
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Besides clear distribution of 14C-EE2 to the organic phase of the sediment, the compound 
was shown to be quickly sorbed to solids in its direct environment. In particular shortly 
after application of the compound to the water phase, the concentrations of radioactivity 
associated with particles, present in the medium, were extremely high (chapter 3.3.2, Fig. 
3.29, A). This implies that dispersed organic material and (re)suspended sediment might 
act as scavengers for EE2 in aquatic ecosystems. A similar role has already been 
assigned to phytoplankton since water spiking was shown to result in rapid partitioning of 
the compound to algal cells, as was discussed above (chapter 4.1.1). These findings 
indicate that consumption of highly EE2-contaminated algae or particles by predators, 
such as herbivore or detrivore fish, might present another important exposure route of the 
synthetic estrogen to target organisms. In our experiments, the total mass of suspended 
sediment was low, and hence, the total fraction of radioactivity associated with these solids 
was little, i.e. relative to the proportion in the whole sediment (chapter 3.3.2, Fig. 3.27). 
However, as was already mentioned in the introduction (chapter 1.2.2), colloidal material 
might be abundant in natural aquatic systems, and might therefore have a great influence 
on the fate and transport of hydrophobic organic chemicals. For EE2, it was recently 
estimated that more than 20% of the compound present in river Ouse, UK, was associated 
with colloids (Zhou et al., 2007). Next to clear distribution of water spiked EE2 to sediment 
and suspended solids, it was observed that the radioactivity concentration in the latter both 
solid phases was similar and remained more or less constant over time after application of 
the compound to the sediment (chapter 3.3.2, Fig. 3.29, B). Hence, it seems that particle-
bound EE2 did not substantially desorb, even when the complex moved from the sediment 
to the water phase. It is therefore plausible that in both the water and sediment spiking 
tests, a large part of the radioactivity allocated to the overlying medium was not actually 
freely dissolved, but was associated to dissolved sediment material. The fact that at least a 
part of the kaolin was still present in the filtrate after separation of suspended solids from 
the medium was visible because of its white colour. The conjecture that little 14C-EE2 was 
available in the liquid phase, is reinforced by the very low concentrations detected in pore 
water, even after sediment spiking. However, it remains to be clarified how much of the 
test compound was freely dissolved, since this fraction was not determined. Furthermore, 
it is unclear whether EE2 associated with dissolved material, dispersed particles or (peat in 
the) sediment was taken up by the chironomid larvae. It was already stated before that 
despite of the many reports showing the high affinity of waterborne EE2 to solid material, 
the consequences for its bioavailability remain largely unstudied (chapter 1.2.2). It has 
been shown that TBT associated with dissolved organic carbon (humic acids) was not 
available for C. riparius (Looser et al., 2000). Furthermore, it was described above that the 
presence of excess food in the overlying water led to lower accumulation of 14C-EE2 in 
chironomid larvae than concentration from the medium only, due to sorption of the 
compound to the dissolved or suspended organic food source (chapter 4.3.1). Possible 
dietary ingestion of sediment particles will be further discussed below. From the combined 
results of different tests performed in the frame of the present study, it is obvious though 
that binding of EE2 to solid phases in a sediment-water system strongly reduced the 
bioavailability of the compound.  
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At some time point between 24 and 48 h after sediment spiking, equilibrium was reached 
in the system and the radioactivity content of the water (CW), sediment (CS) and biota (CB) 
remained constant till the end of the experiment (CW: 3.4 Bq/mL, CS: 0.29 Bq/mg dw, CB: 
0.75 Bq/mg dw; chapter 3.3.2, Fig. 3.27, B & Fig. 3.28, B & Fig. 3.29, B). Hence, the 
concentration in the medium amounted to 3.4 Bq/mL for at least 24 h (between day two 
and day three of the test). In this time period, exposure via the water only would have led 
to an internal concentration in the larvae of 5 Bq/mg dw, according to the equation derived 
from uptake and elimination experiments (CB=CW/1000*108/0.053*(1-e-0.053*time); chapter 
3.3.1, Fig. 3.26, A). The measured CB, however, was considerably lower (0.75 Bq/mg dw). 
This indicates that the sediment does not only reduce the bioavailability of EE2, but also 
protects the larvae from uptake via the overlying water. As was suggested above, this 
might be due to complexation of the compound with dissolved sediment material. Besides, 
it is possible that the larvae eliminated the radioactivity more rapidly in the presence of 
sediment than was the case when sand was used as surrogate. Leversee et al. (1982) 
found that benzo[a]pyrene was substantially quicker depurated by C. riparius larvae when 
they had substrate available than when they were transferred to uncontaminated water 
without substrate. In addition, elimination of different lipophilic compounds by this species 
was previously shown to take place at higher rates with larger sediment OC contents (Lydy 
et al., 1992). In the present bioavailability tests with artificial sediment (2% OC), excretion 
of the compound occurred to a higher extent (chapter 3.3.2, Fig. 3.28) than observed in 
the uptake experiment with sand (chapter 3.3.1, Fig. 3.26, A). Indeed, the concentration in 
the larvae was significantly lower at the end (0.75 Bq/mg dw) than after 24 h (1.9 Bq/mg 
dw; chapter 3.3.2, Fig. 3.28, B), whereas the water content increased over time. As CW 
was low at the beginning of this sediment spiking setup and CB quickly reached a 
maximum, it cannot be excluded that initial exposure via the sediment was at least partly 
involved in the uptake of little amounts of radioactivity by the organisms. In contrast to the 
present study, Dussault et al. (2009) found higher EE2 concentrations in sediment 
exposed C. tentans than they could estimate from bioaccumulation data of only-water 
setups, which were described above (chapter 4.3.1). Conform to those water spiking tests, 
first instar larvae were exposed to sediment containing 1.5 µg EE2/g dw for 21 days and 
supplied with fish food once per day. At the end of the experiment, 7 µg EE2/L was 
detected in the medium and 1.2 µg EE2/g dw was measured in the larvae. It was derived 
from the water application test series that exposure to 7 µg EE2/L would have resulted in a 
tissue concentration of only 0.07 µg EE2-equivalent/g larvae dw, and thus, to only 6% of 
the measured body burden. Therefore, 94% of the EE2 intake was allocated to uptake 
from the sediment (Dussault et al., 2009). It should be mentioned that contrary to the 
present experiment, possible products of EE2 formed by the organisms were not added to 
the body burden and that the bioavailability of the compound was likely to be influenced by 
the presence of food particles. Since in the present study, CB was lower than could be 
expected from EE2 concentration via water only at the measured CW (and not the other 
way around), a similar estimation of a possible contribution of sediment to bioaccumulation 
of the compound in C. riparius was hindered. The fact that relatively more radioactivity was 
detected in larvae of the next bioaccumulation experiment (chapter 4.3.3), where a part of 
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the peat was replaced by an organic food source, points out, however, that dietary intake 
should not be neglected.  
Egestion rates of C. riparius larvae were previously determined by weighing faecal pellets 
and used as an indication of the feeding activity, i.e. the ingestion rate, as it is known that 
this species assimilates only a few percent of its food. Reported values amounted to 0.05 - 
0.15 mg faeces dw/mg larval dw/h (Leppanen et al., 1998). Dietary uptake of EE2 can then 
be estimated by multiplying the egestion rate, expressed in mg sediment dw/mg larval 
dw/h, with the larval dry weight and the sediment concentration. The individuals of the 
present sediment spiking experiment had an average dry weight of 1 mg. With a CS of 0.29 
Bq/mg sediment dw, it can be calculated that the larvae incorporated 0.35 - 1.04 Bq per 
day by sediment ingestion. Since the measured 24 h CB was higher, amounting to 1.9 
Bq/mg larval dw, accumulation in the organisms might have been a result of combined 
uptake of EE2 via consumption of solids, concentration of the compound from the 
sediment due to close contact, and exposure to the part released from the solid phase to 
the water. Some additional considerations should, however, be taken into account. 
Chironomid larvae are mainly deposit feeders, also known to selectively ingest small 
organic-rich particles from sediments (Lacey et al., 1999). It can therefore be supposed 
that the organisms selectively fed on peat, and did neither ingest the clay mineral kaolin 
nor the large sand particles. Hence, much higher internal concentrations are obtained 
when repeating the calculations conducted above using reported ingestion rates and 
assuming consumption of peat only. Thereto, the radioactivity content of the peat can be 
derived by dividing CS by the peat mass fraction (5%) and multiplying the result by the 
radioactivity fraction associated with the peat (90%). If intake via the food would have been 
the only uptake route and if the larvae would have restricted their diet to peat, an average 
CB of 6.26 - 18.79 Bq/mg larvae dw would have been expected after one day. In contrast 
to the results obtained above, when calculating with the radioactivity content of the whole 
sediment, these values are higher than the measured 24 h CB of 1.9 Bq/mg larvae dw. 
Hence, it can be extracted that either dietary uptake was negligible or that the rate of 
feeding on peat was much lower. Both hypotheses might be true. Since fourth instar larvae 
were used in the experiments, they might have been in the prepupal stage. In this 
development stadium, chironomids are known to stop feeding (Leppanen et al., 1998). It is 
however unlikely that this stage was already reached after the first 24 h of the test, since 
neither pupae nor larvae with prepupal characteristics (swollen thoracic segments) were 
found at that sampling time. Moreover, no larvae had pupated after 72 h. Therefore, it 
seems that feeding on peat occurred at a smaller rate than the reported feeding activities 
of Leppanen et al. (1998). This is possible since egestion was investigated in the latter 
study using natural sediments with larger OC contents (ca. 10%) compared to the artificial 
sediment introduced here (ca. 2%). As was mentioned above, elimination is quicker when 
more organic carbon is available in the solid phase. Besides, it is known that both 
sediment organic matter quantity and quality may influence the growth of chironomid 
larvae (Lacey et al., 1999), and thus most probably the dietary uptake rate. Furthermore, it 
was repeatedly shown in experiments with midges that pulverized peat has a low 
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nutritional value (Lacey et al., 1999; Akerblom and Goedkoop, 2003). Since peat is not a 
favoured food source of C. riparius, it might indeed have been ingested to a lower extent. 
The dry weight content of the gut was monitored over time by Bervoets et al. (2003), after 
introducing starved larvae of this test species to sediment with 0.62% OC. A linear 
increase in the gut content was observed during one day. Afterwards, ingestion and 
egestion occurred at a similar rate and the gut content remained constant, amounting to 
325 µg sediment dw/mg larvae dw (Bervoets et al., 2003). From this value, a sediment 
ingestion rate of 0.014 mg sediment dw/mg larval dw/h can be derived valid at least for the 
first 24 h. Since the larvae were also starved in advance of the present test and added to 
sediment with a rather low OC content (chapter 2.5.2), the calculations performed above 
can be conducted with this lower ingestion rate. The CS amounted to 0.32 Bq/mg sediment 
dw directly after spiking (CS(t=0 h); chapter 3.3.2, Fig. 3.29, B). Assuming again that only 
peat (5% of the total sediment mass) was consumed by the organisms and that 90% of the 
radioactivity was quickly distributed to this organic material, an internal concentration (CB) 
of 1.9 Bq/mg larval dw after 24 h can be determined (0.014 mg peat dw/mg larval dw/h * 
24 h * 0.32 Bq/mg sediment dw * 90% / 0.05 mg peat dw/mg sediment dw). This value 
corresponds exactly to the measured 24 h CB. According to this result, dietary ingestion 
would have been the only uptake route. Hence, it is possible that water exposure did not 
play a role after sediment spiking of EE2 and can be ruled out. However, this remains to 
be investigated, since the true ingestion rate was not measured in the present study.   
Supposing that the source of 14C-EE2 in the larvae was the sediment only, and neglecting 
possible uptake via the water phase due to distribution of radioactivity from the spiked 
sediment to the overlying medium, a biota-sediment accumulation factor (BSAF: CB/CS: 
(0.75 Bq/mg larval dw)/(0.29 Bq/mg sediment dw)) of 2.6 based on dry weight could be 
determined due to the observed steady state (chapter 3.3.2). Since this value is larger 
than one, it can be concluded that accumulation from the sediment in the larvae took 
place. However, divided by the above mentioned factor for the conversion of dry to wet 
weight (3.5; chapter 4.3.1; Harkey et al., 1994), the BSAF amounted to only 0.74, 
expressed on organism wet mass. The sediment wet weight was 1.4 times its dry weight, 
and hence, the BSAF was slightly higher than one, based on wet weight as well. Because 
the larvae preferentially feed on organic matter, it makes more sense to express the BSAF 
on sediment OC content, which amounted to 2% of total sediment dry weight. Moreover, 
accumulation factors are often normalized to the lipid content of the organisms (Liebig et 
al., 2005). Fourth instar C. riparius larvae contain about 3.4% of their dry weight in lipids 
(Harkey et al., 1994). Hence, the BSAF of 2.6 on dry weight can be converted to 1.5 mg 
OC/mg larval lipids. The BCF obtained above (2038 L/kg dw; chapter 4.3.1) was about 800 
times higher than the corresponding BSAF (2.6; dry weight based). This reconfirms that 
water only exposure leads to higher internal concentrations in C. riparius. Therefore, it can 
be expected that bioaccumulation of EE2 in chironomid larvae will be larger in aquatic 
systems with sandy sediments containing little organic material. Furthermore, these 
organisms will especially be subjected to EE2 exposure, when little food is available in the 
sediment, i.e. when they leave their protective cases, to search for food in the water 
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column (chapter 2.2.3). Nevertheless, exposure via the sediment should be considered 
since reported EE2 concentrations in sediments are much higher than those measured in 
surface water bodies (chapter 1.2.1, Table 1.1 vs. chapter 1.2.2, Table 1.2). The solid-
water partitioning coefficient (KD or KOC) of a compound can be determined from its 
contents in water and sediment at equilibrium (chapter 1.2.2; CS/CW = KD = KOC * fOC = 
(0.29 Bq/mg sediment dw)/(3.4 Bq/mL) = 85 L/kg = 4265 L/kg * 0.02). Hence, a Log KOC 
for EE2 of 3.6 was derived from the present sediment spiking experiment. This result is in 
agreement with reported Log KOC values for sorption of EE2 to freshwater sediments (3.2 
to 4.0), which were listed in the introduction of the present work (chapter 1.2.2). An equal 
Log KOC for EE2 (3.6) was also determined after monitoring EE2 concentrations in water 
and sediments (with OC contents between 0.5 and 3.9%) of the Xiamen Bay in China 
(Zhang et al., 2009). A realistic concentration of EE2 in surface water would be 1 ng/L 
(chapter 1.2.1, Table 1.1). If the sediment of this water body would consist of sand only, 
the content in the larvae could be estimated from the BCF, resulting in a CB of 2 µg EE2-
equivalent/kg larval dw (= CW * BCF = 1 ng/L * 2038 L/kg dw). With a sediment organic 
carbon content of 2%, a sediment EE2 content CS of 85 ng/kg dw would be expected 
according to the above derived KD (CS = KD * CW = 85 L/kg sediment dw * 1 ng/L). Using 
the above derived BSAF, CB would then amount to 0.2 µg EE2-equivalent/kg larval dw  
(= CS * BSAF). Thus, even though the BCF of EE2 is 800 times higher than its BSAF, the 
body burden of sediment exposed chironomid larvae is estimated to be only ten times 
lower than the one of water exposed organisms. It can be calculated, using the same 
equations, that at an OC content (from peat) higher than 18% (fOC), accumulation from 
sediment would result in a higher CB than concentration from water at a CW of 1 ng EE2/L. 
In this case, CS would amount to 769 ng EE2/kg sediment dw, a concentration previously 
detected in environmental sediments (chapter 1.2.2, Table 1.2). Monitoring data of water 
and sediments of the same aquatic ecosystem show that CS can be up to 1200 times 
higher than CW (chapter 1.2.2, Table 1.2; Pojana et al., 2007). Depending on the relative 
amount and nature of organic matter present in the sediment, accumulation of EE2 by C. 
riparius larvae from the solid phase might vary. When the OC content of the sediment is 
high, internal concentrations due to dietary uptake might even exceed the ones expected 
from water only exposure. Further on, it will be illustrated that the BSAF was larger, when 
the nutritional quality of the sediment was higher (chapter 4.3.3). 
As was mentioned in the introduction (chapter 1.2.3), only two other studies recently 
presented BSAF values for the accumulation of EE2 in benthic organisms after sediment 
spiking. Dussault et al. (2009) reported BSAFs (21 day-CB/CS) of 0.8 and 0.3 based on dry 
weight of both biota and sediment (1.9% OC) for accumulation of EE2 in C. tentans and H. 
azteca, respectively. A respective 35 day-value of 254 was obtained by Liebig et al. (2005) 
after measuring uptake of 14C-EE2 from the sediment by L. variegatus. By extrapolation of 
the accumulation curve to steady state, the authors calculated the BSAF, which amounted 
to 646 (on dw) (Liebig et al., 2005). 
The BSAF for C. tentans was thus about three times lower than the BSAF determined here 
for a midge of similar size, i.e. C. riparius (2.6). It is stressed again that compared to the 
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present study using total radioactivity measurements, the results of Dussault et al. (2009) 
were based on EE2 selective analytics. This implies that when the metabolic products 
would have been included, larger values would possibly have been obtained for C. tentans 
and H. azteca as well. As was repeatedly stated above (chapter 4.2.1; 4.3.1), these 
biologically inactive conjugates might be reconverted to active EE2 in predators, which 
might then result in secondary poisoning of organisms at higher trophic levels. Indeed, it 
was shown that consumption of a diet consisting of chironomid larvae, which did not 
contain the parent compound, just metabolites (chapter 3.3.4, Fig. 3.33, A), led to 
induction of estrogenic effects in zebrafish (chapter 3.4.5, Fig. 3.42), which is discussed 
below (chapter 4.4.5). The fact that Dussault et al. (2009) obtained a smaller BSAF than 
we did might also be (partially) due to the difference in feeding regime. It was already 
mentioned (chapter 4.3.1) that whereas C. riparius larvae were not additionally fed in the 
present experiment, Dussault et al. (2009) daily administered food to C. tentans larvae. 
Since it was shown in both studies that little EE2 was distributed to the water phase after 
sediment spiking (85*CW = CS = 90 µg EE2/kg, chapter 2.5.2 & 3.3.2; 200*CW = CS = 1500 
µg EE2/kg, Dussault et al., 2009), it can be assumed that the organic food source supplied 
to the overlying medium remained rather uncontaminated, i.e. compared to the sediment 
and particles that moved to the overlying water. Akerblom and Goedkoop (2003) pointed 
out that C. riparius larvae strongly prefer added food compared to artificial OECD 
sediment. 94% of the carbon and 90% of the nitrogen content in the larvae was attributed 
to consumption of organic fish food (TetraPhyll®, which is similar to TetraMin®). Their 
results also show that the organic fraction of the artificial sediment (peat) contains little 
nitrogen and lacks fatty acids important for growth and development (Akerblom and 
Goedkoop, 2003). According to these findings, selective feeding by C. tentans larvae on 
the supplied uncontaminated food source in the study of Dussault et al. (2009) is likely, 
and might add to the reasons why the authors obtained a lower BSAF for EE2 than the 
one determined in the present study using artificial sediment only. Ingestion of particles to 
which no or little EE2 was associated might have resulted in lower body burdens due to 
enhanced elimination of internalized compound and decreased consumption of 
contaminated sediment particles. Furthermore, as was also stated above, elimination of 
hydrophobic organic chemicals by chironomids is also known to be quicker when more 
organic carbon is present in the sediment (Lydy et al., 1992), which is the case when food 
is added in excess and deposits on the bottom.  
The discussion of external feeding of chironomid larvae in long-term toxicity tests already 
knows a long history. Although administration of food is a prerequisite for normal larval 
development and to avoid false-positive results, if the standardized OECD sediment is 
used (Akerblom and Goedkoop, 2003; OECD, 2004b,c), it might also mask adverse effects 
of toxicants when the sediment is spiked. The opposite might occur after water spiking, 
since food particles may have a carrier function for the test contaminant. However, 
depending on the physical chemical properties of the water applied compound, and on the 
amount of surplus food left in the system, introducing an external clean diet might also 
lower its bioavailability. As was described above, this was for example suggested as one 
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of the reasons for the large difference between the 21 day-BAFs of EE2 derived by 
Dussault et al. (2009) and the BCF derived in the present study (chapter 4.3.1). Also after 
sediment spiking, both effects of additional feeding were observed. For example, C. 
riparius was shown to accumulate more 14C-(benzo[a])pyrene, but less 14C-chrysene from 
the sediment when food was applied to the overlying medium compared to unfed control 
organisms (Harkey et al., 1994).  
It has now extensively been discussed that addition of external food influences the uptake 
routes of contaminants by chironomid larvae due to the preferential feeding behaviour of 
these organisms. This is why this strategy was neither used in the present experiment nor 
in further bioaccumulation studies (chapter 4.3.3). Here, renouncing food application was 
possible because of the short duration of the test. In long-term experiments, like the study 
of Dussault et al. (2009), the organic fraction of the artificial OECD sediment would not be 
sufficient to avoid effects on larval condition and survival. It is obvious that care should be 
taken when comparing results of chironomid bioconcentration and -accumulation studies 
of different reports. Even less resemblance is of course to be expected between benthic 
species of diverse genera that have a completely different feeding behaviour, like the ones 
whose EE2 accumulation potential was tested by now, i.e. C. riparius (and C. tentans), H. 
azteca and L. variegatus (present study; Dussault et al., 2009; Liebig et al., 2005). It was 
shown that sediments played a negligible role in the bioaccumulation of EE2 by H. azteca, 
a facultative benthic invertebrate, which also explains the low BSAF of 0.3 (Dussault et al., 
2009). L. variegatus (Order: Oligochaetes) on the other hand is a conveyor belt feeder that 
is an obligate sediment dweller like C. riparius (chapter 2.2.3), but feeds nonselectively 
and has a much larger sediment ingestion rate. Reported rates for C. riparius were up to 
90 times lower than those for L. variegatus with values of 0.01 - 0.15 & 0.2 - 0.9 mg 
sediment dw/mg biota dw/h, respectively (Kukkonen and Landrum, 1995; Leppanen and 
Kukkonen, 1998a, b; Leppanen et al., 1998; Bervoets et al., 2003; Gaskell et al., 2007). It 
is therefore logic that the BSAF of 14C-EE2 calculated by Liebig et al. (2005) for L. 
variegatus (646 dw/dw or 191 mg OC/mg worm lipid) was much (>120 times) higher than 
the one presented here for C. riparius (2.6 dw/dw or 1.5 mg OC/mg midge lipid). In both 
studies, the total radioactivity content of the biota was measured to determine the body 
burden, and the gut was not purged before analysis. Next to the ingestion rate, other 
organism properties might be responsible for interspecific variation in the bioavailability of 
sediment associated compounds. For example, C. riparius was shown to accumulate more 
sediment spiked dioctadecyl-dimethyl ammonium chloride (DODMAC), a highly 
hydrophobic surface active chemical, than L. variegatus (Gaskell et al., 2007). The authors 
suggested and demonstrated that organisms adopt two different strategies to absorb 
substances bound to sediment in the gut. They either have a long gut passage time or 
possess gut fluid of high surfactancy. Great tissue concentrations of DODMAC in C. 
riparius (normalized for its lipid content) were attributed to its very long gut passage time 
(Gaskell et al., 2007).  
Compared to BSAFs reported for accumulation of other hydrophobic organic compounds 
from sediments in chironomids, the one presented here for EE2 (and its products) in C. 
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riparius is considerably high. Wood et al. (1997) found factors (based on wet tissue and 
dry sediment weights) ranging from 0.07 to 0.27 for PAHs and from 0.22 to 1.42 for PCBs 
in (24 h gut purged) C. tentans. Metabolism of PAHs and to a lesser extent of PCBs, by 
cytochrome P450 enzymes was suggested as a possible explanation for the differences in 
BSAFs between the two groups of chemicals (Wood et al. 1997). It was calculated above 
that the BSAF for 14C-EE2 based on total radioactivity, and thus taking biotransformation 
products into account, amounted to 0.74 expressed on organism wet and sediment dry 
mass as well. Values between 0.17 and 1.52 kg dw/kg ww can be derived from the study 
of Harkey et al. (1994) for accumulation of various PAHs, DDT and trans-chlordane and 
possible transformation products by C. riparius larvae, which were not purged of their gut 
contents, before measurement of total internal radioactivity. Hence, the range of BSAFs 
reported for highly lipophilic compounds encompasses the 0.74 value obtained here, for 
uptake of 14C-EE2 by the same species from sediment. The BAF of EE2 for small 
sediment ingesting benthic organisms, which serve as prey for fish and invertebrates of 
the water column, was previously predicted by food web modelling and amounted to 95 
(Lai et al., 2002b, Invertebrate 2; chapter 1.2.3, Fig. 1.1). Hence, the model largely 
overestimated the experimentally determined BSAF reported in the present study after 
measuring the body burden of chironomids exposed to 14C-EE2 over time. The value 
obtained for blackworms by Liebig et al. (1995), on the contrary, is underestimated by this 
prediction. It should be mentioned that according to the model, the significance of dietary 
uptake was negligible compared to the contribution of the EE2 flux from respiration to the 
body burden, and that the BAFs should thus be viewed as BCFs (Lai et al., 2002b). In the 
present work, a much higher BCF (than the BAF of 95) was obtained from a water-only 
exposure setup (582 L/kg ww; chapter 4.3.1). As was mentioned above, EE2 
concentration from the water phase might be the major uptake pathway under 
circumstances of low food availability, i.e. when the larvae temporally leave their tubes and 
shift to the water column. However, because of the tendency of EE2 to partition from the 
aqueous phase to the different food sources of chironomids, such as suspended solids 
and algae, which may deposit, and organic matter in sediments, it was discussed that 
water exposure might be reduced and that the digestive route might be of higher 
importance. It is evident that different uptake pathways and many environmental 
parameters have to be taken into account in order to predict the body burden of 
chironomid larvae in EE2-polluted aquatic ecosystems. Today, neither micro- or 
mesocosm experiments, nor field studies are available, in which bioaccumulation of EE2 in 
benthic organisms is monitored. The results presented in this study show that EE2 
(products) can be enriched in sediment dwellers, and that further research is required to 
determine the degree of contamination of these animals with regard to biomagnification of 
target organisms. Next to direct transfer of EE2 from the larvae to sediment probing fish 
and birds along the aquatic food chain, the compound might be distributed to insectivores 
after the midges emerge and enter the compartment air. This topic was beyond the frame 
of the present study, but from some accidental hatching events (n = 3) in preliminary 
experiments using closed flow through systems, it could be derived that about 50% of the 
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radioactivity detected in the larvae could be found back in the midges after moulting of 
pupae (data not shown).  
4.3.3 Bioaccumulation 
In these bioaccumulation experiments, 10% of the organic phase of the standard artificial 
sediment (peat) was replaced by an organic food source of higher quality (chapter 2.5.3). 
To this aim, a powder of finely ground fish flakes of the brand TetraMin® was prepared. 
This is one of the recommended products in guidelines to perform chironomid toxicity tests 
(OECD, 2004b,c) and consists of cereals, yeasts, molluscs, crustaceans, algae, vegetable 
oils, fats and several sugars. According to the standards, it is provided to the organisms at 
a certain time frequency, preferably daily, by adding it to the overlying water in an aqueous 
suspension. As was mentioned above (chapter 4.3.2), this feeding strategy might lead to a 
shift in the partitioning of water spiked contaminants or mask the effects of sediment 
applied toxicants due to the selective feeding behaviour of chironomids. Here, an excess 
of food was mixed to the other sediment constituents in order to investigate the influence 
of the alimentary quality on EE2 uptake by the larvae. Water spiking was performed as in 
the previous bioavailability experiments (chapter 2.5.2), but in case of sediment spiking, 
EE2 was directly applied to the TetraMin® and not to the sand (chapter 2.5.3). The static 
test setup allowed comparison with previous experiments and balancing of the behaviour 
of the compound after both water and food spiking over time. Moreover, repeatability of the 
test was assured, since differences in the partitioning of EE2 due to inhomogeneous 
distribution of organic material were avoided (chapter 3.3.3). Meanwhile, addition of the 
amount of food necessary to ensure larval survival and natural growth to the formulated 
sediment on beforehand, is taken up as a possible feeding strategy in a recently published 
OECD guideline, i.e. OECD Guideline 233: the Sediment-Water Chironomid Life-Cycle 
Toxicity Test Using Spiked Water or Spiked Sediment (OECD, 2010). In the guideline, it is 
referred to two studies, of which one was partially performed at our laboratories, in which 
the successful performance of this nourishing technique was shown (Jungmann et al., 
2009). According to the recommendations, it makes sense to supply the complete ration of 
the food source in advance, when the test substance has a high affinity for organic carbon, 
because the toxicological relevance of exposure via ingestion is generally higher for such 
compounds (OECD, 2010). The tendency of EE2 to sorb to the organic phase (peat) of the 
artificial sediment was demonstrated (chapter 3.3.2, Fig. 3.30, B) and discussed above 
(chapter 4.3.2).  
The availability of an organic food source of high nutritional quality in the sediment resulted 
in significantly higher internal radioactivity concentrations in C. riparius larvae compared to 
the ones measured in previous sediment-water tests, where no additional food was 
provided to the organisms (chapter 3.3.3, Fig. 3.32). Two days after 14C-EE2 application to 
the overlying water, 18 and 7 Bq/mg dw were detected in the larvae in the presence and 
absence of TetraMin®, respectively (chapter 3.3.3, Fig. 3.31, A vs. chapter 3.3.2, Fig. 3.28, 
A). These values correspond to 2.4 and 0.8% of the total amount of radioactivity initially 
applied to the medium. Hence, about three times more 14C-EE2 was incorporated by the 
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larvae when the sediment contained nutritionally valuable organic matter. When the 
compound was administered to the food instead of to the sand of the formulated sediment, 
a 48 h-CB of 1.3 Bq/mg dw (0.2%) was obtained (chapter 3.3.3, Fig. 3.31, A). The latter 
test was terminated after two days, but based on preliminary experiments and the 
presented bioavailability tests (chapter 3.3.2, Fig. 3.28, B) it could be assumed that the 
system had reached equilibrium within this time period. The initial CS after food spiking 
amounted to 0.30 Bq/mg and decreased to 0.27 Bq/mg sediment dw in 48 h (data not 
shown). Hence, a BSAF (or 48 h-CB/CS) of 4.8 based on dry weight (1.4 on ww) could be 
calculated. This value is almost two times higher than the one derived above (2.6) for EE2 
accumulation from the standard sediment (chapter 4.3.2). This reconfirms the results of 
the water spiking tests and proves that the bioavailability of EE2 was higher when the 
dietary quality of the sediment was higher. The distribution of the radioactivity in the test 
systems with and without TetraMin® was similar, and hence, the water concentrations 
were low after food spiking as well (data not shown). It was calculated above that dietary 
ingestion was possibly the only uptake route after sediment spiking, since the maximal 
body burden (i.e. the 24 h-CB) in the larvae was equal to the ingestion rate (determined 
from the increase in the gut content of starved larvae observed by Bervoets et al., 2003) 
times the sediment EE2 concentration multiplied by the exposure time: CB(t=24 h) = 1.9 
Bq/mg larval dw = 0.014 mg peat dw/mg larval dw/h * 0.32 Bq/mg sediment dw * 90% / 
0.05 mg peat dw/mg sediment dw (chapter 4.3.2). Also in case of food spiking, the largest 
CB was measured after one day and amounted to 2.9 Bq/mg dw. Afterwards, elimination 
clearly predominated over further uptake (chapter 3.3.3, Fig. 3.31, B). With the same 
equation used above, the ingestion rate of larvae feeding on the present organic phase 
could be estimated (CB(t = 24 h) = 2.9 Bq/mg larval dw = X mg peat & TetraMin® dw/mg larval 
dw/h * 24 h * 0.30 Bq/mg sediment dw / 0.05 mg peat & TetraMin® dw/mg sediment dw) 
and amounted to 0.02 mg organic phase/mg larval dw/h. Next to uptake of more 14C-EE2 
in a shorter time period, the presence of additional food resulted in elimination of relatively 
less radioactivity between 24 and 48 h after the start of the experiment. After water 
spiking, the body burden decreased from 37 to 18 Bq/mg dw (48 h-CB = 49% 24 h-CB) and 
from 17 to 7 Bq/mg dw (48 h-CB = 41% 24 h-CB) in the presence and absence of 
TetraMin®, respectively. After sediment spiking (no food), 61% of the incorporated amount 
of radioactivity was excreted by the larvae in that time frame (24 & 48 h-CB = 1.94 & 0.75 
Bq/mg dw), whereas after food spiking, this was only 55% (24 & 48 h-CB = 2.9 & 1.3 
Bq/mg dw) (chapter 3.3.2, Fig. 3.28; chapter 3.3.3, Fig. 3.31). This indicates that besides 
ingestion of more EE2 due to a higher feeding activity on pulverized fish flakes compared 
to on peat, the assimilation rate of TetraMin®-associated EE2 might be higher than the one 
of EE2 bound to peat as well. Indeed, previous studies have shown that fish food sources 
as well as plant materials are more easily digested by chironomid larvae than the finely 
ground peat in the artificial sediment, which consists of refractory organic matter (Lacey et 
al., 1999; Akerblom and Goedkoop, 2003). For example, Lacey et al. (1999) compared 
survival and development of C. tentans larvae that were introduced to sediments with a 
similar OC content comprised of different organic materials. They achieved significantly 
better larval growth when the organic phase consisted either of -cellulose or of maple 
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leaves than in sediments containing peat moss (Lacey et al., 1999). Therefore, natural 
sediments might often have a higher nutritional value compared to the artificial sediment 
(Akerblom and Goedkoop, 2003). As was already discussed above, the uptake of 
contaminants by chironomids and other benthic organisms via the dietary pathway will 
depend on the binding strength of the compound to different sediment particles, the 
selectivity by which the particles are ingested, and the subsequent solubilisation of the 
substance from the sediment material by digestive enzymes or change of pH in the gut 
(chapter 4.3.2; Goedkoop and Peterson, 2003; Gaskell et al., 2007).  
Little studies have been performed, in which bioaccumulation of hydrophobic organic 
compounds in chironomids from sediments of different composition have been compared. 
To our knowledge, this is the only study where TetraMin® was mixed to the other artificial 
sediment constituents. In experiments of longer duration, the addition of fish food can lead 
to deterioration of the water quality, and thereby negatively influence the larvae due to 
increased microbial activity and consequent reduced oxygen contents (OECD, 2010). This 
is why the OECD advises against the use of fish flakes for advance alimentary provision in 
the new Chironomid Life-Cycle Toxicity Test and recommends applying plant material to 
the sediment (OECD Guideline 233; OECD, 2010). In the present short-term test, the use 
of TetraMin® was not problematic since the oxygen concentration measured in beakers 
without 14C-EE2 was higher than 60% of the air saturation value and no differences in the 
weight of control and test larvae were observed (data not shown). Besides, the fraction of 
fish food (0.5% on sediment dw) added to the system was equal to the amount of plant 
material suggested to mix to the other sediment constituents in the new guideline (OECD, 
2010), and hence, this bioavailability study can be used for comparison with examinations 
performed according to the guideline. Although the influence of the feeding strategy on the 
uptake of toxicants by midge larvae has not been extensively investigated by now, it can 
be derived from a few toxicity studies that the test results will largely depend on the 
exposure scenario. In cooperation with the Institute of Hydrobiology (Dresden University of 
Technology), we showed for example that the chronic effect of the insect growth regulator 
fenoxycarb to C. riparius was stronger after sediment spiking, when the food source was 
added on beforehand and consisted of shredded leaves of alder and nettle, than when 
external feeding was performed and the artificial sediment with peat was used (Jungmann 
et al., 2009). 28 days-NOECs & LOECs for the effect of sediment applied fenoxycarb (with 
similar Log Kow as EE2, i.e. 4.3) on C. riparius emergence amounted to 2 & 20, 0.5 & 2, 
and 0.125 & 0.5 µg fenoxycarb/kg when the organic phase comprised of peat (+additional 
feeding), of cellulose and nettle, and of alder and nettle, respectively. Hence, the response 
to the compound, and thus, its bioavailability varied with different sediment composition 
(Jungmann et al., 2009). This is in agreement with the observed alterations in the 
bioaccumulation of EE2 when the nutritional quality of the organic phase was changed. In 
an additional experiment to the present one, 100 mg dried shredded leaves of stinging 
nettle (Urtica dioica) was added to the sediment (0.5% on dw) instead of pulverized 
TetraMin®, after the plant material was spiked with 14C-EE2 (data presented elsewhere; 
Kötter, 2008). This led to much higher radioactivity contents in the larvae compared to the 
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body burdens obtained in the test with fish food, as the 24 h and 48 h-CB values amounted 
to 33.2 (3.0%) and 5.3 Bq/mg dw (1.4%), respectively. From the data, a BSAF (48 h-
CB/CS) of ca. 100 based on sediment and larval dry weight could be derived. This is 
extremely high compared to the values determined from the tests were the organic phase 
consisted of peat only (BSAF = 2.6; chapter 4.3.2) and of peat & TetraMin® (9:1 dw:dw; 
BSAF = 4.8; this chapter). However, it should be mentioned that the 14C-EE2 content of 
the sediment (CS) was much lower partially due to partitioning of the compound from/with 
the nettle to the overlying water. Filtration of the medium, which turned green over time, 
revealed that the plant material largely dissolved in the aqueous phase and that little 
remained suspended. Hence, it is possible that EE2 bound to DOC from nettle was more 
accessible to the organisms than when it was associated to clay or peat particles present 
in the medium. Nevertheless, the accumulation pattern was similar as in previous tests 
with sediment-water systems, showing quick internalization of 14C-EE2 during the first day, 
after which elimination became dominant over further uptake (Kötter, 2008 compared to 
chapter 3.3.2, Fig. 3.28 & chapter 3.3.3, Fig. 3.31). Since the 48 h-CB was only 16% of the 
24 h-CB lots of radio-activity must have been excreted throughout the second day, which 
means that only a little fraction was assimilated by the larvae. The decrease from 33.2 (48 
h-CB) to 5.3 (24 h-CB) Bq/mg involves even faster elimination as would have occurred in 
clear medium without artificial sediment, according to the equation derived above (chapter 
3.3.1, Fig. 3.26, B: CB= CB(t = 0 h)*e-0.053*time= 33.2 * e-0.053*24 = 9.3 Bq/mg, i.e. > 5.3 Bq/mg). 
It can be concluded from the collected data concerning EE2 bioaccumulation by C. riparius 
larvae that food selection will drastically influence EE2 uptake, assimilation and elimination 
processes, which confirms the results of previously performed toxicity investigations with 
other compounds (e.g. Jungmann et al., 2009). The importance of the exposure scenario 
and the applied nutrition source for the transfer of contaminants to benthic organisms was 
also shown in a single interesting biomagnification study with benzo[a]pyrene and PCB-52 
(Bott and Standley, 2000). Oligochaetes and chironomids were exposed to these lipophilic 
substances, which were directly applied to the sediment, or were previously spiked to 
bacteria or algae, which were then added to the sediment. In agreement with the results 
for EE2 presented here, BSAFs derived for accumulation of both compounds in larvae of a 
mix of chironomid species were higher when the food was spiked than when the chemicals 
were applied to the sediment. BSAF values based on dry weight for 14C-PCB amounted to 
1.4, 10.0 and 55.0 after exposure to spiked sediment, bacteria, and algae, respectively. 
The corresponding BSAFs of 14C-benzo[a]pyrene were 0.5, 1.2, and 11.1 (Bott and 
Standley, 2000). Hence, the value obtained for the accumulation of total radioactivity from 
14C-EE2 spiked sediments containing a food source in C. riparius larvae (BSAF = 4.8) lies 
in the range reported for benzo[a]pyrene (BSAF = 1.2 - 11.1). 
It can be summarized that despite the fact that the bioavailability of EE2 is lower, when it is 
associated to the organic fraction of the sediment compared to when it is freely dissolved, 
ingestion of contaminated food particles by C. riparius larvae might lead to accumulation of 
the compound in the organisms. Considering its tendency to sorb to solid phases, and the 
consequently high measured environmental concentrations in sediments (chapter 1.2.2), 
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the dietary exposure pathway should not be neglected. Depending on the quality and 
quantity of organic matter in the sediment, uptake from this compartment might be more or 
less important. Since both bioconcentration (chapter 4.3.1) and bioaccumulation (chapter 
4.3.2 and 4.3.3) factors are relatively high, chironomid larvae can be expected to provide 
an additional source of EE2 exposure, and thus of secondary poisoning, to vertebrate 
predators. 
4.3.4 Metabolism 
Extracts of fourth instar chironomid larvae, which had been exposed to 14C-EE2 for 24 h 
via the water phase, contained two more hydrophilic products of the test compound. The 
retention times of these metabolites were 2.5 and 4 min with the applied HPLC method 
(chapter 3.3.4, Fig. 3.33, A and chapter 3.4.3, Fig. 3.40, B). Treatment of the homogenates 
with -glucuronidase revealed that the second product, i.e. the least hydrophilic one, was 
cleavable by this enzyme since it resulted in the appearance of the parent compound at 15 
min in the chromatogram (chapter 3.3.4, Fig. 3.33, B). Similarly, the radioactivity in whole 
body extracts of blackworms (L. variegatus) consisted of only metabolites as well, which 
had the same retention time as those detected in C. riparius (chapter 3.4.2, Fig. 3.37, A). 
These samples were treated with both -glucuronidase (pure) and sulphatase (containing 
traces of -glucuronidase) (chapter 2.7.8). The latter treatment led to complete conversion 
of both products to EE2 (chapter 3.4.2, Fig. 3.37, B). Since chironomid extracts were 
subjected to -glucuronidase only, which led to cleavage of the metabolite at 4 min only, it 
can be concluded that sulphatase was responsible for the disappearance of the 2.5 min 
peak. Hence, it is most likely that both benthic organisms transformed EE2 into the same 
conjugates, i.e. its glucuronide and sulphate ester. In case of C. riparius, this remains to be 
experimentally verified since the extracts were not treated with sulphatase. The hypothesis 
is only based on the retention time (2.5 min) of the product, which was the same as the 
one shown to be hydrolyzed by sulphatase in blackworms. It has also been documented 
above that the metabolite detected at 2.5 min in EE2 exposed daphnids was probably its 
sulphate conjugate as well (chapter 4.2.4). Similarly, it was previously shown that larvae of 
chironomids are able to transform accumulated 3-trifluoromethyl-4-nitrophenol (TFM) to 
the more polar glucuronide and sulphated derivatives of the compound (Kawatski and 
Bittner, 1975). In the latter study, rapid elimination of both unchanged and conjugated TFM 
by C. tentans was observed. Here as well, elimination of radioactivity by 14C-EE2 exposed 
C. riparius larvae occurred at a high rate EE2 (chapter 3.3.1, Fig. 3.26, B; chapter 4.3.1). 
However, none of both transformation products were detected in the water phase during 
the uptake experiment (chapter 3.3.1). As was also remarked above discussing possible 
excretion of metabolites by daphnids (chapter 4.2.4), it remains to be clarified by analysis 
of the medium after elimination, whether chironomids also released the produced EE2 
conjugates, or whether the compound was only returned to the water in its unconjugated 
form. In the latter case, reconversion of the products to EE2 would have occurred in the 
water or at the end of the gastrointestinal tract (chapter 4.2.4; chapter 1.2).  
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Although both presented HPLC chromatograms of C. riparius body homogenates originate 
from larvae exposed for the same time period (24 h), the proportion of both conjugates 
differed between the samples. One extract consisted of 42% sulphated EE2 and of 58% 
EE2 glucuronide (chapter 3.3.4, Fig. 3.33, A), whereas in the other one mainly the second 
conjugate (88%), but also traces of the parent compound were detected (1%) (chapter 
3.4.3, Fig. 3.40, B). As the tests, from which the samples were derived, were performed at 
different laboratories (chapter 2.6.3), some external parameters might have slightly varied 
and have influenced the metabolism kinetics. This also indicates that daphnids were less 
sensitive to alternating environmental conditions since the composition of the radioactivity 
in homogenates from different tests were exactly the same (compare chapters 3.2.4, Fig. 
3.24 & 3.4.3, Fig. 3.40, D). From the data of Kawatski and Bittner (1975), it can be derived 
that conjugation of TFM with sulphate by C. tentans occurred quicker, i.e. after a shorter 
exposure time, than the reaction with glucuronic acid. Nevertheless, in the end relatively 
more glucuronide was present in the tissue extracts. Furthermore, it was shown that after 
transfer of the larvae to toxicant-free medium, the sulphate ester of TFM was eliminated to 
a much higher extent than its glucuronide (Kawatski and Bittner, 1975). The fact that only 
a very little fraction of the latter conjugate and a large part of the parent compound were 
detected in the water phase, indicates that the glucuronide was most probably hydrolyzed 
before excretion of unconjugated TFM. This is not further discussed here, but reinforces 
the above assumed higher resistance of EE2 sulphatide to deconjugation compared to its 
glucoside in D. magna (chapter 4.2.4). The assumption, based on the study of Kawatski 
and Bittner (1975), that EE2 glucuronide as well might be susceptible to cleavage due to 
enzymatic activity in the gut or water, will be important for interpretation of fish experiments 
(chapters 4.4.3 and 4.4.4). 
In contrast to 24 h exposed C. riparius larvae, which contained more EE2 glucuronide than 
sulphate conjugate, 72 h water exposed L. variegatus comprised more EE2 sulphate ester 
(66%, chapter 3.4.2, Fig. 3.37, A). Liebig et al. (2005) prepared and analyzed tissue 
homogenates of blackworms 35 days after the organisms were introduced to the sediment 
to which 14C-EE2 had been applied. Approximately 6% of the radioactivity in the extracts 
consisted of the parent compound. After treatment of the samples with -glucuronidase, 
84% was recovered as EE2 (Liebig et al., 2005). Enzymatic hydrolysis with sulphatase 
was not conducted in the latter study. According to the results of the present work, the 
undefined part might have consisted of the sulphate conjugate. Whereas C. riparius larvae 
were shown to eliminate more than 90% of the incorporated radioactivity within two days 
(chapter 3.3.1, Fig. 3.26, B), the worms excreted only about 20% of the accumulated 
amount within that time (Liebig et al., 2005). It should be mentioned that in the present 
study, the chironomids were transferred - after only one day of exposure via water - to test 
beakers containing clear medium with a small sand layer as substrate. The long-term (35 
days) exposed worms on the other hand were provided with food, which was mixed to 
fresh uncontaminated sediment (Liebig et al., 2005). Since the authors only detected the 
EE2 glucuronide in L. variegatus, they concluded that the production of this conjugate did 
not result in facilitated depuration of EE2 and/or its metabolite(s), and suggested that 
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blackworms may detoxify the compound(s) by sequestration into chloragogen cells. With 
the exception of the results presented in the present study and those of Liebig et al. 
(2005), the degree of conjugation of EE2 in benthic invertebrates has not been examined, 
and hence, further investigation is required. As was already repeatedly mentioned, these 
products might be reconverted into the parent compound, and thus into the biologically 
active form, after uptake by sensitive organisms (chapter 4.2.4). The possibility of 
deconjugation of the glucuronide of the natural estrogen E2 in vivo was previously 
demonstrated after injection of male catfish with this compound (Tilton et al., 2001). 
Furthermore, cleavage of the EE2 glucuronide in crude sewage and activated sludge has 
been observed, and was shown to occur highly preferential to deconjugation of its sulphate 
ester (Gomes et al., 2009). In the present study, it was proved for the first time that 
conjugated EE2, applied to fish via a diet of invertebrates, was reverted to the synthetic 
estrogen itself in the predator. Indeed, EE2 was detected in the bile of male zebrafish 
(chapter 3.4.4, Fig. 3.41, B), which had been fed blackworms, containing EE2 conjugates 
only (chapter 3.4.2, Fig. 3.37, A). This result will be further discussed below (chapter 
4.4.4). 
Although it was shown by Liebig et al. (2005), and confirmed in the present study, that L. 
variegatus more or less completely transformed accumulated EE2, this species showed no 
or little metabolizing capability in a survey with six other organic contaminants (amongst 
others polychlorinated phenols) (Guerrero et al., 2002). In the same report, it was noted 
that C. riparius converted all compounds it was confronted with. This is reaffirmed by the 
observed rapid biotransformation of two polycyclic musks by these midge larvae in 
contrast to no or slow metabolism of the same substances in blackworms (Artola-Garicano 
et al., 2003). Whereas L. variegatus seems to have an inefficient mechanism for excretion 
of polar EE2 metabolites (Liebig et al., 2005), or incorporates organic pollutants to a high 
extent due to its lack of biotransformation potential (Guerrero et al., 2002; Artola-Garicano 
et al., 2003), C. riparius has a remarkable detoxification ability. This is a good summarizing 
statement for the findings of fate experiments performed with this test species in the frame 
of the present work. The larvae largely concentrated EE2 from the aqueous phase 
(chapter 4.3.1), and accumulated the compound via the diet to a certain, but lower, extent 
(chapters 4.3.2 and 4.3.3). They contemporaneously largely eliminated incorporated EE2 
(products) in all tests (chapters 4.3.2 and 4.3.3), which was clearly shown by the obtained 
high elimination rate constant (chapter 4.3.1) and can be explained by the observed 
efficient metabolism of EE2 to more water soluble products (this chapter). 
4.3.5 Effects 
EE2 affected neither the survival of two age classes of C. riparius larvae in an acute test 
nor sex ratio, development, emergence and mouthpart structures in a chronic assessment 
(chapter 3.3.5). No mortality was observed after exposure to concentrations up to 1 mg/L 
for 48 h, which is in agreement with reported lethal toxicity data. 24 h and 10 days LC50 
values have been determined amounting to 9.1 mg/L for 4th instar C. riparius larvae and to 
4.1 mg EE2/L for 1st instar C. tentans larvae, respectively (Lee and Choi, 2007; Dussault et 
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al., 2008b). The fact that EE2 did not exert effects is also compatible with the above 
described well established elimination and biotransformation strategies in the tested midge 
species (chapters 4.3.1; 4.3.2; 4.3.4). Moreover, Chironomus has been shown to have an 
efficient biochemical defence mechanism (Lee and Choi, 2007). In the latter study, the 
effect of short-term only water exposure (24 h) to concentrations between 0.01 and 100 µg 
EE2/L (spacing factor of ten) on the activity of different enzymes in 4th instar larvae was 
tested. At the three highest EE2 levels, an increase in the glutathione-S-transferase (GST) 
activity was observed. It was suggested that this indicates possible involvement of the 
glutathione conjugation pathway to the biotransformation of EE2 (Lee and Choi, 2007). 
However, according to the results of our metabolism study performed with C. riparius 
larvae of the same developmental stadium and at a similar concentration (20 µg EE2/L; 
chapter 2.5.1) glucuronidation was demonstrated to be the most important transformation 
reaction (chapter 4.3.4). Nevertheless, the increase of the GST activity measured by Lee 
and Choi (2007) might indicate general induction of the detoxification mechanisms in the 
larvae. Furthermore, the enzymes catalase and peroxidase were activated at all and the 
three highest EE2 levels, respectively. The response at low contents was considered a 
homeostasis maintaining strategy, whereas it was assumed to point to oxidative stress at 
higher concentrations. For at 100 µg EE2/L, perturbation of physiological parameters, i.e. 
amongst others decreased emergence success, was demonstrated as well (Lee and Choi, 
2007). In the latter study, 4th instar larvae were exposed via water only, whereas in the 
present chronic assay 1st instar larvae were introduced to a sediment-water system. At 
initial concentrations between 1.25 and 20 µg EE2/L medium (spacing factor of 2), no such 
effects on adult emergence were observed. Next to the fact that the maximal EE2 level 
tested was lower than the LOEC reported by Lee and Choi (2007), it was demonstrated 
earlier that the presence of sediment reduces the bioavailability of the compound (chapter 
4.3.2). However, adverse effects on the emergency of the closely related midge C. tentans 
in a water only setup occurred at even higher levels than 100 µg EE2/L with an EC50 of 
1.5 mg/L (Dussault et al., 2008a). Furthermore, no chronic toxicity of EE2 to C. riparius 
larvae was observed after a nine days survey, where only sand was used as a substrate 
as well (Meregalli and Ollevier, 2001). In the latter study, no mortality and induction of 
head capsule deformities were found after application of up to 100 µg EE2/L. In contrast, 
Watts et al. (2003) found deformities of several mouthpart structures in 4th instar larvae 
after only water exposure of the organisms at very low concentrations (10 ng EE2/L) from 
the egg stage on. At high EE2 levels, this effect was not observed, but at 1 mg/L larval 
moulting (1st to 2nd instar) was delayed and the wet weight was significantly lower than that 
of control animals (Watts et al., 2003). Even after sediment spiking, shown here to result in 
very low larval body burdens (chapter 4.3.2), some impact of the compound to C. riparius 
was reported in a chronic experiment over two generations (Watts et al., 2003). In both F0 
and F1, adults emerged significantly earlier, but again, only at very low concentrations 
(sediment suspension with 1 ng EE2/L). Further investigated endpoints also showed no 
dose-response relationship (Watts et al., 2003). In general, there is no indication that EE2 
exerts endocrine-mediated effects to C. riparius and other benthic invertebrates (Segner et 
al., 2003, Dussault et al., 2008a), as was already summarized in the introduction (chapter 
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1.3.2). However, research on this topic is still going on. The cDNA sequences of the gene 
of estrogen-related receptors in C. riparius have only recently been characterized and 
upregulated expression was shown after exposure to other EDCs, i.e. BPA and NP (Park 
and Kwak, 2010). 
4.4 Toxicokinetics of EE2 in Danio rerio 
The top predator of the present study was a small fish species, D. rerio, introduced to 
represent secondary consumers in the food chain of the aquatic environment. It was 
already stated above that fish are sensitive target organisms of the test compound 
(chapter 1.3). Over the last decade, lots of studies dealt with effects of EE2 to fish, 
whereby zebrafish was often used as a test species (chapter 1.3.1, Table 1.4). In contrast, 
little research has been dedicated to the tendency of this substance to bioaccumulate in 
this and other fish thereby taking the different possible uptake routes into account, i.e. 
respiratory and dermal intake of freely dissolved EE2 via the water and consumption of an 
EE2 contaminated diet. From the previously discussed results of work with invertebrate 
organisms (chapter 4.2; 4.3), it can be derived that living prey of carnivore fish in polluted 
ecosystems might contain a high fraction of hydrophilic EE2 products. The consequences 
of feeding such diet have not been investigated in the past. Therefore, the differences in 
accumulation, distribution, (de-) conjugation, elimination, and effect of EE2 and/or its 
metabolites in zebrafish after uptake via water and invertebrate food sources were 
examined in the present work, and are discussed in the following (chapter 4.4.1, 4.4.2, 
4.4.3, 4.4.4, and 4.4.5).  
4.4.1 Bioconcentration of EE2 in zebrafish:  
uptake from the water phase and elimination afterwards  
The internal radioactivity concentrations measured in male zebrafish were largely variable 
amongst individuals (chapter 3.4.1, Fig. 3.35). Especially after longer periods of 14C-EE2 
exposure (> 24 h), and consequently, after transfer of 48 h-exposed fish to clear medium 
as well, i.e. during the clearance phase, the data showed a lot of scatter. Nevertheless, a 
BCF could be determined, which amounted to 4059 and 959 L/kg based on dry and wet 
weight, respectively. These values were derived from a one compartment model with 
uptake (k1) and elimination rate constants (k2) of 69 L*(kg dw)-1*h-1 and 0.017 h-1, and the 
experimentally obtained ratio between wet and dry body weight (4.2; chapter 3.4.1). 
Hence, the substance was more quickly internalized by D. rerio than by D. magna (k1: 27 
L*kg-1*h-1; chapter 3.2.1, Fig. 3.16, A), but slower than by C. riparius (k1: 108 L*kg-1*h-1; 
chapter 3.3.1, Fig. 3.26, A). Furthermore, the fish eliminated the incorporated radioactivity 
at a much lower rate compared to the latter two invertebrates (chapter 3.2.1, Fig. 3.16, B; 
chapter 3.3.1, Fig. 3.26, B). This explains the fact that for all test species of this work, the 
highest BCF was obtained for zebrafish. It will be further discussed below that despite 
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efficient biotransformation of EE2 in this test organism (chapter 4.4.2; 4.4.3; 4.4.4), the 
previously mentioned process of enterohepatic recirculation probably contributed to the 
distribution of the parent compound and slowed its excretion down (chapter 1.2.3). Since 
the conjugate of EE2 with glucuronic acid was detected in (48 h-)water exposed zebrafish 
(chapter 3.4.4, Fig. 3.41, A), the calculation of k2 involves the presence of this product. k2 
was used to determine k1, although especially at the beginning of the uptake experiment, 
the proportion of EE2 and its metabolite in the fish might have been different to the 
composition of the compounds during clearance. This is indicated by the fact that the 
internalized radioactivity contents were slightly underestimated by the uptake curve directly 
after the start of the fish test (4 h; chapter 3.4.1, Fig. 3.35, A). A similar initial deviation 
between the data and the bioconcentration model was also observed after only water 
exposure of chironomid larvae (chapter 3.3.1, Fig. 3.26, A), and was extensively discussed 
above (chapter 4.3.1).  
As was mentioned in the introduction, only one previous study reported BCFs for EE2 
accumulation in fish (chapter 1.2.3). Values of 610 and 660 L/kg ww were calculated after 
exposure of fathead minnow to 16 and 64 ng 14C-EE2/L for 158 and 254 days, respectively 
(Länge et al., 2001). In the latter study, the condition of the fish was seriously affected by 
the test compound. Hence, up to now no valid data on EE2 bioconcentration in healthy fish 
were available (chapter 1.2.3). Although it is most likely that the exposure scenario of the 
present test (1 µg EE2/L, but for a short time period) led to sublethal effects to the test 
organisms, the animals were not moribund and their condition was not affected (chapter 
3.4.1). Since the BCF value of about 1000 L/kg ww, derived here for zebrafish, was higher 
than the BCFs reported by Länge et al. (2001) and compared to the BAFs estimated by Lai 
et al. (2002b; chapter 1.2.3, Fig. 1.1), it seems that bioconcentration of EE2 in fish was 
underestimated in the past. The lack of available information on this topic calls for further 
investigation since this persistent xeno-estrogen is known to have a very large impact on 
fish in particular and on wildlife in general (chapter 1.3). The obtained BCF value indicates 
that EE2 has a relatively high potential to accumulate in fish. Lower factors (100 - 500) 
were previously derived for bioconcentration of lindane, a compound of similar lipophilicity 
as EE2, in early life stages of zebrafish (Gorge and Nagel, 1990). In general, BCFs lower 
than 100 were determined for compounds of higher hydrophilicity after similar uptake and 
elimination testing with this fish species (Gorge and Nagel, 1990; Kalsch et al., 1991; Hertl 
and Nagel, 1993; Ensenbach et al., 1996; Lindholst et al., 2003). In most of these studies, 
total radioactivity was used to measure internal concentrations, just like in the present 
experiment. However, Lindholst et al. (2003) for example differentiated between BPA and 
its conjugates. From their data, a BCF of 6 L/kg for the parent compound alone and of 79 
L/kg for BPA and its metabolites can be derived. In contrast to more hydrophilic chemicals, 
PCB congeners (5 < Log(Kow) < 8) concentrated in zebrafish to a much higher extent than 
EE2 with BCFs of up to about 106 (Fox et al., 1994). Bioconcentration of PCBs as well as 
anilines in zebrafish could in most cases be correlated with the hydrophobicity of the 
substances (Kow) (Kalsch et al., 1991; Fox et al., 1994). However, it is generally agreed 
upon that uptake and elimination cannot be explained by passive distribution alone. For 
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example, biotransformation of the present test substance into conjugates with different 
properties influenced both further toxicokinetics (distribution and excretion processes) and 
toxicodynamics (effectiveness), which will be further discussed below (chapter 4.4.4 and 
4.4.5).  
4.4.2 Biomagnification: elimination after dietary exposure 
Two days after being fed EE2 exposed blackworms, about 75% of the incorporated radio-
activity was excreted by zebrafish (chapter 3.4.2, Fig. 3.37 & Fig. 3.36). Afterwards, the 
internal fish concentration remained more or less constant. Elimination was considerably 
slower when fish had been exposed via the water (chapter 3.4.1, Fig. 3.34, B & Fig. 3.35, 
B; chapter 3.4.2, Fig. 3.36). The percentages of the initial amount of internalized water-
borne radioactivity at successive sampling times were not significantly different, but an 
exponential decrease could be plotted to the data. Experiments with longer clearance 
periods after application of EE2 or its conjugates via water and food should be performed 
to examine whether further elimination occurs. The 72 h duration was selected according 
to the longest interval between two water renewal events in the later long-term effect test 
(chapter 4.4.5). Supposing a continuous exponential decrease of the relative amount of 
internal radioactivity over time, elimination rate constants of 0.013 and 0.023 h-1 were 
obtained from water and dietary exposed fish, respectively (plots and k2 values in chapter 
3.4.2, Fig. 3.36). The according depuration half lives can be drawn from the curves and 
were estimated at 53 h and 30 h (t1/2 = -ln(0.5)/k2; derived from equation 2.5, chapter 2.9.1, 
where CB(t) = CB(to)/2). Similar values, i.e. a k2 of 0.022 h-1 and a t1/2 of 31 h, were derived 
after dietary exposure of zebrafish for 42 days to 0.34 nmol/day of the brominated flame 
retardant tetrabromoethylcyclohexane (TBECH; Log Kow = 5.24; Nyholm et al., 2009). This 
dose is comparable with the one applied in the present experiment (one time ca. 1000 Bq, 
chapter 3.4.2; 0.5 nmol EE2-equivalent, chapter 2.1). Thereto, it should be mentioned that 
the TBECH concentration measured in the zebrafish by Nyholm et al. (2009) remained 
constant from the first sampling time on (3 days and later). Ingested TBECH was even 
more quickly eliminated by brown trout with a t1/2 of less than one day (Gemmill et al., 
2011). For EE2, no similar data are available for comparison, but there is one study that 
estimated the half life of the compound in plasma of male rainbow trout following injection 
(Schultz et al., 2001). A t1/2 of 30 h was obtained after intra-arterial application of 1 mg 
EE2/kg fish, i.e. 3.4 µmol/kg (chapter 2.1, Table 2.1). This dose is in the same range as 
the one given to zebrafish via the food or the amount incorporated via the water in 48 h, 
i.e. prior to elimination in the present experiment (1000 Bq or 0.5 nmol EE2-equivalent per 
250 mg average fish weight: => 0.5 nmol/250 mg = 2 µmol/kg). Hence, the plasma content 
of EE2 after injection of the compound in male rainbow trout decreased at the same rate 
as radioactivity was excreted by male zebrafish following ingestion of EE2 conjugates. 
Schultz et al. (2001) measured and modelled the concentrations of EE2 in plasma over 
time and could clearly demonstrate the decelerating influence of enterohepatic 
recirculation on the excretion process. 
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The difference in the excretion rates following the different exposure scenarios can be 
explained by another composition and distribution of the radioactivity in the various fish 
tissues at the start of the clearance period. At that time, EE2 taken up via the aqueous 
phase was present in the gall bladder in the form of its conjugate with glucuronic acid 
(chapter 3.4.4, Fig. 3.41, A). This concerns about 25% of the internalized radioactivity 
(chapter 3.4.3, Table 3.14). At the same moment, half the amount was available in the gut, 
but this did not seem to result in efficient elimination. Even PCBs with a Log Kow of about 
five were shown to be more quickly eliminated by zebrafish (Fox et al., 1994). Hence, it 
was supposed that EE2 glucuronide was deconjugated in the gut leading to subsequent 
reabsorption of the parent compound in the bloodstream. This is suggested by the fraction 
of radioactivity detected in the blood of water exposed male fish over time, being lower at 
48 h compared to at both the earlier and later sampling times (chapter 3.4.3, Table 3.14). It 
should be mentioned, however, that the presented data show the relative distribution of the 
radioactivity in the organisms at a given moment. More frequent sampling should be 
performed to identify the exchange of the compound and its products between different 
fish tissues. A similar fluctuating profile of the EE2 content was also observed in plasma of 
male rainbow trout after they had been subjected to intra-arterial injection with the test 
substance (Schultz et al., 2001; chapter 1.2.3). The influence of enterohepatic recirculation 
on the distribution of EE2 in fish will be further discussed below (chapter 4.4.3). Since 
excretion was faster after dietary exposure, the latter process seemed to have played a 
less important role following this second uptake pathway. Directly after the fish had 
consumed worms, which contained both the sulphate ester (70%) and the glucuronide of 
EE2 (30%), all radioactivity was present in the gastrointestinal system. Within one day, half 
this dose was released to the water, whereas only 30% of the internalized radioactivity 
was excreted by water exposed fish in that time frame (chapter 3.4.2, Fig. 3.36). It can be 
extracted that the availability of both conjugates in the gut led to quicker release than the 
presence of EE2 and its glucuronide in mainly the gut and the bile. Therefore, it has been 
suggested above that the sulphatide of EE2 was eliminated with a better efficiency by fish, 
either due to its higher water solubility or because of its larger resistance to deconjugation 
compared to the other product and the parent compound (chapter 3.4.2). The fact that 
dietary applied sulphate ester was eliminated as such whereas the glucuronide was 
hydrolyzed and excreted as EE2 can be derived from the presented chromatograms of the 
test, in which spiked chironomids were fed to zebrafish (chapter 3.4.3, Fig. 3.40, B&C). 
Hence, it seems that the sulphatide can stay intact while passing the digestive tract of the 
organisms. From the results of the water exposure experiments it can namely be assumed 
that zebrafish did not convert EE2 into that conjugate. 48 h after ingestion of metabolites, 
only about one fourth of the radioactivity was still present in the fish (chapter 3.4.2, Fig. 
3.36), of which 25% was detected in the gall bladder and 50% in the gut (chapter 3.4.3, 
Table 3.15). At that time, the part in the bile consisted mainly of EE2 sulphatide, a lower 
portion of EE2 glucuronide and a rather large fraction of the parent compound (chapter 
3.4.4, Fig. 3.41, B). It will be further discussed below that in this and other studies with fish 
using water application, only little unconjugated EE2 was detected in the gall bladder 
(chapter 3.4.4, Fig. 3.41, A; chapter 4.4.4). The presence of considerable amounts of EE2 
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in the bile of fish exposed via food, which only contained conjugates, is thus in contrast to 
results for water exposed fish, which took up the parent compound itself.   
Comparison of the elimination velocity following two realistic exposure scenarios, i.e. 
uptake of freely dissolved EE2 via the aqueous phase and feeding on EE2 contaminated 
prey, delivered first indications on different progress in distribution and (de-)conjugation 
processes, which will be further discussed below (chapter 4.4.3; 4.4.4). It was derived from 
tests with several invertebrates (chapter 3.2.4; 3.3.4; 3.4.2) that living food of carnivore fish 
had generally subjected the compound to biotransformation. Hence, dietary intake of the 
parent compound was not evaluated here although this exposure pathway might also 
significantly contribute to bioaccumulation of EE2 in fish. Ingestion of food particles, other 
suspended material, sediment, or dead prey, for which the waterborne compound was 
shown to have a high affinity (chapter 1.2.2; chapter 4.3.2), will result in the presence of 
EE2-particle complexes in the gastrointestinal system. The absorption efficiency of EE2 
and its hydrophilic products from the gut into the bloodstream is likely to differ. Moreover, 
assimilation and subsequent distribution, transformation, and excretion of the compound 
will depend on possible dissociation of EE2 from the material it was sorbed to. As was also 
discussed to play a role in the accumulation of chemicals by chironomids (chapter 4.3.2), 
the digestibility of the matrix might influence the bioavailability of ingested EE2 to fish as 
well. Uptake of the parent compound with natural food and its subsequent circulation and 
metabolism in fish has not been studied yet. One recent study shows that EE2 associated 
with manufactured nanoparticles (fullerenes, nC60) taken up via a diet of brine shrimps 
(Artemia sp.) was not bioavailable for zebrafish (Park et al., 2010). This example is most 
probably not suitable for comparison of uptake of EE2 sorbed to other edible organic 
material, since fullerenes are not likely to be digestible, and because interaction between 
the compound and this highly hydrophobic material might be strong. Such observations 
were also made in tests performed at our laboratories, in which the presence of another 
nanomaterial of similar composition (carbon nanotubes, CNT) or of dissolved organic 
carbon (DOC; Aldrich humic acid) was shown to lower the bioavailability of EE2 to male 
zebrafish, exposed to the compound via the water phase (Lögers, 2010). Altogether, more 
research is necessary to investigate the possible consequences of dietary intake of EE2. 
This will be discussed further on, when dealing with the effect of EE2 on the VTG induction 
after exposure of male zebrafish to the parent compound via the water and to its products 
via different prey organisms (chapter 4.4.5). It can be concluded from the present chapter 
that EE2 and its sulphate ester are rapidly eliminated by fish feeding on invertebrates 
containing conjugates as a result of their own biotransformation mechanisms. The fact that 
the glucuronide metabolite can be partly reconverted to EE2 in predators was shown for 
the first time. Excretion seemed to be incomplete since the incorporated amount of 
radioactivity in fish remained constant after an initial period of quick depuration. These 
findings are important with regard to possible biomagnification of EE2 in the aquatic 
environment. Although the present study provides first insights with respect to this topic, 
further profound examinations are required since no similar research has been performed 
in the past.  
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4.4.3 Distribution of 14C-EE2 and metabolites to fish tissues 
after water and dietary exposure 
To gain information on the distribution of 14C-EE2 and its conjugates after incorporation via 
the water and the food, the residues of radioactivity in different fish tissues were measured 
(chapter 1.2.3; 1.3.1). By determination of the relative amounts allocated to the brain, the 
gonads, and the liver, it was aimed at comparing the possibility of toxic action (binding to 
estrogen receptors) of EE2 following uptake via both pathways. Alterations in the fractions 
associated with the organs of the digestive system (gut, liver, gall bladder) were monitored 
over time to explain metabolism and elimination processes. Together with the proportion in 
the blood, this data was used to reveal possible enterohepatic recirculation. Residues in 
the gills, the gut, and the skin were related to their role in uptake of the compound(s) as 
well as excretion processes. To support the findings, the radioactivity content of the water 
was monitored. Finally, it was evaluated whether a part was distributed to the filet, and 
could be taken up by human that consume fish of EE2 polluted areas. Despite of its 
widespread use, continuous release in the aquatic environment, and its high estrogenic 
potency, to our knowledge no such data are available till now. 
In a first test series, it was observed that administration of uncontaminated food during 
water as well as dietary exposure resulted in facilitated elimination of radioactivity by fish 
(chapter 3.4.3). When 14C-EE2 was initially applied to the medium and the animals were 
fed once a day, the water concentration was lower after the first than after the second day, 
whereas the content remained constant in that time frame when the fish were only fed at 
the beginning of the experiment (chapter 3.4.3, Fig. 3.38, WE1 vs. WE2). In case the fish 
did not receive any food over the exposure period, they still accumulated a lot of radio-
activity from the aqueous phase during the last day, and hence, the water EE2 level was 
clearly lowest at the end (chapter 3.4.1, Fig. 3.34, A & Fig. 3.35, A). From these results, it 
can be derived that no feeding, one time feeding, and repeated feeding resulted in 
elimination of lower, equal, and higher amounts of radioactivity than was taken up between 
24 and 48 h of water exposure. Furthermore, it was shown that waterborne 14C-EE2 was 
largely and quickly (within 24 h) distributed to the gut of fish, independent of the feeding 
regime (chapter 3.4.3, Table 3.12 & Table 3.14). Therefore, it was concluded that the 
compound was more quickly metabolized when food was to be processed, and/or was 
bound to the (digested) organic mass during its passage through the intestinal tract. It is 
likely that sorption of EE2 to faeces might have partly prevented enterohepatic 
recirculation, resulting in more rapid excretion of the substance. This assumption is 
supported by the fact that radioactivity released to the medium by all water exposed fish 
consisted only of the parent compound (chapter 3.4.1; chapter 3.4.3, Fig. 3.40, A). It 
implies that it is possible that the short-term test without feeding used to derive the BCF 
based on kinetics (and not on steady-state concentrations in fish and water) represents a 
worst-case scenario for EE2. Although the residence time of the compound might be 
reduced due to obviation of EE2 reabsorption in the gut, uptake of contaminated medium 
is probably higher when the fish ingest food particles or prey present in the water. 
However, no differences were observed in the relative amount of radioactivity in the gut of 
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48 h water exposed fish that were fed twice (WE1; 42 ± 4%; chapter 3.4.3, Table 3.12) or 
not fed at all (46 ± 10%; chapter 3.4.3, Table 3.14). The fish that were nourished only 
once, were selected for their larger size and are not considered for this comparison since 
branchial respiration might have been more important for these compared to the other 
animals. The latter is reflected by an obviously larger percentage in the gills, which might 
have changed the relative distribution picture (chapter 3.4.3, Table 3.12). The possible 
routes for uptake of (freely dissolved) chemicals by fish have been extensively described 
in the introduction (chapter 1.2.3). Transport of organic compounds from the exterior 
environment to the bloodstream along the counter-current mechanism in the gills is 
considered very efficient. The fractions of radioactivity associated with the gills and 
detected in blood of fish following 14C-EE2 exposure via water were however very small 
compared to those in the gut (chapter 3.4.3, Table 3.12 & Table 3.14). This means that the 
compound was either rapidly distributed via the blood to the intestinal tract following 
branchial uptake, or was ingested by the fish swallowing water. Indeed, waterborne EE2 
was quickly directed to the gut of fish, even when they had no food available. As was 
mentioned before, freshwater fish do not orally regulate the osmotic pressure in their body, 
but are known to drink small amounts of water. This can become more in case of stress. 
For example, the presence of toxicants has been shown to elicit this so-called stress 
induced drinking (Smith et al., 2007). It is not known whether EE2 causes this response in 
male zebrafish, but the test concentration (1 µg/L) was probably high enough to disturb 
their hormone balance. This and the fact that the fish were exposed individually might 
have been quite stressful for the organisms. Next to induced drinking, uptake via the 
alimentary system might have occurred when the fish snatched particles while searching 
for food. Because of the clarity of the test medium, the latter is believed to have happened 
to a rather less extent. It was more difficult to interpret the influence of adding 
uncontaminated food in case of dietary exposure, since two different organisms were used 
as spiked prey. Unexposed Artemia nauplii were administered to fish, which were applied 
a diet of chironomid larvae containing EE2 products (CE). Those fed spiked blackworms 
(BE) were not additionally fed. Elimination by fish that had ingested both EE2-exposed 
chironomids and clear shrimps eliminated considerably faster (75% in one day; chapter 
3.4.3) than those that consumed only worms (50% in one day; chapter 3.4.2, Fig. 3.36). 
This might have been caused by a difference in the digestibility of the different food 
matrices (chironomids vs. blackworms), resulting in different EE2 assimilation efficiencies. 
According to the composition of conjugates in these invertebrates though, the opposite 
would have been expected, i.e. quicker excretion after worm consumption. Indeed, worms 
contained a lot of sulphated EE2 (chapter 3.4.2, Fig. 3.37, A), whereas almost all radio-
activity in chironomid larvae consisted of EE2 glucuronide (chapter 3.4.3, Fig. 3.40, B). As 
was already mentioned (chapter 4.4.2) and will be further discussed below (chapter 4.4.4), 
the sulphate ester of EE2 is believed to reside in the fish for a shorter time. Therefore, it 
was again suggested that the presence of unpolluted food in the gut (CE treatment) was 
responsible for the quicker release of EE2 after consumption of chironomids compared to 
after feeding blackworms only (BE treatment).  
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As was explained above as well, EE2 which was formed by deconjugation of its 
glucuronide in the gut was probably not subjected to reabsorption in the bloodstream, but 
bound to the food mass and directly excreted with the faeces. Furthermore, the availability 
of food might have shortened the time for EE2 and its metabolites to pass through the 
gastrointestinal system due to more frequent release of bile from the gall bladder in the 
gut. In other words, the storage time of radioactivity in the gall bladder might have been 
longer when the fish were not fed. This is supported by the fact that the latter organ could 
not be detected in most of the fish that received additional nourishment, whereas it was full 
in those that did not obtain any extra food (chapter 3.4.3, water exposed fish: Table 3.12 
vs. Table 3.14 and dietary exposed fish Table 3.13 vs. Table 3.15). Zebrafish that were 
meant to consume spiked daphnids (DE treatment) were unable to successfully attack 
their prey. Within one day of chasing, they ate only half of the applied amount, leaving the 
rest of them alive or mortally injured. Due to quick release of radioactivity by living 
daphnids and possibly also by dead ones, the fish were exposed to 14C-EE2 and its 
sulphatide via the water next to to the parent compound and mainly its glucoside via the 
diet (chapter 3.4.3, Fig. 3.40, E & D; chapter 4.2.4). After 48 h, only a little fraction of the 
compounds were incorporated by these animals compared to by those of the other 
treatments (chapter 3.4.3, Fig. 3.39). From this finding, it can be derived that waterborne 
EE2 sulphate ester is not largely taken up from the aqueous phase, and that ingestion of 
glucoside was followed by quick excretion, as was already discussed to be the case for the 
sulphate conjugate as well (chapter 4.4.2). This was confirmed by the results of the effect 
test, where no VTG was produced in zebrafish even though they had consumed all applied 
daphnids. Hence, it seems that feeding EE2 glucoside was harmless, whereas ingestion of 
the glucuronide via a diet of chironomids led to high VTG induction (chapter 3.4.5, Fig. 
3.42; chapter 4.4.5). It remains to be investigated whether the glucoside conjugate was 
reconverted to the parent compound before elimination, or whether it was excreted as 
such. Since no effects were observed, it is likely that it remained inactive and was thus not 
deconjugated in the gut. Traces of a product with a retention time of 4 min were indeed 
detected in the extract of water in which fish had digested daphnids (chapter 3.4.3, Fig. 
3.40, E). This might have concerned EE2 glucoside, since it seemed that the other product 
that appeared at 4 min in the HPLC chromatogram, i.e. EE2 glucuronide, was not excreted 
by fish as such, but was deconjugated in advance. The latter can be derived from the 
results of HPLC analyses of water extracts obtained after exposure of fish via a diet of 
spiked chironomids or via the medium. Although fish, which were fed chironomid larvae, 
mainly ingested EE2 glucuronide, basically only the parent compound was excreted to the 
water phase (chapter 3.4.3, Fig. 3.40, B & C). Similarly, the bile of water exposed fish 
mainly contained the glucuronic acid of EE2 (chapter 3.4.4, Fig. 3.41, A), but this product 
was not detected in the medium (chapter 3.4.3, Fig. 3.40, A).  
Radioactivity was detected in all examined tissues and the blood of fish of all treatments 
(chapter 3.4.3, Table 3.12, Table 3.13, Table 3.14, Table 3.15). The largest fraction was 
present in the organs of the alimentary system. At the first time water exposed fish were 
collected (24 h), the relative amount of radioactivity in the gastrointestinal tract amounted 
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to 50 ± 23% (chapter 3.4.3, Table 3.14). The term gut used in the results section should be 
understood as the digestive system without the liver and gall bladder, but including the 
stomach and (un)digested food mass (chapter 2.6.3). In three out of five fish, between 60 
and 70% of the internalized amount was present in this compartment. Since the gut of the 
two other animals contained a considerably lower fraction at that time (ca. 20 and 30%), a 
large standard deviation on the mean of five replicates was obtained. In one of the latter 
fish, an extremely high proportion was detected to be associated with the skin and filet, i.e. 
40% and 18%, respectively. These values were later rejected to calculate the mean of the 
replicates because they presented outliers for these tissues. The other fish with low gut 
radioactivity content after 24 h showed high bile concentrations (18% compared to a mean 
of 8%, chapter 3.4.3, Table 3.14). It was already described before that variability between 
individuals might have originated from differences in the time points at which metabolism, 
digestion and excretion processes occurred, such as bile secretion from the gall bladder in 
the gut after storage, reabsorption of digested material (containing EE2 from deconjugated 
metabolites) in the blood current, and release of faeces to the water phase. Due to the 
large amounts of radioactivity detected in the gut compared to in the gills and blood after 
24 h of water exposure, it was assumed that ingestion by stress-induced drinking was (at 
least partly) involved in EE2 uptake. However, a recent study with zebrafish showed that 
remarkable amounts of sex hormone-binding globulin (SHBG), produced by hepatocytes 
of the fish liver and circulated with the blood, accumulated in the gills (Miguel-Queralt and 
Hammond, 2008). The authors found that SHBG, normally regulating the access of natural 
sex steroid to target tissues, could be used by xenobiotic ligands as a portal to cross the 
fish gills. It was stated that steroids sequestered from the water in this way are rapidly 
dispersed from the gills and directed to peripheral tissues (Miguel-Queralt and Hammond, 
2008). Hence, it is still possible that branchial uptake followed by quick distribution to the 
gastrointestinal system was the main pathway of the waterborne test compound of the 
present work. In fact, Miguel-Queralt and Hammond (2008) reported that SHBG has a 
higher affinity for EE2 than for any natural steroid (such as E2 and testosterone) or other 
xeno-estrogens (e.g. BPA). Moreover, it was demonstrated that zebrafish, exposed to 0.22 
µg EE2/L in 20 mL water, removed 70% of the compound from the medium in 90 min. In 
contrast, fish that were contemporaneously subjected to hypothermic anaesthesia, were 
unable to sequester waterborne SHBG ligands (Miguel-Queralt and Hammond, 2008). 
Based on these results, the authors suggested that gills must play a key role in the uptake 
process of EE2 by fish. They indeed exclude diffusion of the compound across the skin in 
the tested time frame, but do not rule out possible stress-induced drinking. One day after 
introducing fish in 14C-EE2 spiked water or administering them a 14C-EE2 metabolites 
containing diet, about 7% of the incorporated radioactivity was associated with the skin of 
each fish independent of the exposure route (chapter 3.4.3, Table 3.14 & Table 3.15). 
Possible EE2 uptake via the skin would be expected much more obvious in case of water 
application because of direct contact between the fish tissue of concern and the compound 
in the surrounding medium. Since this was not the case, as dietary intake led to the 
presence of similar relative amounts of radioactivity in the skin, it can be assumed that 
EE2 was distributed from the fish interior to its surface. It therefore seems that dermal 
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excretion and/or accumulation were more important than dermal absorption. The above 
described results of Miguel-Queralt and Hammond (2008) obtained from tests with numb 
zebrafish support this conjecture. A second experiment performed by the latter authors 
showed that only 3 to 4% of internalized EE2 was returned to the water within one hour 
(20 mL clear medium/zebrafish). They conclude that very little of the compound, taken up 
through SHBG in branchial filaments, is released back into the water by the same route. In 
contrast, high SHBG contents in filament blood normally prevent the loss of endogenous 
steroids by retrieving free ligands that happen to diffuse passively across the gills to the 
water (Miguel-Queralt and Hammond, 2008). It was assumed that the presence of SHBG 
in the filament arteries as well as in the branchial lamellae, which are in intimate contact 
with the water phase, might provide fish gills with an enormous capacity to specifically 
remove steroids from the aqueous environment. Finally, it was summarized that SHBG 
controls the flux of steroids across the fish gills in two directions: next to enhanced uptake 
due to the globulin, branchial release of the hormones was thought to be limited by SHBG 
(Miguel-Queralt and Hammond, 2008). It was already mentioned above that this theory 
was not reflected in the fractions of radioactivity present in the gills and the blood of water 
exposed fish, despite the increasing internal concentrations over 48 h (chapter 3.4.1, Fig. 
3.35, A). About 1% of the total incorporated amount was detected in their gills at all 
sampling times (chapter 3.4.3, Table 3.14). The percentages in both the gills and blood of 
dietary exposed animals were higher and showed an increasing trend over 72 h (chapter 
3.4.3, Table 3.15) although the total body burden continuously decreased during this 
period of time (chapter 3.4.2, Fig. 3.36). It could be calculated that the contemporaneous 
increase in the water radioactivity content was not likely to be the reason for the higher 
distribution of the test substance to the gills of fish applied a spiked diet compared to those 
introduced to 14C-EE2 in solution. Thereto, the gill flow of the test fish was estimated from 
the data of the bioconcentration experiment (chapter 3.4.1, Fig. 3.34, A). Assuming that 
only branchial uptake occurred in that test, and thus ignoring possible alternative path-
ways, 18% of the spiked amount of 5360 Bq flowed through the opercula in 48 h. The gill 
flow was initially set to 0.44 L/(day*g fish ww), i.e. 4.6 mL/h for a male zebrafish of 250 mg, 
a value taken from pharmacokinetic studies referred to by Pickford et al. (2003). It was 
multiplied with the water concentration (Bq/mL) to determine the amount of radioactivity 
removed from the medium in one hour (Bq/h). In this way, the theoretical water content (in 
800 mL) and the concentration one hour after the beginning of the test could be derived. 
Repeating this procedure with time intervals of one hour, the final amount of radioactivity 
expected in the water after 48 h given the applied gill flow could be estimated. Using the 
real end concentration measured in the aqueous phase, the according flux of water across 
the branchial surface could be iteratively determined and amounted to 3.4 mL/h. Of course 
simultaneous elimination during the uptake phase is not taken into account. Nevertheless, 
the 24 h water content obtained with this calculation method corresponded to the one 
measured during the test, i.e. 4860 Bq (or 91%; chapter 3.4.1, Fig. 3.34, A). This means 
that 500 Bq (5360 Bq - 4860 Bq) flowed from the medium over the fish gills within one day. 
From this internalized amount, only 1.5% or 7.5 Bq was found in the gills of 24 h water 
exposed animals (chapter 3.4.3, Table 3.14). Dietary exposed male zebrafish eliminated 
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about 50 and 75% of the administered 1000 Bq dose within 24 and 48 h, respectively 
(chapter 3.4.2, Fig. 3.36). This resulted in a total water radioactivity content of 500 Bq after 
24 h and of 750 Bq after two days and till the end of the experiment. Using the gill flow 
derived above and adding up the amounts of 14C-EE2 removed from 800 mL medium 
(initially containing 500 and 750 Bq) in 24 successive intervals of one hour, it can be 
estimated that about 48 Bq was removed by the zebrafish during the second and about 72 
Bq during the third day of the test. As was mentioned above, in the time frame of one day 
1.5% of the incorporated amount of radioactivity was detected in the gills of water exposed 
fish. Considering this a pure consequence of branchial uptake, the same efficiency can be 
used to estimate assimilation in the gills following water exposure in the dietary test. Here, 
48 and 72 Bq from the medium were calculated to pass the gills between 24 and 48 h, and 
between 48 and 72 h, respectively. Fractions of 1.5% of these amounts correspond to gill 
tissue residues of 0.7 and 1.1 Bq, i.e. to 0.3 and 0.4% of the total body burden, which 
remained constant at about 250 Bq from 48 h after the start of the test till the end (chapter 
3.4.2, Fig. 3.36). The true increases in the average relative gill content were however 
higher: 0.8% during the second and 1.1% during the third day (chapter 3.4.3, Table 3.15). 
Hence, the fraction in the gills was at least partly a result of absorption of radioactivity in 
the bloodstream, and thus, of internal distribution processes. It can be concluded that if 
branchial respiration and specific transport of EE2 were mainly responsible for uptake of 
the compound from the aqueous phase, this led to little accumulation of the compound in 
the gill tissue itself. Furthermore, ingestion of the more hydrophilic metabolites resulted in 
circulation of relatively more radioactivity in the blood. Whether it concerned products or 
the parent substance itself in the latter case remains to be clarified, as will be discussed 
below (chapter 4.4.4). It would be interesting to increase the frequency of sampling events 
at the beginning of future tests to reveal the importance of the different possible uptake 
routes and the distribution pattern of 14C-EE2 and its conjugates directly after incorporation 
of the compounds. A few fish distribution studies with other xeno-estrogens are available, 
which measured branchial residues of waterborne substances. The results confirm that 
such compounds do not tend to accumulate in fish gills. For example, only 1.2% of the 
total body burden of t-OP-derived radioactivity was detected in this tissue after ten days of 
exposure of rainbow trout using a flow through system (Ferreira-Leach and Hill, 2001). 
This percentage is similar to the one obtained in gills of zebrafish subjected to a 14C-EE2 
solution for three days in the present study. Branchial fractions of NP in salmon and of OP 
in rudd decreased over time, when water exposed fish were transferred to clear medium 
for depuration (Arukwe et al., 2000; Pedersen and Hill, 2002). Exposure of salmon to 72 
ng NP/L water for 15 h resulted in equal gill contents as measured 24 h after application of 
25 µg NP via the diet. Both uptake pathways led to lower concentrations in this tissue than 
in the organs (Arukwe et al., 2000). In contrast to our results, in the latter study the fraction 
in the gills decreased over time after ingestion of NP by salmon. It is however difficult to 
compare, since dietary exposure by Arukwe et al. (2000) was performed in sea water that 
was renewed daily, which involves that fish use other excretion pathways with regard to 
osmoregulation. Furthermore, the parent compound was spiked to organic food and was 
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thus most likely not presented to the fish in its conjugated form as was the case in the 
present study.  
Whereas exposure of 14C-EE2 via the water involved continuous uptake of the compound 
by the fish over time, application of spiked invertebrates resulted in intake of a single dose 
of metabolites at the start of the experiment. For both routes some distribution patterns 
could be unravelled from the measurements of radioactivity residues in different tissues 
over time (chapter 3.4.3, Table 3.14 & Table 3.15). As was described above, introduction 
of the fish in a 14C-EE2 solution quickly led to the presence of high amounts of radioactivity 
in the gut (50%) and the liver (13%). It can be derived from the data that the fraction in the 
gut decreased over time and was directed to the gall bladder, whereas the proportion in 
the liver remained more or less constant over time. After 72 h, on average 46% of the total 
incorporated amount of radioactivity was detected in the bile, while this was only 8% after 
24 h. Favoured distribution of an organic compound (3,4-dichloroaniline; Log Kow = 2.7) 
and its metabolites to the alimentary system (liver, intestine and gall bladder) of zebrafish 
following short-term water exposure (48 h) was previously observed (Hertl and Nagel, 
1993). Because of the small size of this test organism, however, mostly larger fish are 
used for tissue residue investigations. Radioactivity originating from waterborne t-OP was 
also shown to mainly partition to the gastrointestinal tract of juvenile rainbow trout and 
sexually mature rudd after ten days of exposure (Ferreira-Leach and Hill, 2001; Pedersen 
and Hill, 2002). Whereas the majority of EE2 residues were present in the gut of zebrafish 
after one day of exposure in this experiment here, the main fraction of incorporated 4-n-NP 
in juvenile salmon and of t-OP in rainbow trout were already detected in the bile of the fish 
after 15 h and 24 h, respectively (Arukwe et al., 2000; Ferreira-Leach and Hill, 2001). It 
should be mentioned that the latter authors also reported conjugation of the compounds 
with glucuronic acid. Hence, both 4-n-NP and t-OP were subjected to phase II bio-
transformation followed by biliary excretion just like EE2 (chapter 4.4.4). In the latter 
studies, more fish compartments were sampled than was possible to distinguish in small 
zebrafish. Here for example, the spleen, different parts of the digestive tract and kidneys 
could not be isolated. Information on the distribution of EE2 between the stomach, pyloric 
caeca, pancreas, intestine, faeces and urine of fish are not available.  
This is in fact the first time an attempt was made to completely balance the partitioning of 
this compound to different fish tissues. Studies referred to in the following, mostly 
presented EE2 contents in one separate organ of interest. A few others analyzed up to 
four fish compartments after EE2 exposure via the water. It has been shown in a study 
with male rainbow trout, that the content of EE2 in the liver was at equilibrium after 16 h of 
water exposure (ca. 125 ng EE2/L) and remained constant till the end of a 456 h period 
(Skillman et al., 2006). Similarly, as was mentioned above, no fluctuations were observed 
over time in the current experiment (from 24 to 72 h) in the relative amounts of radioactivity 
in the liver of zebrafish exposed to EE2 via the water (chapter 3.4.3, Table 3.14). Several 
reports, which were already listed in the introduction (chapter 1.2.3), presented data from 
analyses of EE2 and its glucuronide conjugate in the gall bladder of fish. Only in the above 
mentioned test of Skillman et al. (2006) with male rainbow trout, bile concentrations were 
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monitored over time. After about 12 days of exposure, a maximal level was measured, 
which did not considerably change afterwards. The corresponding Cbile/CW value could be 
derived from the data and amounted to about 20*103. An average accumulation factor (72 
h Cbile/CW) of 41*103 was obtained for water exposed zebrafish in the present study 
(chapter 3.4.3, Table 3.16), but it remains to be examined whether the radioactivity content 
in the gall bladder had reached equilibrium at that time, or whether there would still be an 
inter-change with the gut when uptake would be continued (chapter 3.4.3, Table 3.14). 
Similar biliary concentration values, i.e. 45*103 and 42*103, were found for juvenile turbot 
subjected to 3.5 and 75 ng EE2/L medium for 15 days (Labadie and Budzinski, 2006). It 
was demonstrated that the ratio of the content of (conjugated and parent) EE2 in the gall 
bladder and the water could greatly vary (Larsson et al., 1999). A value of 7200 was 
determined after exposure of juvenile rainbow trout to 50 µg EE2/L for only 48 h in the 
laboratory, whereas Cbile/CW amounted to 85*103 and 277*103 when the fish were caged 
downstream of an STP, whose effluent contained 4.7 ng EE2/L, for two and four weeks, 
respectively (Larsson et al., 1999). Still, lower ratios (ranging between 4000 and 6000) 
have also been estimated for concentration of EE2 in the bile of sexually mature roach 
introduced to an effluent for ten days (Gibson et al., 2005a). Very recently, the latter 
working group reported detection of the substance in the gall bladder of wild roach caught 
in River Thames (Fenlon et al., 2010). The report of Schultz et al. (2001), in which the 
kinetics of EE2 after injection were examined and which was already mentioned above 
(chapter 4.4.2), shows a similar relative distribution of EE2 to the gall bladder of male trout 
as observed here after both water and dietary exposure of male zebrafish. About 13.5% of 
a 1 mg EE2/kg dose was detected in the bile and 23% was excreted within 48 h after intra-
arterial injection (Schultz et al., 2001). Given the average trout weight of 0.7 kg, it can be 
calculated that the biliary fraction of the total incorporated part of the dose amounted to 
17.5%. In zebrafish, about 25% (mean of 5 replicates) of the internalized radioactivity was 
distributed to the bile following water exposure during 48 h as well as two days after spiked 
prey ingestion (chapter 3.4.3, Table 3.14 and Table 3.15). Altogether, it seems that the 
uptake route has no big influence on the efficient transport of the test compound and its 
metabolites to the gall bladder.  
Dietary administration of EE2 or its products to fish was not performed in distribution 
studies up to now. Hence, no data are available for comparison. It is logic that orally 
incorporated compounds primarily enter the digestive system. In contrast to during water 
exposure, high amounts of radioactivity were already detected in the bile, 24 h after 
consumption of a spiked invertebrate diet (chapter 3.4.3, Table 3.15). As was described 
above, metabolism might already occur at the beginning of the gastrointestinal tract 
(chapter 1.2.3). The presence of the parent molecule in the gall bladder indicates that 
conjugated EE2 might indeed have been hydrolyzed soon after ingestion (chapter 3.4.4, 
Fig. 3.41, B). The acidic environment of the stomach is not supposed to be sufficient to 
result in cleavage of EE2 glucuronide and sulphate ester. However, deconjugation might 
have happened in the liver by activity of the enzymes -glucuronidase (next to glucuronyl-
transferase) and/or sulphatase (Clarke et al., 1991; Ferreira-Leach and Hill, 2001). If EE2, 
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originating from products in the diet, was already present in the gut or liver before being 
passed on to the gall bladder, and if that would be the explanation for the presence of the 
parent compound in bile, uptake of waterborne EE2 by stress-induced drinking would be 
expected to result in similar transport. In case of exposure via the medium, only a little part 
of the radioactivity in the fish bile consisted of unconjugated EE2 (chapter 3.4.4, Fig. 3.41, 
A). It remains thus to be clarified, whether fish really drank little parts of the EE2 solution, 
and where conversion of products into the parent compound occurred. It is still possible 
that deconjugation only appeared by enzymes of E. coli in the intestine, at the end of the 
digestive tract. This would mean that EE2 would only arise in bile after enterohepatic 
recirculation in case of dietary exposure. Transformation and reconversion processes of 
EE2 and its conjugates will be further discussed below (chapter 4.4.4). Two days after 
feeding the animals, most of the radio-activity that was not eliminated yet was detected in 
the gut. This clearly indicates that a large fraction was excreted from the gall bladder to the 
gut between 24 and 48 h (chapter 3.4.3, Table 3.15). In this same time frame, release of 
radioactivity was still quick (chapter 3.4.2, Fig. 3.36). Hence, it is reconfirmed that biliary 
clearance is very likely the main route for depuration of EE2 from zebrafish. It is however 
stressed that the kidneys were not separated and that no urine samples were taken. 
Excretion via this pathway was assumed to be negligible since freshwater fish actively take 
up electrolytes via the gills and remove excess water with the urine, which is consequently 
largely diluted. It was for example suggested that urinary elimination of phenolic 
compounds was important for Atlantic salmon, which was exposed in sea water, but not for 
rainbow trout kept in freshwater. Only in the saltwater experiment, NP glucuronide was 
detected in fish urine samples at considerable amounts (Thibaut et al., 1999; Arukwe et 
al., 2000). Biliary excretion was the main NP depuration pathway in both studies, and thus, 
for trout as well as for salmon. The radioactivity content in the water and the total zebrafish 
body burden did not alter between the last two days (48 to 72 h) of the test involving water 
application (chapter 3.4.3, data not shown). Hence, possible further uptake was likely to be 
compensated by elimination. In that time frame, the fraction in the gut decreased. This was 
probably not only due to secretion of metabolites, produced in the liver, from the gut into 
the gall bladder, but also due to reabsorption of deconjugated EE2 in the blood current 
next to release into the medium (chapter 3.4.3, Table 3.14). Indeed, significantly higher 
percentages were available in the bloodstream after three (1.5 ± 0.9%) compared to after 
two days (0.2 ± 0.0%) of water exposure, which might indicate enterohepatic recirculation.  
The levels of radioactivity in the blood were finally about 150 times higher than the water 
concentration (chapter 3.4.3, Table 3.16). Cplasma/CW values of EE2 were previously 
reported in the above described longer studies of Labadie and Budzinski (2006) and 
Skillman et al. (2006), and amounted to 200 - 300 for juvenile turbot and to 480 - 720 for 
male rainbow trout. An apparent equilibrium of EE2 between the liver, blood plasma and 
exposure water was observed in trout after 16 h (Skillman et al., 2006). An EE2 
concentration profile showing a multi-exponential decline was obtained during monitoring 
of plasma levels in trout injected with a single dose (Schultz et al., 2001). This clearly 
indicates enterohepatic recirculation, and seems more conform to our results. However, 
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here the relative blood content was higher after 72 h (1.5 ± 0.9%) compared to after 24 h 
(0.6 ± 0.0%), and did thus not decrease over time (chapter 3.4.3, Table 3.14). This can be 
explained by further uptake from the water in that time frame, which adds to the part that is 
reabsorbed from the gut in the bloodstream after biliary excretion over time. The Cblood/CW 
ratio of 150 obtained in the present study for waterborne EE2 in male zebrafish is similar to 
the previously determined BCFplasma of 174 calculated for the natural analogue of EE2, i.e. 
E2, in male fathead minnow (Kramer et al., 1998). Lower or similar plasma concentration 
factors (<200) were reported for other xeno-estrogens (and their metabolites) in different 
fish. Examples derived from former research are 80 and 168 for t-OP in juvenile rainbow 
trout and male rudd (10 days Cblood/CW; Ferreira-Leach and Hill, 2001; Pedersen and Hill, 
2002), 5.6 for BPA in juvenile rainbow trout (7 days Cplasma/CW; Lindholst et al., 2001; 
2003), and 2.4 for 4-n-NP in juvenile salmon (15 h Cblood/CW; Arukwe et al., 2000). As for 
dietary uptake, no data on the distribution of EE2 to blood were available till now. The ratio 
between the experimentally derived radioactivity contents in blood of zebrafish and water 
was determined 72 h after feeding the organisms, and amounted to about 2000 (Cblood/CW; 
chapter 3.4.3, Table 3.16). The excretion process following ingestion resulted in increasing 
concentrations of 14C-EE2 (and possibly its conjugates) in the medium. An apparent 
equilibrium in the partitioning of the radiolabelled compounds between animals and the 
aqueous phase must have been reached after 48 h the latest, i.e. at sometime between 
the first day and the second day (chapter 3.4.2, Fig. 3.36). This does not necessarily imply 
that internal distribution processes were at steady state yet. In order to determine bio- 
accumulation factors, repeated administration of spiked prey over a longer time period 
would most probably be required. Nevertheless, the data delivered preliminary insights in 
distribution and accumulation during depuration after application of a single oral dose. In 
the above described study of Arukwe et al. (2000), results of a similar examination dealing 
with NP residues in Atlantic salmon were presented. The radioactivity concentration was 
lower in the blood than in all other body fluids, organs and tissues and decreased with time 
after non-recurring ingestion of spiked food (Arukwe et al., 2000). It seems that the dietary 
exposure route is in general scarcely used to investigate accumulation of xeno-estrogens 
in fish. However, a study is available, in which juvenile rainbow trout were repeatedly fed 
BPA spiked food pellets for a time period of 12 days (Bjerregaard et al., 2007). Afterwards, 
plasma, muscle, and liver samples were analyzed to determine the contents of BPA (and 
its glucuronide) in these fish compartments. Since Lindholst et al. (2001; 2003) performed 
those measurements as well, but after exposure of this fish species to BPA via the water, 
accumulation, distribution, and metabolism following the different uptake pathways could 
be compared. Cplasma/Cwater values of 5.6 and 1339 could be estimated from the presented 
results obtained after water and dietary application of BPA to fish, respectively, whereby 
the molar contents of both the parent compound and its glucuronide were added (Lindholst 
et al., 2001; 2003; Bjerregaard et al., 2007). In case of oral administration, about 200 mg 
of food containing 29 mg BPA/kg (= 127 µmol/kg) was given to fish weighing about 100 g 
every second day, which corresponds to 250 nmol BPA/kg ww in two days (Bjerregaard et 
al., 2007). It was already calculated above that the dose of EE2 products fed to zebrafish 
was about 8 times higher and amounted to 2 µmol/kg ww (chapter 4.4.2). Both the results 
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of the present study with EE2 and zebrafish (chapter 3.4.3, Table 3.16) and the data of the 
three reports concerning BPA accumulation in trout (Lindholst et al., 2001; 2003; 
Bjerregaard et al., 2007) indicate that concentrations of moderately lipophilic chemicals in 
plasma tend to exceed the water content to a much greater extent when fish are exposed 
via the food compared to when they are introduced to spiked medium. This is rather logic 
since the aqueous concentration remains comparably low in case only the food is 
contaminated, definitely in longer term experiments where the water is periodically 
renewed. Such scenario could be environmentally realistic, when prey or other 
nourishment drift from a polluted area to a clean fish habitat. Since invertebrates were 
shown to be insensitive to EE2 (chapter 4.2.5 and 4.3.5), they might survive sites close to 
a WWTP with a heavily contaminated effluent where fish are extinct. After having 
concentrated the estrogen, they might move on to unpolluted parts of the aquatic 
ecosystem, which do contain predator target organisms before they completely excreted 
the substance. In case fish are living in an EE2 contaminated area, it is unlikely according 
to our previous results of tests with organisms of lower trophic levels (chapter 4.1, 4.2, and 
4.3) that their prey would not be loaded with the compound and/or its conjugates. It was 
suggested in a recent report that fish at a higher position in the food chain accumulate 
more EE2 than those at a lower level (Al-Ansari et al., 2010). The authors based on the 
observed correlation between lipid normalized EE2 concentrations in wild shorthead 
redhorse suckers of a Canadian river and the stable isotope ratio of nitrogen, which may 
reveal carnivory among individuals. However, the EE2 content in possible living prey, other 
food material, and the water were not determined in the study of Al-Ansari et al. (2010). 
Hence, biomagnification could not be proven.  
The fluctuations observed in the relative amounts of waterborne radioactivity in the brain 
over time were similar as those of the corresponding proportions in the blood. This is the 
first study that delivers data on the presence of EE2 in fish brain after both water and 
dietary exposure, showing that EE2 can pass the blood-brain barrier of fish (chapter 3.4.3, 
Table 3.14 & Table 3.15). The fact that EE2 can accumulate in the brain was also stated 
by Miguel-Queralt and Hammond (2008), but the authors refer to unpublished results. 
Hence, additional evidence is provided here for recent effect studies attributing alterations 
in neuroendocrine circuits to action of the test compound at estrogen receptors of the 
hypothalamus-pituitary axis (e.g. Swapna and Senthilkumaran, 2009; Vosges et al., 2010). 
As can be derived from the summary on currently available information about endocrine 
toxicity of EE2 to fish, presented above, former research basically used direct reproductive 
endpoints with the gonads as target organs, or often focused on the liver as a surrogate 
target by performing a VTG assay (chapter 1.3.1, Table 1.3). Residues of 3,4-dichloro-
aniline and 2,3,7,8-tetrachlorodibenzo-p-dioxin have also been detected in zebrafish brain, 
i.e. after 48 h of exposure via the medium and after chronic application via the diet, 
respectively (Hertl and Nagel, 1993; Heiden et al., 2005). Xeno-estrogens were also 
shown to penetrate the blood-brain barrier of several other fish species, for example water-
borne 4-n-NP in juvenile salmon and t-OP in rainbow trout (Arukwe et al., 2000; Ferreira-
Leach and Hill, 2001). Compared to those other studies, the obtained ratios between the 
DISCUSSION 
206 
 
EE2 content in the brain and the water were rather high, amounting to 852 and 2064 L/kg 
dw after water and dietary exposure, respectively (chapter 3.4.3, Table 3.16). Applying the 
conversion factor between wet and dry weight (4.2; chapter 3.4.1), values of about 200 
and 500 L/kg wet weight can be derived. A 10 days Cbrain/Cwater of 116 on rainbow trout wet 
weight was for example determined for t-OP taken up via the water phase (Ferreira-Leach 
and Hill, 2001). Accumulation of xeno-estrogens in fish via the ingestion route has not 
been in focus of researchers to the same extent, and no brain BAFs were found for 
comparison. The relative amount of radioactivity in the gonads was similar to the portion in 
the brain at all time points and independent of the exposure pathway (chapter 3.4.3, Table 
3.14 and Table 3.15). This reveals an equal distribution of the compound to both zebrafish 
compartments via the bloodstream. 
From all tissues of the hypothalamus-pituitary-gonad-liver axis, the largest fraction was 
present in the liver. This finding implies that endpoints basing on processes occurring in 
this organ, like VTG induction, were not without a reason shown to be good indicators for 
endocrine disruption by estrogens in fish (chapter 1.3.1). However, the results of the test in 
which fish were fed with spiked prey show that the final fraction of radioactivity in the liver 
(6 ± 4%) did not differ to a great extent from the proportion in the blood current (4 ± 3%). 
The average relative parts in the gonads and the brain were higher after 24 h compared to 
after 72 h, and thus, showed an increasing trend over time (chapter 3.4.3, Table 3.15). 
Therefore, it would be interesting to perform an extended version of this test, using the 
methodology of the effect test where feeding was repeated (chapter 2.6.5). This would 
allow identifying those fish tissues in which 14C-EE2 is likely to accumulate the most, when 
they chronically consume contaminated prey. It should be mentioned that such experiment 
would be quite cost-intensive since lots of substance would be required to pre-expose the 
invertebrates, which also involves the production of large amounts of radioactive waste. 
EE2 was previously detected in both testes and ovary extracts of rainbow trout and roach 
exposed to WWTP effluents (Gibson et al., 2005a). However, distribution of the substance 
to and its potential to accumulate in the gonads of fish was not examined before. As was 
mentioned above, there are also no former reports delivering information about deposition 
of EE2 in their brain. To our knowledge, EE2 partitioning to and concentration in the liver 
of fish has only been investigated once (Skillman et al., 2006). Hence, the accumulation 
potential of EE2 in fish tissues possessing estrogen receptors has not been intensively 
examined even though they present targets for its endocrine disrupting action (chapter 
1.3.1).  
Distribution of other reproductive toxicants, but not of steroid hormones, to gonads and 
liver of zebrafish was formerly reported. After exposure of this fish species to radiolabelled 
3,4-dichloroaniline (Log Kow = 2.7) via the medium (for 48 h), more radioactivity was 
present in the liver than in the gonads of this species (Hertl and Nagel, 1993), but the 
difference between the fractions in both organs was not so high as for 14C-EE2 (chapter 
3.4.3, Table 3.14). Higher relative amounts (4 to 7%) of dietary applied 2,3,7,8-
tetrachlorodibenzo-p-dioxin (Log Kow = 6.8) were detected in the ovaries of zebrafish after 
feeding them spiked food pellets at a frequency of five days per week for four weeks in 
DISCUSSION 
207 
 
total (Heiden et al., 2005). Gathering the results of those studies and the present one, it 
seems that EE2, being moderately lipophilic, shows an intermediate potential for 
accumulation in fish gonads. To make a reliable comparison with the report on the highly 
hydrophobic dioxin though, longer dietary experiments should be performed. The gonads 
are not often included in evaluations of the tissue distribution of xeno-estrogens in general. 
Of all studies already referred to above, only Pedersen and Hill (2002) analyzed this fish 
compartment. A 10 days Cgonads/CW value of 260 can be extracted from their data on 
concentration of t-OP (Log Kow = 4.2 = Log Kow(EE2)) and its products in testes of male 
rudd. The content of EE2-derived radioactivity in testes of male zebrafish divided by the 
water concentration was in the same range, amounting to 420 on ww (= 1760 on dw; 
chapter 3.4.3, Table 3.16), after three days of exposure to EE2 via the water. Higher levels 
of the test compounds (and their metabolites) were detected in the liver than in the gonads 
of both fish. With a 72 h Cliver/CW value of 4500 on ww (19,000 on dw; chapter 3.4.3, Table 
3.16) EE2 (conjugates) accumulated to a higher extent in the liver of male zebrafish 
compared to t-OP and its products in the same organ of male rudd (10 days Cliver/CW: 
1600; Pedersen and Hill, 2002) and of juvenile rainbow trout (10 days Cliver/CW: 1000; 
Ferreira-Leach and Hill, 2001). A much lower BCF than our 4500 ratio was also reported 
for EE2 itself in trout liver (800; Skillman et al., 2006). Even lower liver concentration 
values were obtained after exposure of juvenile salmon to 4-n-NP (15 h Cliver/CW: 28; 
Arukwe et al., 2000) and of juvenile rainbow trout to BPA (7 days Cliver/CW: 28; Lindholst et 
al., 2001; 2003). As for accumulation in fish liver after dietary application of estrogenic 
compounds, it is again referred to another BPA study of the latter working group where 
rainbow trout was used as test species as well (Bjerregaard et al., 2007). A Cliver/CW ratio 
of 200 can be derived from the presented results of an experiment, in which 200 mg food 
containing 270 mg BPA/kg was administered to fish of 100 g wet weight at every second 
day for eleven days. This corresponds to 2.3 µmol/kg fish ww, which is about the same 
dose as the one of EE2 conjugates present in blackworms used to feed zebrafish in the 
current study (chapter 4.4.2). Between two and three days after consumption of a single 
spiked worm diet, the radioactivity content in the zebrafish and the water were at 
equilibrium and the 72 h Cliver/CW value amounted to 3100 (13,000 on dw; chapter 3.4.3, 
Table 3.16). Bjerregaard et al. (2007) used a flow-through system to assure continuous 
supply of clean water and performed partial medium renewal. However, analyses at days 
six and ten of the test revealed the presence of BPA in the aqueous phase and the 
measured concentrations at both time points were equal. It was stated that quick excretion 
led to retention of less than one percent of the consumed BPA dose in the examined fish 
compartments, i.e. plasma, liver and muscle (Bjerregaard et al., 2007). It should be 
mentioned that BPA glucuronide was not taken into account in that calculation. Zebrafish 
retained 25% of a 1000 Bq dose consisting of EE2 conjugates (chapter 3.4.2, Fig. 3.36 & 
Fig. 3.37). From a body burden of 250 Bq, about 6%, 4%, and 8% were detected in liver, 
blood, and filet, respectively (chapter 3.4.3, Table 3.15). Hence, 45 Bq or 4.5% of the 
ingested radioactivity was present in those fish compartments. Also in case of water 
exposure of zebrafish to 14C-EE2, the relative amount of radioactivity in the liver was very 
high (7 to 13%; chapter 3.4.3; Table 3.14) compared to those reported by others, although 
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the fractions detected in other organs of the digestive system like the gall bladder and the 
gut were similar. For example, only 2% of all t-OP taken up by rainbow trout over ten days 
was detected in the liver, and the Cliver/CW value remained already constant after a couple 
of days (Ferreira-Leach and Hill, 2001). BPA contents in trout liver already reached steady 
state within 12 to 24 h of water exposure (Lindholst et al., 2001). Similarly, the liver EE2 
level was shown to remain constant from 16 h after introduction of male rainbow trout to a 
125 ng/L solution on to the last sampling point of a 19 days monitoring period (Skillman et 
al., 2006). In the current study with zebrafish, no significant differences were observed in 
the relative amount of radioactivity present in this organ over time after either dietary or 
water exposure (chapter 3.4.3, Table 3.14 & Table 3.15). When comparing both uptake 
routes, the liver fractions were similar as well, except for the 24 h value, which was higher 
when fish were introduced to EE2 containing medium (13 ± 5%), than when they were fed 
conjugates via a worm diet (4 ± 2%). According to the bioconcentration experiment, the 
average body burden after 24 h of exposure to 6.7 Bq 14C-EE2/mL in 800 mL was 8% of 
the initially spiked amount and thus 430 Bq (chapter 3.4.1, Fig. 3.34, A). At that time, 13% 
was detected in the liver, which corresponds to 56 Bq. About 50% of 1000 Bq, which was 
orally applied, was excreted by the fish within one day. Of the remaining 500 Bq, 4.4% or 
22 Bq were distributed to the liver. From these absolute amounts, it can be concluded that 
even though dietary exposed fish had been confronted with higher amounts of radioactivity 
at the beginning (1000 Bq), less was present in the liver after 24 h (22 Bq), than when fish 
had gradually taken up a lower quantity, i.e. up to 430 Bq, within 24 h (liver content of 56 
Bq). It is of course possible that the fraction in the liver had been higher at an earlier time 
point following ingestion, since it is likely that the EE2 conjugates had to pass the liver to 
end up in the bile, where most of the radioactivity was already located at the time point of 
concern (45%; chapter 3.4.3, Table 3.15). The maximal level of EE2 in the liver might have 
determined the extent of the effect on the VTG induction in the hepatocytes. It was namely 
previously shown that brief exposure to elevated levels of a xeno-estrogen resulted in a 
delayed response, which was developed several days later (Lindholst et al., 2001). This 
will be further discussed below when comparing VTG induction in male zebrafish after 
uptake of EE2 via water and the diet (chapter 4.4.5). Anyway, it is again demonstrated that 
it would be interesting to repeat the experiments including several sampling points in the 
first day after dietary exposure. Furthermore, it should be investigated which compounds, 
i.e. EE2, its glucuronide, or its sulphate ester, were available over time, because the 
conjugates are known to have almost no estrogen receptor binding affinity (Zhu and 
Conney, 1998). It was already mentioned before, however, that fish liver cells show both 
UDP-glucuronyltransferase and -glucuronidase activity, enzymes involved in conjugation 
and deconjugation processes, respectively (Clarke et al., 1991; Ferreira-Leach and Hill, 
2001). Hence, also after ingestion of worms containing EE2 glucuronic acid and sulphate 
ester, the biologically active parent compound might have been present in the liver 
(chapter 4.4.4). Not taking the composition of the radioactivity into consideration, it can be 
derived that the relative distribution of all compounds together to tissues of the 
hypothalamus-pituitary-gonad-liver axis after both application techniques only differed at 
the first sampling time. When adding up the percentages present in brain, gonads, and 
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liver after 24, 48, and 72 h, sums of 6.3, 10.6, and 10.3%, respectively, were obtained 
following consumption of a spiked diet, and of 14.7, 13.2, and 10.4% following medium 
exposure (chapter 3.4.3, Table 3.14 & Table 3.15). This means that it does not matter 
whether the fish gets a portion of EE2 products via the food or of EE2 itself via the water. If 
the amount left in the fish three days after ingestion is equal to the amount taken up via the 
aqueous phase in that time frame, a similar fraction will be present in estrogen receptor 
possessing tissues.  
Despite of possible transfer of EE2 from fish to human, accumulation of this estrogen in 
fish muscle has not received any attention to our knowledge. Both exposure scenarios led 
to the presence of radioactivity in the filet of zebrafish (chapter 3.4.3, Table 3.14 & Table 
3.15). Relatively high percentages were distributed to this tissue, i.e. between 5 and 6% on 
average after uptake via the water and between 7 and 8% after dietary application. Since 
concentration in the skin was not higher in fish introduced to spiked medium compared to 
in those that ingested EE2 products, it seems that adsorption to the fish exterior was not 
the route preceding transfer to the filet. As was stated above, accumulation in dermal 
tissue as well as in the muscles originated most likely from internal transport. Hence, it 
seems that the skin presented a route of excretion rather than a route of uptake. In both 
studies referred to above dealing with the distribution of reproductive toxicants following 
dietary exposure of fish, no examination of the skin was performed (Heiden et al., 2005; 
Bjerregaard et al., 2007). BPA applied via the food was however measured and detected 
in muscle of rainbow trout (Bjerregaard et al., 2007). Waterborne xeno-estrogens were 
always found in the skin and filet, if these tissues were analyzed for the compounds (Hertl 
and Nagel, 1993; Ferreira-Leach and Hill, 2001; Lindholst et al., 2001; 2003; Pedersen 
and Hill, 2002). The fractions of total radioactivity present in the skin and filet of rainbow 
trout following ten days of t-OP exposure amounted for example to 5 and 13% (Ferreira-
Leach and Hill, 2001), and are comparable to the ones detected in male zebrafish that 
were subjected to a 14C-EE2 solution for 24 h only (chapter 3.4.3, Table 3.14). Also the 
Cfilet/Cwater and Cskin/Cwater of both compounds were in the same range amounting to 60 and 
to 110 on ww (267 and 452 on dw) for concentration of 14C-EE2 in the filet and skin of 
male zebrafish after 72 h (chapter 3.4.3, Table 3.16), and with values between 50 and 100 
for t-OP in trout muscle and of 110 to 260 for trout skin over a ten day exposure period 
(Ferreira-Leach and Hill, 2001). Although accumulation in the filet did not lead to very high 
EE2 contents in this tissue, the results show that consumption of fish of EE2 contaminated 
water bodies might result in uptake of the compound by human. A modern pill for birth 
control contains between 20 and 35 µg EE2, which is the dose women daily take to 
prevent themselves from pregnancy. Considering an environmentally realistic surface 
water concentration of 1 ng EE2/L (chapter 1.2.1, Table 1.1), filet of fish swimming in such 
polluted river area would comprise 60 ng EE2-equivalent/kg, according to the BCF 
obtained for this tissue from a short-term high exposure test (1 µg EE2/L). Frequent 
consumption of such fish probably might be harmful for men, but as a woman it would be 
required to eat about 320 kg of filet at one day to reach the dose of one contraceptive pill. 
However, 52 µg/kg would be present in filet of fish from the stream of the US where the 
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highest water concentration was detected (831 ng EE2/L; Kolpin et al., 2002; chapter 
1.2.1, Table 1.1). In that case, it would be sufficient to have 400 g fish per day to arrive at 
an oral dose of EE2 of about 20 µg, and thus similar to the one available in commercial 
pills. It should be noted that it is unlikely that fish populations are present in water bodies 
with such high EE2 contents for long times due to reproductive impairment of individuals 
(chapter 1.3.1). It can be derived from our results however, that exposure for a brief period 
might be enough to result in distribution of the compound to the fish filet (chapter 3.4.3, 
Table 3.14 and Table 3.15). Since EE2 is only lethal to fish at very high levels (LC50 in the 
mg/L range; Caldwell et al., 2008) it should not endanger individuals to reside in the 
surrounding of a WWTP for a while. According to the uptake experiment, the body burden 
of animals exposed for 24 h to 1 µg EE2/L would amount to 288 µg/kg ww (= 7.5 Bq/mg 
dw; chapter 3.4.1, Fig. 3.35, A). In this time period, 6.4% was shown to be distributed to 
the filet, which means that 1 kg of fish flesh would contain 18 µg (chapter 3.4.3, Table 
3.14). Moreover, depending on the species, the fish might have consumed algae, 
invertebrates present in the water phase, or organisms dwelling in the sediment. Some of 
these might have largely concentrated the compound (chapter 4.1.1; 4.3.1) and those of 
the sediment might have been exposed to very high EE2 contents (chapter 4.3.2). The fish 
would eliminate 50% of the ingested amount within 24 h (chapter 3.4.2, Fig. 3.36), but from 
the remaining body burden, again 6.9% would be distributed to the edible part of the fish 
(chapter 3.4.3, Table 3.15). When the fish leaves the highly polluted area of e.g. a city 
harbour, and moves to more diluted water, e.g. to open sea, it might still contain large 
amounts of accumulated EE2 in the muscles. More research is required to determine 
redistribution of the compound in the fish after longer depuration periods in order to identify 
possible risks to fish consuming men, birds, or other tertiary consumers. The fact that the 
fraction in the fish filet remained constant between the second and third day after 
consumption of an EE2 spiked diet indicates that the xeno-estrogen possibly sticks in 
muscle tissue, as the total body burden did not decrease any further in that time frame 
(chapter 3.4.3, Table 3.15; chapter 3.4.2; Fig. 3.36).  
It can be summarized that EE2-derived radioactivity was rapidly submitted to the digestive 
system of male zebrafish independent of the exposure route. Since about half the amount 
was already present in the gut of fish within one day after their introduction into an EE2 
solution, stress-induced drinking was not excluded as a possible uptake route next to 
branchial respiration with subsequent efficient transport to the alimentary system. Dermal 
absorption on the other hand seemed to be negligible. The main differences in the 
distribution after both treatments were quicker transfer to the liver and more gradual 
storage in the bile in case of water exposure. Dietary applied conjugates were directly and 
efficiently allocated to the gall bladder. Biliary excretion was identified as the main route of 
depuration, a process that was described to be decelerated by enterohepatic recirculation. 
It was suggested that administering uncontaminated food hindered reabsorption of parent 
EE2 in the bloodstream. Anyway, quicker elimination of radioactivity was observed when 
the fish received an additional clean diet, which was also possibly a result of co-processing 
of EE2 and its conjugates due to higher digestive activity involving release of more bile into 
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the gut. Dermal excretion was proposed as a second possible clearance pathway since 
the relative amounts of the compound detected in the skin after ingestion of a spiked diet 
were periodically higher than when fish had been in contact with a contaminated solution. 
14C-EE2 (and possibly its products) was demonstrated to circulate in the bloodstream after 
assimilation and was detected in all analyzed tissues. This is the first study that proves 
that the compound can pass the blood-brain barrier, that quantified its partitioning to 
testes, and that showed its potential to accumulate in filet of fish. As for dietary exposure, 
this is the first distribution report concerning EE2 at all. In principle, EE2 was allocated to 
the different fish tissues in a similar way as formerly described for other organic xeno-
estrogens. However, the fractions, detected in the brain and the liver of zebrafish, were 
comparably high. From the point of view of EE2 supply to all organs of the hypothalamus-
pituitary-gonad-liver axis, it was shown that predation of contaminated invertebrates might 
have similar consequences as uptake via the water. Hence, both exposure routes should 
be taken into account in risk assess-ment of the compound. Nevertheless, according to the 
results of the present work, the fish body burden of EE2 is not expected to exceed the 
concentration in food due to efficient metabolism and excretion of the substance (chapter 
4.4.4; 4.4.2). This is in agreement with results of previous research concerning 
accumulation of other organic pollutants in fish. In earlier days, it was already 
demonstrated that biomagnification of compounds may only slightly occur when they have 
a high Log Kow (> 6.3; Leblanc, 1995).  
4.4.4 Metabolism 
After two days of water exposure, almost all radioactivity in the bile of zebrafish consisted 
of EE2 glucuronide, whereas only traces of the parent compound and its sulphate ester 
were detected (chapter 3.3.4, Fig. 3.33, A). Hence, glucuronidation was clearly the pre-
dominant detoxification and inactivation pathway for EE2 in this fish species, rather than 
other phase II biotransformation mechanisms such as sulphation or conjugation with 
glutathione. Various xenobiotics, especially phenolic substrates, were previously shown to 
be preferentially metabolized in fish by the reaction with glucuronic acid, which is catalyzed 
by UDP-glucuronyltransferase (Clarke et al., 1991). The liver is quantitatively the most 
important site for glucuronidation, but activity of the latter enzyme has also been detected 
in the kidney, gills, intestine and heart of several fish species (Clarke et al., 1991). It has 
been demonstrated that EE2 can be sulphated in the presence of a cytosolic sulpho-
transferase isolated from zebrafish, but other environmental estrogens like 4-n-OP were 
reported to be better substrates (Ohkimoto et al., 2003). Our results for EE2 transformation 
in zebrafish (mainly glucuronidation and little sulphation) are confirmed by a few studies 
with other fish species. After exposure of juvenile turbot to 3.5 and 75 ng EE2/L water for 
15 days, conjugated EE2 accounted for 100 and 90% of the availability of the substance in 
the gall bladder, respectively (Labadie and Budzinski, 2006). More than 99% of the total 
amount of EE2 present in bile of male rainbow trout consisted of EE2 glucuronide 48 h 
after being injected with the parent compound as well as ten days after being introduced to 
spiked medium (Schultz et al., 2001; Skillman et al. 2006). Furthermore, Gibson et al. 
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(2005b) showed that the estrogenic activity of bile samples of immature female rainbow 
trout, which had been exposed to effluent containing amongst others EE2, increased only 
after incubation with -glucuronidase. No further hydrolysis occurred after treatment of the 
samples with both -glucosidase and sulphatase (Gibson et al., 2005b). Only in the study 
of Schultz et al. (2001), 3% of the injected dose was recovered as glucuronide conjugate 
in the medium. Others detected just the parent compound in exposure water (Larsson et 
al., 1999; Skillman et al., 2006), which was also the case in the present study with zebra-
fish (chapter 3.4.3, Fig. 3.40, A).  
It was repeatedly suggested above that EE2 glucuronide was deconjugated after being 
secreted from the gall bladder in the intestine, after which EE2 was partly subjected to 
enterohepatic recirculation and eliminated as the parent compound only (chapter 4.4.2 and 
4.4.3). Regrettably, the composition of EE2 and its products available in other zebrafish 
compartments than the bile was not determined. For qualitative chemical analysis by 
means of HPLC with radiodetection (chapter 2.7.4), the amount of radioactivity present in 
most of the tissues except for the gut was too little (chapter 3.4.3, Table 3.14 and Table 
3.15), and hence, it would have been required to expose and sacrifice a lot of additional 
fish. Extraction of the gut would have been possible, but this compartment included both 
organs before and behind the gall bladder following the alimentary tract from the mouth to 
the anus. Therefore, HPLC analyses of gut homogenates would not have declared where 
EE2 conjugates were reconverted to the parent compound. Furthermore, no information 
would have been provided on which and how much of the substances were assimilated 
and/or subjected to excretion by fish, since faeces were not separated from the digestive 
tract. Moreover, lots of fish compartments present complex organic matrices, which implies 
that it could have been difficult to extract both hydrophilic products and the more lipophilic 
parent compound with sufficiently high recovery rates. In the end, it was not the aim of the 
present work to perform a profound examination of distribution of EE2 metabolites by 
localizing them in each organ, but just to obtain insight in possible transformation 
pathways and to compare between exposure of fish via the aqueous phase and via prey. 
Evaluation of the composition of EE2-derived radioactivity in bile satisfactory fulfilled this 
goal (chapter 3.4.4, Fig. 3.41). In one other study, the presence of conjugated and free 
EE2 in plasma of fish was investigated. Labadie and Budzinski (2006) showed that the 
fraction of waterborne EE2 circulating in plasma of turbot mainly concerned the parent 
compound. Conjugated EE2 was only measured in the bloodstream when fish were 
introduced to 75 ng EE2/L, but was not detectable following a 3.5 ng/L treatment (Labadie 
and Budzinski, 2006). The opposite was reported for another xeno-estrogen. Only 
glucuronized t-OP was found in the blood current of water exposed rainbow trout (Ferreira-
Leach and Hill, 2001). BPA on the other hand was again mainly present in trout plasma as 
the parent compound (58%), but both its glucuronide (42%) and traces of its sulphate ester 
were circulating with the blood as well (Lindholst et al., 2003). In the same study, also 
zebrafish were exposed to BPA via the water phase. It could be derived from the data that 
whole body homogenates contained 7.3% BPA, 92.4% BPA glucuronide and 0.3% 
sulphated BPA (Lindholst et al., 2003). Except for a larger fraction of glucuronized EE2 
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and a lower percentage of EE2 itself, the composition of parent compound and products in 
the bile of EE2-exposed zebrafish was similar (chapter 3.4.4, Fig. 3.41, A). Since it was 
assumed that EE2 conjugates were not distributed to all tissues, a larger relative amount 
of radioactivity would be expected to consist of EE2 in whole zebrafish extracts as well. 
The part of the compound that might accumulate in certain fish compartments is most 
probably the more hydrophobic parent molecule. This was shown for t-OP, a compound 
with the same lipophilicity as EE2 (Log Kow of 4.2). Although it was only circulating in the 
bloodstream and stored in the bile of rainbow trout in its glucuronized form, no metabolized 
t-OP was available in the brain, gills, muscle and skin (Ferreira-Leach and Hill, 2001).  
Exposure of fish via a diet of EE2-spiked prey was performed here for the very first time. 
The composition of compounds present in the gall bladder of zebrafish that were fed black-
worms was clearly different from that in animals which took up EE2 via the water (chapter 
3.4.4, Fig. 3.41, B vs. A). Both sulphated and glucuronized EE2 as well as a large fraction 
of the parent compound itself were detected in bile samples, although consumed worms 
contained conjugates only (chapter 3.4.2, Fig. 3.37). Since water exposed fish did not 
largely subject EE2 to sulphation, it is likely that the corresponding metabolite originated 
from the diet. This means that it was stored in the gall bladder soon after ingestion without 
being deconjugated in advance. It was repeatedly mentioned above that it is known that 
sulphated steroids are more recalcitrant to microbial cleavage than their glucuronized 
analogues (chapter 4.3.4; Gomes et al., 2009). The biliary fraction of parent compound, 
which was much larger in dietary compared to water exposed fish, is thus more likely to 
appear after deconjugation of EE2 glucuronide (chapter 3.4.4, Fig. 3.41). The presence of 
EE2 might thus have been a result of -glucuronidase activity from E. coli in the intestinal 
tract followed by enterohepatic recirculation, or of earlier hydrolytic action. Cleavage of the 
glucuronide of the natural estrogen in fish was previously indicated (chapter 4.3.4; Tilton et 
al., 2001). In case of its xenobiotic counterpart, the current study finally proves the general 
assumption that predators can reconvert EE2 products to the biologically active form. This 
is a very important finding for further food web research and risk assessment with regard 
to sensitive top predators. It was described several times that internalized EE2 glucuronide 
was definitely deconjugated and released as the parent compound, whereas no evidence 
could be delivered that the sulphate ester was not cleaved at all. However, from the 
chromatogram of the extract of water, in which fish were fed spiked chironomid larvae, it 
can be derived that sulphated EE2 was at least partly excreted as such (chapter 3.4.3; Fig. 
3.40, B & C). This was repeatedly suggested to be the reason for quicker excretion of 
radioactivity by dietary compared to water exposed zebrafish (chapter 4.4.2). Furthermore, 
the more hydrophilic sulphate ester of EE2 seemed not to be bioconcentrated by the fish 
or only to a low extent. For when zebrafish were fed spiked daphnids, they had a lot of this 
invertebrate product available in the medium, but incorporated fairly little amounts of 
radioactivity (chapter 3.4.3, Fig. 3.39 & Fig. 3.40, D & E).  
It remains to be clarified whether ingested EE2 is processed in another way than when it is 
waterborne. Furthermore, it is still unclear whether its glucuronide could be cleaved in the 
liver, as was suggested above (chapter 4.3.4). Thereto, it would be interesting to expose 
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zebrafish to EE2 sorbed to a non-living food source to mimic the uptake scenario, particle- 
or detritus-feeding fish might undergo. It is expected that also in that case, the main 
depuration mechanism would be glucuronidation and subsequent biliary excretion. The 
process of enterohepatic recirculation might however differ and depend for instance on the 
digestibility of the food source (chapter 4.3.4). This might then again have an influence on 
the elimination efficiency and circulation of the active compound. An example for this 
possibility can be extracted from the above mentioned study of Lindholst et al. (2003), 
where trout was exposed to BPA via the water, and the one of Bjerregaard et al. (2007), 
where the same fish species was administered parent BPA via the food. Whereas the 
plasma of fish that concentrated BPA from the medium during seven days contained more 
parent than glucuronized compound, the plasma concentrations of the product were up to 
ten times higher than those of BPA following twelve days of dietary uptake (Lindholst et al., 
2001; 2003; Bjerregaard et al., 2007). 
4.4.5 Effect of EE2 on the VTG induction in male Danio rerio 
after water and dietary exposure 
Some longer term experiments were performed to compare the impact of the exposure 
route on the interference of EE2 with the hormonal system of fish. As was extensively 
described in the introduction (chapter 1.3.1), the induction of VTG in male or juvenile fish 
due to binding of exogenous estrogenic compounds to the corresponding receptors in the 
liver is a well developed and widely used biomarker to detect feminization following 
endocrine disruption. NOECs and LOECs for VTG induction in zebrafish after exposure to 
EE2 via the water for one to several weeks were previously determined and were in the 
range of <0.7 - 1.0 and 1.7 - 5.0 ng/L, respectively (chapter 1.3.1, Table 1.4). Hence, the 
applied concentration of 20 ng EE2/L for the water treatment was rather elevated. This 
high EE2 level was selected in order to assure that effects caused by this treatment would 
be clearly detectable. The second and more important reason was that the same amount 
of the compound was to be administered to zebrafish via the diet, where little effects were 
expected because the spiked invertebrates used were known to contain only conjugates 
(chapter 3.2.4, Fig. 3.24; chapter 3.3.4, Fig. 3.33, A). This assumption was based on the 
above mentioned knowledge that sulphated and glucuronized estrogens are rather inactive 
at the estrogen receptor (Zhu and Conney, 1998; Ferreira-Leach and Hill, 2001). However, 
zebrafish that ingested living chironomids, containing such EE2 products, showed highly 
elevated plasma VTG concentrations compared to control organisms. Moreover, they were 
affected to the same extent as those fish that took up EE2 from the medium (chapter 3.4.5, 
Fig. 3.42, WE vs. CE). The plasma protein content of both fish groups consisted for about 
50% of VTG, which means that the estrogen receptors in the hepatocytes were probably 
EE2 saturated, as will be further discussed below. In that case, further synthesis and 
circulation of more VTG was impossible, which implies that differences in the degree of 
impact probably occurring at lower EE2 levels were not distinguishable in the current test. 
Hence in retrospect, the selected water content was regrettably too high, and should have 
been below the level causing saturation. Since this is the first study that deals with the 
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effects to fish due to feeding on EE2 exposed prey, and thus with the consequences for a 
predator consuming EE2 conjugates, no information to rely on for estimation of a relevant 
dose had been available prior to the test. The levels of EE2 products in organisms that 
could serve as a food source for fish in a polluted environment were for example not 
quantified or estimated till now. It is therefore still to be clarified whether the apparent 
result that both exposure strategies led to a similar extent of effect is really true. The latter 
is namely also possible since it was shown that at least one of the invertebrate conjugates 
might have been subjected to (enzymatic) hydrolysis during its presence in the fish body 
causing internal circulation of the parent compound (chapter 4.4.4). Furthermore, it is 
known that EE2 conjugates may be transported by plasma proteins, including albumin and 
sex hormone binding globulins, and arrive at estrogen target tissues that may contain not 
only UDP-glucuronyltransferase (and/or sulphotransferase), but also -glucuronidase 
(and/or sulphatase) (Zhu and Conney, 1998; Ferreira-Leach and Hill, 2001; Labadie and 
Budzinski, 2006; Miguel-Queralt and Hammond, 2008).  
In contrast to the treatments with spiked medium and chironomid larvae, no difference was 
observed between the plasma VTG content of control fish and those that daily ingested 
exposed daphnids for fourteen days (chapter 3.4.5, Fig. 3.42). Based on the latter result, a 
previous report of Baldwin and Leblanc (1994), and detection of lower residues of 
radioactivity in zebrafish shortly after application of spiked daphnids compared to after 
consumption of spiked chironomids (chapter 3.4.3, Fig. 3.39, DE vs. CE), it was assumed 
that daphnids mainly subjected EE2 to conjugation with glucose (chapter 4.2.4). This 
would then imply that EE2 glucoside would not be hydrolyzed, i.e. activated, in zebrafish, 
and would not undergo enterohepatic recirculation as was described for EE2 glucuronide 
(chapter 4.4.4). The fact that the daily dose of EE2 products incorporated via chironomid 
larvae (16 ng EE2-equivalent/two days) and via daphnids (8 ng EE2-equivalent/day) was 
equal, whereas the first of the treatments resulted to similar VTG production in fish as 
exposure to EE2 via water, and the other one exerted no effect at all, is a rather hard proof 
for the assumption that no EE2 circulated in zebrafish following exposure via daphnids. 
This makes it again quite certain that the latter invertebrate did not convert EE2 into its 
glucuronide. That conjugate was namely the main metabolite in chironomids fed to 
zebrafish, which consequently excreted mainly the parent compound and were clearly 
affected (chapter 3.4.3, Fig. 3.40, B & C; chapter 3.4.5, Fig. 3.42). Even more obvious 
evidence is provided by the observed presence of unconjugated EE2 in the bile of fish that 
consumed glucuronide-containing blackworms (chapter 3.4.2, Fig. 3.37; chapter 3.4.4, Fig. 
3.41, B; chapter 4.4.4). Next to EE2 glucoside, the sulphate ester was already mentioned 
to be excreted by zebrafish as such (chapter 4.4.4). This was based on the detection of 
this product in the medium of zebrafish, which had eaten spiked chironomids (chapter 
3.4.3, Fig. 3.40, C). The current test confirms this, as EE2 exposed daphnids contained 
traces of sulphated EE2 (chapter 3.4.3, Fig. 3.40, D), and ingestion of this prey caused no 
effect (chapter 3.4.5, Fig. 3.42). It should be noted that a little fraction of the radioactivity in 
daphnids also consisted of the parent compound. Therefore, at least low amounts of VTG 
could be expected to appear in the plasma of fish of the daphnid treatment. There are two 
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possible explanations for the fact that those zebrafish seemed not to be affected by the 
EE2 dose present in daphnids. Firstly, the fish did produce only little amounts of the 
protein resulting in a VTG level that was under the detection limit of the applied ELISA 
method (chapter 2.6.5). This would imply that the recirculated dose of EE2 originating from 
hydrolyzed EE2 glucuronide in fish of the chironomid treatment was much higher than the 
EE2 fraction present in spiked daphnids. Secondly, EE2 might have been strongly sorbed 
to indigestible parts of the daphnid matrix such as the carapace (chapter 4.2.4). It is not 
believed that this could also be the case for the EE2 glucoside, because of its larger 
hydrophilicity. Further testing is necessary to verify these options. From the results of the 
present study, it can however be concluded that fish consuming prey that subjects EE2 to 
glucuronidation, will reconvert that product into the parent compound and are therefore 
confronted with its estrogenic activity. The possible difference in the degree of effect 
exerted after uptake of a similar dose of EE2 via the water or its glucuronide via the diet 
will thus only depend on the fraction of parent compound that reaches the liver, and thus, 
on (de/re)activation by enzymatic activity, as well as excretion and recirculation processes 
in the fish species of concern. 
All affected fish had a plasma VTG concentration of about 0.5 µg/µg protein (chapter 3.4.3, 
Fig. 3.40, B & C). Exposure of male zebrafish to EE2 via the water was also previously 
reported to result in blood VTG levels around 50% relative to the total protein content 
(Versonnen et al., 2003; Maes, 2004; Versonnen and Janssen, 2004). In an experiment of 
the same duration as in the current study (14 days), male D. rerio was introduced to spiked 
water at EE2 concentrations of 5, 10, 50, or 100 ng/L. Afterwards, 40% of the blood protein 
content in the fish consisted of VTG in the three highest treatments (Versonnen et al., 
2003). Hence, saturation must be initiated from a concentration between 5 and 10 ng 
EE2/L. The same conclusion can be drawn from a report of a three week experiment, in 
which adult males were exposed to 5, 10, and 25 ng EE2/L (Van den Belt et al., 2001). 
Similarly, Rose et al. (2002) found no difference in the VTG content in whole body 
homogenates of male zebrafish exposed to 26 and 90 ng EE2/L for eight days. The 
measured VTG level in those fish was however significantly higher than in others that had 
been subjected to water containing 17 ng EE2/L (Rose et al., 2002). These studies show 
that the concentration of 20 ng EE2/L, applied in the present effect test, was likely to 
induce saturation of estrogen receptor activation. This phenomenon was described for the 
first time by Schultz et al. (2001), who observed a less than proportional increase in VTG 
formation after injection of different EE2 doses in male rainbow trout. Exposure via food 
spiked with parent EE2 has also been performed in the past to evaluate effects on sexual 
development and reproductive capacity of several fish. Unfortunately, no such studies are 
available in which zebrafish was introduced as a test organism (chapter 1.2.3). Angus et 
al. (2005) fed male western mosquitofish with EE2-spiked powder for several months. The 
blood VTG content was significantly higher in exposed compared to control fish when the 
food contained more than 1.0 µg EE2/g food (= LOEC; NOEC: 0.1 µg/g; Angus et al., 
2005). Given the fact that the authors fed ten fish twice a day with 0.008 g food, it can be 
calculated that the highest dose applied, i.e. 10 µg/g food, corresponded to ingestion of 16 
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ng EE2 per day and fish, which is a similar amount as the one of EE2 conjugates present 
in the chironomid diet administered to zebrafish in the present study (per day 8 ng EE2-
equivalent = 0.027 nmol EE2 = 0.027 nmol EE2 glucuronide = 13 ng EE2 glucuronide; 
chapter 2.6.5). Whereas the VTG content in zebrafish was believed to be maximal after 
ingestion of that dose, as was explained above, a dose dependent increase in the VTG 
induction in mosquitofish was measured (Angus et al., 2005). Saturation was thus not 
observed since the VTG level still differed between fish exposed to the second highest and 
highest food concentration of 5 and 10 µg EE2/g (8 and 16 ng EE2/day/fish), respectively. 
Similarly, ten male Japanese medaka were given 0.06 g of a diet containing 0.02 and 20 
µg EE2/g food (0.12 to 120 ng EE2 per fish) each day for one week (Chikae et al., 2004). 
Plasma VTG contents were again more elevated with consumption of higher levels of EE2 
via the food, yet at doses up to 120 ng EE2 per fish per day (Chikae et al., 2004). Hence, 
this highest amount was more than ten times the one applied in the current experiment, 
but still saturation of EE2 activity at the estrogen receptor was not reached.  According to 
our findings, it can be supposed that similar treatment of zebrafish, as was performed with 
medaka by Chikae et al. (2004), would have resulted in maximal VTG production even 
though their test lasted only half as long as our test. It is reasonable to assume that 
administering the parent compound sorbed to an organic food source is more effective 
than dietary uptake of its glucuronide with regard to the considerations expressed above. 
Due to possible differences in the sensitivity of various fish species and in the digestibility 
of diverse food matrices, comparison of elevated and saturated VTG levels in zebrafish 
with those of other fish is most probably not reliable. It has been demonstrated for example 
that medaka and zebrafish respond to E2 treatment in another way with respect to VTG 
mRNA induction (Tong et al., 2004). Pickford et al. (2003) compared VTG production in 
male fathead minnows after dietary and water exposure to 4-NP. They found out that the 
compound had a higher estrogenic potential when it was taken up via the aqueous phase 
than when it was ingested. The authors could not give a reason for this result, and it was 
stated that the involved processes of distribution and metabolism should be investigated in 
order to give an explanation (Pickford et al., 2003). Data presented above for EE2 show 
that biotransformation and elimination play indeed an important role in the effectiveness of 
an exposure route, or at least in the availability of parent compound (chapter 4.4.3; 4.4.4). 
Since 4-NP was also shown to be conjugated with glucuronic acid in different fish (Arukwe 
et al., 2000; Ferreira-Leach and Hill, 2001), it is likely processed in a similar way as EE2. 
However, another study reports opposite results. Oral administration of a given dose of 
butylparaben, a phenolic substance as well, was shown to result in a vitellogenic response 
in juvenile rainbow trout, whereas uptake of the same amount of compound via the water 
did not (Alslev et al., 2005). A reason for the dietary route to be more efficacious could be 
that xeno-estrogens entering the liver via the hepatic portal vein are not preliminary diluted 
in the blood circulation which occurs after branchial uptake. This is a possibility, but on the 
other hand internalization via the gills in case of water exposure and subsequent delivery 
to all organs might occur before the compound is metabolized in the liver (chapter 1.2.3). 
Furthermore, transport with the bloodstream to other targets of the hypothalamus-pituitary-
gonad-liver axis might cause additional disturbances and influence feedback mechanisms 
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of the hormonal regulation system. Altogether, it is necessary to investigate the distribution 
of the parent compound and its reconvertible conjugates over time to find a conclusive 
explanation. This was performed for the first time with EE2 in the present work, but it 
would be interesting to extend the experiment with some early sampling points, and to 
conduct qualitative chemical analyses of more fish compartments than the gall bladder 
alone (chapter 4.4.3). Finally, distribution data on uptake of parent EE2 via non-living food 
are still missing.  
EC10 and EC50 values of 0.9 and 2.5 ng EE2/L, respectively, were previously determined 
for the induction of VTG in male zebrafish after water exposure for eight days (Rose et al., 
2002). Considering the BCF of 959 L/kg ww (chapter 4.4.1), the corresponding median 
critical body burden (CBB = BCF * EC50) amounts to 2.4 µg EE2-equivalent/kg zebrafish 
ww (= 8 nmol/kg ww). Taking the average fish wet weight of 254 mg into account (chapter 
3.4.1), a CBB of 0.6 ng EE2-equivalent or 2 pmol EE2 per individual can be derived. 
Imagine that such fish feeds on an invertebrate, which bioconcentrates and metabolizes 
EE2 like C. riparius larvae were shown to do (chapter 4.3.1; 4.3.4). This means that the 
molar content of mainly EE2 glucuronide (chapter 3.4.3, Fig. 3.40, B) in this prey organism 
exceeds the water concentration 582 times (BCF; chapter 3.3.1; chapter 4.3.1). Fish 
typically have a feeding rate of about 4% of their body weight per day (Lai et al., 2002b). 
The EE2 concentration in the fish by uptake via the invertebrate can be calculated by 
multiplying the concentration in the prey with the feeding rate divided by the elimination 
rate (Cfish = Cprey* 4%*day-1/k2). The elimination rate after feeding amounted to 0.023 h-1 or 
0.552 d-1 (chapter 3.4.2, Fig. 3.36). To obtain the median CBB of 8 nmol/kg fish ww, the 
burden in the prey would have to amount to 110 nmol/kg prey ww (= 8 nmol/kg fish 
ww/0.04 day*0.552 day-1). According to its BCF of 582 L/kg prey ww (= Cprey/Cwater), the 
invertebrate would contain this internal concentration when it had been exposed to a water 
concentration of 0.19 nmol EE2/L or 56 ng EE2/L (= 110 nmol/kg prey/582 L*kg prey-1*296 
ng/nmol). EE2 levels of this magnitude have previously been detected in environmental 
water bodies (chapter 1.2.1, Table 1.1). This means that even if fish at open sea would 
only take up the compound via contaminated prey drifting by from a heavily polluted 
coastal lagoon, the critical body burden might be reached and the fish population halved. 
This would of course only be the case if ingestion of EE2 glucuronide has the same 
degree of impact as intake of the parent compound from the water. In other words, if 
reconversion of the consumed conjugate into active EE2 results in similar EE2 transport to 
target organs as circulation of waterborne EE2 before it is metabolized and finally 
excreted. As was already mentioned above, biomagnification of EE2 does not seem to 
occur since the concentration in the prey is estimated to be dietary diluted in the predator. 
Consequently, fish obtain the median CBB at a water concentration of 2.5 ng EE2/L 
(EC50), whereas food for consumption had to be exposed to 56 ng EE2/L in order to result 
in the same fish body burden. Nevertheless, the difference is only a factor of 20, which 
means that dietary uptake should not be neglected, and should be included in the risk 
assessment of the compound. The present work clearly shows the importance of bio-
accumulation of EE2 in aquatic systems and the necessity to deal with this topic in further 
DISCUSSION 
219 
 
research. Contrary to other compounds that exhibit estrogenicity, the use of this steroid is 
unlikely to decrease since it cannot easily be replaced by a harmless alternative or be 
banned from the market. Hence, its continuous entering and accumulation in the 
environment will depend on the efficiency of WWTPs to prevent its release. 
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5 Conclusion 
The present study delivers several new insights concerning the bioavailability, 
bioconcentration, bioaccumulation, food chain transport, biotransformation, elimination, 
and distribution processes of 17-ethinylestradiol (EE2) in organisms of different trophic 
levels of the aquatic environment.  
It was shown for the first time that algae can act as scavengers or sinks for estrogens, 
since they highly incorporated radioactivity following 14C-EE2 exposure. Up to 68% of the 
test compound was removed from the medium by D. subspicatus within a rather short time 
period (72 h Calgae/Cwater: 2200 L/kg ww). A two-stage release pattern was observed, when 
the algae were transported to clear medium, with an initially quick elimination phase 
following slower clearance afterwards. Interestingly, D. subspicatus brominated EE2 when 
bromide was available in the medium, a transformation process generally known to be 
conducted by salt and not often by fresh water algae. Before, bromination of our test 
compound was only demonstrated to occur abiotically. The consequence of the presence 
of more hydrophobic mono- and dibrominated EE2 in the environment remains to be 
further investigated, as these products were shown to have a lower estrogenic potency, 
but are expected to have a higher bioaccumulation potential and to be more toxic than the 
mother compound. It was tested and discussed that algal biotransformation as well as 
bioconcentration and elimination largely depend on light availability, cell density, and 
consequent growth, in other words conditions that influence photosynthesis and respiration 
processes. Under continuous light exposure, EE2 and its metabolites appeared to be 
stored in the cells until the population reached high densities resulting in excretion of the 
compounds. Under conditions of darkness, i.e. during respiration, EE2 biobromination was 
positively correlated to the algal number and the products were quickly released into the 
water phase. Due to control of the growth of the algal population in case a predator was 
present, uptake of EE2 continued over time, resulting in even higher concentration of the 
compound in the cells (48 h Calgae/Cwater of 2300 L/kg ww). 
The current study presents the first investigation of EE2 incorporation by filter feeding 
daphnids. It was shown that D. magna concentrated only a little fraction of water spiked 
compound due to efficient biotransformation and elimination (bioconcentration factor, BCF: 
50 L/kg ww). Two less lipophilic metabolites were detected. One product was shown to be 
the sulphate ester of EE2 and the other one was strongly assumed to be EE2 glucoside. 
Their hydrophilicity was most likely the explanation for the observed facilitated excretion. 
Furthermore, it was shown that radioactivity associated with daphnids was additionally 
removed during moulting and the contemporaneous release of neonates. Maternal transfer 
was rather less responsible for clearance of EE2 from the adults. These results show that 
ecdysis should be taken into account in bioconcentration studies, which is not performed in 
environmental risk assessment. In different bioaccumulation and biomagnification studies, 
it was shown that the presence of food and subsequent dietary exposure had a great 
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influence on the uptake of 14C-EE2 and its algal products by daphnids over time. The 
internal concentration in D. magna never exceeded the content in its prey, D. subspicatus. 
The fact that daphnids adapt their filtration rate to the food availability, however, resulted in 
assimilation of more radioactivity at lower algae densities. In other words, in case of a low 
cell number, the ingestion rate is higher compared to at higher algae density, leading to 
uptake of similar amounts of algae but at a better processing efficiency. Next to the higher 
gut passage time, the digestion resistance of the algae might have been lower at low cell 
density due to satisfactory nutrient availability. Therefore, it was summarized that food 
chain transfer will not only depend on the properties of the substances, but also on the 
grazing behaviour of the predator, and the defence mechanisms and quality of the prey. 
The higher uptake of EE2 and its products in the presence of algae was confirmed by the 
fact that the bioaccumulation factors (BAFs) were higher than the BCF. Nevertheless, in all 
performed studies with D. magna, only a little fraction of the compounds retained in the 
organisms. This consequently implies low availability of EE2 in daphnids for possible 
transfer to predators.  
The sediment dweller and deposit feeder C. riparius was shown to quickly incorporate 
and eliminate the test compound. The results allowed to calculate a BCF of 580 L/kg ww, 
which is the first value reported for bioconcentration of EE2 in benthic invertebrates from 
water only. The addition of sediment, algae, or an organic non-living food source largely 
lowered the bioavailability of EE2 to the organisms. The tendency of the compound to 
move to the solid phase was clearly demonstrated by its quick partitioning to suspended 
material and the sediment after water spiking. Most of the added amount was found in the 
top layer of the sediment. Furthermore, it was shown that EE2 preferentially and strongly 
binds to the organic phase of this compartment. These findings were confirmed by 
sediment spiking tests, where uptake by the midge larvae and distribution to the overlying 
and pore water were low. It was shown, however, that the nutritional value of the organic 
fraction in the sediment influenced the degree of uptake. In this way, it was demonstrated 
that dietary intake of EE2 by chironomids should not be neglected. When only peat was 
available in the sediment, the biota sediment accumulation factor (BSAF) amounted to 0.7 
on wet weight, but when part of the peat was replaced by a valuable food source, a value 
twice as high (1.4) was obtained. These values are much lower than the BCF, but due to 
the high affinity of EE2 for organic material (experimentally derived Log KOC of 3.6), the 
presence of high amounts of the compound in sediments might add to the body burden to 
an equal extent as lower water contents. Hence, concentration from the water phase is 
assumed to be the major uptake pathway for chironomids under circumstances of low food 
availability, whereas dietary uptake might be more important when nutritionally valuable 
organic material is present in or deposited on the sediment. It was thus proven and 
discussed that food selection drastically influences EE2 uptake, assimilation, and 
elimination by chironomids. Just as in daphnids, two more hydrophilic products of EE2 
were detected in C. riparius extracts for the first time. They were identified as the sulphate 
ester and glucuronide conjugate of the test substance. Because of the known reversibility 
of conjugation processes, especially in case of glucuronides, and since both BCF and 
CONCLUSION 
223 
 
BAFs for EE2 in chironomids were relatively high, the larvae of these organisms are 
expected to present an additional source of EE2 exposure, and thus of secondary 
poisoning, to vertebrate predators. 
Accumulation, distribution, metabolism, and elimination of EE2 by secondary consumers 
were not extensively studied in the past, despite of the loads of proof for the high 
estrogenic activity of EE2 in fish and other vertebrates. These processes were investigated 
in the present study with male zebrafish, D. rerio, to fill these gaps in the knowledge. A 
BCF of 960 L/kg ww was calculated for this species, which is a higher value than 
previously reported or estimated in former fish studies. It was shown that EE2 was 
considerably slower eliminated when fish had been exposed via the water (t1/2: 53 h) than 
after dietary ingestion of living prey containing hydrophilic EE2 metabolites (t1/2: 30 h). 
Administration of uncontaminated food during exposure via both routes resulted in even 
more efficient excretion. These results could be explained by the metabolism of the fish 
itself, i.e. transformation of EE2 by conjugation with glucuronic acid only, subsequent 
enterohepatic recirculation, and differences in the initial distribution of EE2 and its products 
following both exposure routes. It was discussed that the exogenous sulphatide conjugate 
present in the prey (daphnids, chironomids, and blackworms) of dietary exposed fish was 
likely to stay intact while passing the digestive tract of the organisms. Furthermore, it was 
shown for the first time that EE2 glucuronide can be reconverted to EE2 in predators, 
which is a very important finding with regard to possible biomagnification of EE2 in the 
aquatic environment. EE2 glucoside formed in daphnids, on the other hand, was assumed 
not to be deconjugated in zebrafish. These results were confirmed by an effect study, in 
which vitellogenin (VTG) was measured in blood plasma of fish exposed via water, 
daphnids, or chironomids. Whereas uptake via the medium or via pre-exposed chironomid 
larvae resulted in the same degree of enhanced VTG production, uptake of contaminated 
daphnids kept VTG levels similar to those in control animals. The distribution study 
showed that EE2-derived radioactivity was rapidly distributed to the digestive system of 
male zebrafish, independently of the exposure route. In case of water exposure, branchial 
respiration as well as possible stress-induced drinking, were discussed to efficiently 
transport EE2 to the alimentary system. Biliary excretion was identified as the main route 
of depuration despite of deceleration by enterohepatic recirculation. The presence of 
radioactivity in the skin of dietary exposed organisms revealed that dermal excretion also 
played a role in the detoxification process. The main differences in the distribution pattern 
of radioactivity after both treatments were quicker transfer to the liver and more gradual 
storage in the bile in case of water exposure to EE2 compared to after dietary ingestion of 
metabolites. EE2 (and/or its products) was demonstrated to circulate in the blood current 
and was detected in all analyzed tissues, including the brain and filet. This is the first study 
that proves that this xeno-estrogen can pass the blood-brain barrier of fish, and that shows 
its potential to accumulate in fish meat. The first finding is important with regard to its 
disturbing effect in the hypothalamus-pituitary-gonad-liver axis. The second one is 
important with regard to human fish consumption. Finally, it could be concluded from the 
comparison of both exposure pathways that although biomagnification does not occur, 
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dietary exposure of fish is an effective uptake route and should not be neglected in EE2 
risk assessment. 
If the efficiency of WWTPs to prevent natural and synthetic estrogens from entering the 
environment remains unchanged, the quantity of these substances that is released to 
water bodies is unlikely to decrease, due to their origin and use, respectively. Thereby, the 
persistence of EE2 is extremely high. The results of the present study show its potential for 
food chain transfer starting at the basis of the web. Therefore, it is important to improve 
and extend monitoring programs including organisms of different trophic levels, sediments, 
and suspended material. Hence, sewage treatment plants should be improved to keep this 
substance from release in the environment. The result that algae highly take up the 
compound might thereby present a cheap and efficient alternative for water treatment in 
poor countries, which should be subject of further research. 
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